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Abstract
Secondary salinisation has affected large areas of inland southwestern Australia, and in
particular, low lying aquatic areas; causing the loss of freshwater submerged
macrophyte communities and their replacement by salt-tolerant species. At high
salinities, the salt-tolerant macrophyte-dominated ecological regime may be replaced by
a regime dominated by benthic microbial communities, further reducing the structural
and functional diversity of salinised wetland ecosystems. There is little prospect of
restoring salinised systems to a freshwater state, meaning that saline macrophytedominated wetlands have a heightened structural and functional importance in this
landscape. Prior to this study, little was known about the drivers for change from one
ecological regime to another in salinising wetlands or about rates of ecosystem response
to these drivers.
This study used experimental and observational data from seven saline wetlands in
order to identify some of the potential mechanisms for the transition between the salttolerant submerged macrophyte-dominated regime and the benthic microbial
community-dominated regime. The applicability of existing conceptual models for
ecological regime shifts was then tested against these data. Some of the mechanisms
responsible for the formation and maintenance of the macrophyte-dominated regime
were explored by examining the effects of salinity on germination and flowering in a
series of salt-tolerant submerged macrophytes. The initiation and dominance of benthic
microbial communities over a range of salinity and wetting regimes was also examined.
The results suggested that macrophyte communities are unlikely to develop in
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seasonally-drying wetlands at high salinities (>45 ppt), but will usually germinate and
establish well at lower salinities. It was also predicted that although benthic microbial
communities can survive and grow across a wide range of salinities, they are likely to
be outcompeted at low salinities by macrophytes or by phytoplankton blooms if water
column nutrient levels are high. However, water permanence may facilitate benthic
microbial community dominance.
Existing conceptual models of ecological regime transitions, such as the alternative
regimes model, did not account for the effect of water regime on the dynamics of
seasonally-drying systems. Therefore, a new conceptual model incorporating the
interaction between hydrology and salinity in seasonally-drying wetlands was proposed.
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One
General introduction
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Understanding the reasons why particular assemblages of species occur and how this
varies between locations and ecosystem types has long been a focus of community
ecology. Research into these questions has resulted in the development of a rich body of
ecological theory, ranging from the concept of succession, first developed early in the
20th century (Clements 1916; Gleason 1927; Tansley 1935), through models of
alternative ecological equilibria (Sutherland 1974; May 1977; Scheffer 1990), to the
recent focus on the development of assembly rules (Temperton et al. 2004; Young et al.
2005). Over the last few decades, a greater focus on the conservation and restoration of
ecosystems has seen the search for widely applicable, yet ecosystem-specific models
taken up by restoration ecologists (Hobbs and Norton 1996; Temperton et al. 2004;
Young et al. 2005). The focus of this search has been to better understand and predict
community responses to degradation and perturbation in order to improve the outcome
of management interventions. There is no longer a widespread belief that simply
removing a threatening process will always allow an ecosystem to recover, but an
acknowledgment that multiple degradation and restoration trajectories are likely to exist
for communities undergoing change (Suding et al. 2004).
Throughout Australia, but especially in the southwest, secondary (anthropogenic)
salinisation is one of the most serious and potentially irreversible threats to wetland
biodiversity and function. Although historically many wetlands in this region would
have contained fresh water, they are now mostly saline and many are becoming
hypersaline (Table 1.1, Sanders 1991; Halse et al. 2003; Hatton et al. 2003).
The changes in physico-chemical conditions occurring with progressive salinisation
cause a dramatic loss of ecosystem structure and function, as the dominant primary
producers, freshwater submerged macrophytes, are replaced first by a lower diversity of
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salt-tolerant species (Ruppia spp., Lepilaena spp. and Lamprothamnium spp.), and
eventually by the even more salt-tolerant benthic microbial communities. This shift to
microbial dominance means that the habitat and functions previously provided by the
macrophyte community (e.g. provision of refuges, provision of food sources, reduced
sediment resuspension, Jeppesen et al. 1998b) are no longer available to invertebrate
and vertebrate wetland fauna. Habitat simplification together with the physiological
stress of increased salinity, results in a much less diverse fauna under the benthic
microbial community regime (Davis et al. 2003; Strehlow et al. 2005). In this
landscape, where significant freshening is unlikely to occur (except on geological
timescales), the salt-tolerant submerged macrophyte community plays an important
ecological role and is consequently considered to be a priority for conservation (Davis
2004).
Many of the effects of salinisation are highly visible, such as the widespread death of
terrestrial vegetation, particularly trees and woody shrubs (Figure 1.1), and the
development of salt scars on salinised land. This has led to a general perception that
once the freshwater biota is lost, wetlands affected by salinisation are irretrievably
degraded, and so there has been little focus on the remaining ecosystem services that are
provided by the ‘new’ saline wetlands (Davis 2004). The belief that these systems are
‘dead’ has also made them the recipients of further degradation, such as high nutrient,
high salinity (and often low pH) drainage inflows, as farmers attempt to move saline
water off their lands (Davis 2004). To date, ecosystem dynamics have not been studied
in salinising wetlands and little is known about the processes underlying the formation
and loss of the macrophyte or benthic microbial community communities that occur
there, making it difficult to plan effective management or restoration actions.

3

Figure 1.1: Fringing vegetation affected by salinisation at Lake Mears in the
southwestern Australian agricultural zone.

Table 1.1: Definitions of salinity levels for southwestern Australian inland saline
wetlands. The salinity of seawater is about 35 ppt. Upper and lower salinities are
likely to be found at the extremes of high and low water level
Term

Lower salinity (ppt)

Upper salinity (ppt)

Fresh

0

3A

Hyposaline

3

10B

Saline

5

50C

Hypersaline

45D

360E

A

3 ppt widely recognised as the upper limit for fresh and the lower limit for saline waters (e.g. Nielsen et al. 2003b;
Timms 2005).
B
Hammer (1986) defined ‘hyposaline’ as ranging from 3–20 ppt, however 3–10 ppt has been used here as 10 ppt is a
recognised threshold for effects of salinity on aquatic biota in Australia (Brock and Lane 1983; Nielsen et al. 2003b).
C

50 ppt taken from Hammer (1986) and corresponding well with values observed in the field in southwest Western
Australia (Chapter Two, Chapter Six).
D

45 ppt based on the upper threshold for submerged macrophyte establishment (Chapter Four).

E

NaCl saturation (Williams 1966). Reported as 270 ppt in Segal et al. (2005).
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Historical and geographic context
Before clearing for agriculture began in the late 19th century, the area now known as
the ‘wheatbelt’ of southwest Western Australia was covered in large tracts of mallee
vegetation, and was instead referred to as the ‘malleebelt’ (Beresford et al. 2001). The
landscape was interspersed with freshwater wetlands and rivers that became brackish on
drying or when the water levels were very low (Kay et al. 2001; Halse et al. 2003). The
soils contained large quantities of stored salts, deposited gradually over thousands of
years by prevailing winds from the Indian Ocean, and stored in the soil profile below
the roots of most plants (Beresford et al. 2001; Hatton et al. 2003). Any salinity
increases in terrestrial and aquatic environments took place slowly enough for the biota
to adapt (Beresford et al. 2001). Some saline wetlands and rivers occurred naturally in
southwest Western Australia, but these comprised less than 1% of the region by area
(Beresford et al. 2001; Halse et al. 2003; Hatton et al. 2003).
Throughout this southwest agricultural zone (Figure 1.2), annual rainfall, ranging from
300–600 mm/year, is exceeded by annual evaporation (Halse et al. 2003; Hatton et al.
2003). As a result, most of the wetlands of this region contain water only seasonally;
filling with autumn or winter rains and drying down over summer and autumn each year
(Lane and McComb 1988; Halse et al. 2003; Hatton et al. 2003). Some of the larger
wetlands hold water for several years before drying, particularly when filled by
unusually large rain events (Lane and McComb 1988).
Over the past 100 years, wetlands in the wheatbelt have changed dramatically, as a
result of secondary salinisation (Davis et al. 2003; Halse et al. 2003). Secondary
salinisation is caused when anthropogenic changes alter the salt and water balance of
the landscape, which can occur through land clearing (dryland salinisation), excess
5

recharge of groundwater tables through irrigation (irrigation salinity), or water
abstraction or drainage (Williams 1987, 2001). In the southwest corner of the country,
the dominant process is dryland salinisation, caused by the removal of deep-rooted
perennial vegetation, which leads to reduced evapoconcentration and increased recharge
to groundwater, causing groundwater tables to rise and bring stored salt to the surface
(Cramer and Hobbs 2002; Hatton et al. 2003). The salinisation of lands in the southwest
has led to increases in the salinities of standing and flowing waters across the region
(Figure 1.2). Many wetlands and rivers that were naturally fresh are now saline or
hypersaline (Halse et al. 2003).

Ecological effects of salinisation
The physiological challenges posed by increased salinity in aquatic systems rapidly
affect less tolerant flora and fauna (Hart et al. 1990; Bailey et al. 2002; James et al.
2003; Nielsen et al. 2003b). Even small increases in salinity can cause a loss of
biodiversity, especially through the inhibition of the vulnerable stages of reproduction
and recruitment (Bailey et al. 2002; Nielsen et al. 2003a). Much of southwest Western
Australia’s present day freshwater fauna is believed to be moderately salt-tolerant,
probably due to a long history of naturally saline conditions, with seasonal drying
resulting in the concentration of salts over summer and autumn (Kay et al. 2001; Halse
et al. 2003). However, the magnitude of salinity increase in the southwest has exceeded
the tolerance range of most freshwater species, causing their loss from many systems
(Halse et al. 2003). An oral history documenting the salinisation of the Avon and
Blackwood catchments in the southwest agricultural zone (covering 1916–1990)
suggests that dramatic changes have occurred in some of these ecosystems as they have
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Southwest Western Australia

Figure 1.2: Area of risk from dryland salinisation in Western Australia (2000).
National Land and Water Resources Audit, Commonwealth of Australia (2001).
Available at:
http://audit.ea.gov.au/ANRA/land/docs/national/Salinity_Contents.html

7

changed from fresh to saline, including the loss of fringing trees and sedges, changes in
aquatic plant species and disappearance of a range of vertebrate and invertebrate fauna
(Sanders 1991). Insufficient knowledge about the full range of aquatic species that
occurred in southwestern Australian ecosystems prior to clearing for agriculture
(Sanders 1991; Halse et al. 2003), means that the losses that have occurred in both
ecosystem structure and function are not well understood.
Secondary salinisation is so advanced in the Western Australian wheatbelt that the
freshwater biota has largely been lost from the landscape and now persists only in
refuge areas (e.g. claypans and granite outcrops, Halse et al. 2004) or intensively
managed areas (e.g. Lake Toolibin, Bell and Froend 1990; Usback and James 1993).
The magnitude of the problem is so great that restoration to freshwater is impossible at a
landscape scale and almost all of the remaining wetlands now function as saline
ecosystems (Davis et al. 2003; Halse et al. 2003). Despite the loss of biodiversity, some
saline aquatic ecosystems retain a similar trophic structure to their freshwater
predecessors; being dominated by submerged plant communities, and these wetlands
can still support a relatively diverse aquatic fauna (Strehlow et al. 2005). However,
although these ‘new’ saline ecosystems and their biota are salt-adapted, they are still
threatened by ongoing salinisation and hydrologic change. When a wetland changes
from saline to hypersaline, the growth and reproduction of a large proportion of its salt
tolerant biota, including macrophytes, may be compromised. Only microbes and a
limited diversity of invertebrates (usually crustaceans) are capable of persisting under
hypersaline conditions (Borowitzka 1981; De Deckker 1983). As a consequence, the
transition from saline to hypersaline conditions results in a major change in ecosystem
structure and function, not only by exceeding individual tolerances to salinity but also
through the loss of the submerged plant community, precipitating the loss of fauna
8

dependent on macrophyte habitat, including many species of macroinvertebrates and
waterbirds (Davis et al. 2003).
The extent and severity of secondary salinisation in Western Australia creates
significant management issues, since the problem is too widespread (over 1.8 million ha
of land affected by 1996, Hatton et al. 2003, see also Figure 1.2) to allow intervention at
the scale of individual wetlands. An understanding of local processes and the ecology of
species and communities is nevertheless required in order to manage the effects of
salinisation at a landscape scale. Furthermore, if this much-needed ecological
information is considered within a conceptual framework, the potential effects of
management actions can be better understood, and the likelihood of successful
conservation or restoration at both site and regional scales improved.

Conceptual background
Many of the models used to conceptualise the formation of biotic communities under
different conditions have focused on terrestrial vegetation assemblages, probably
because species composition in these types of communities is easily recorded and
monitored over time. One of the earliest theories used to describe and predict
community structure was plant succession (Clements 1916). Succession theory
describes the predictable sequence of species over time, eventually leading to a ‘climax’
community (Clements 1916). The classical succession model assumes that the endpoint
of this process is pre-determined and not susceptible to change; perturbations simply set
the system back several steps in the process of succession rather than altering the climax
community (Connell and Noble 1987).
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Attempts at management intervention in degraded ecosystems have revealed that
traditional successional processes do not always operate, falsifying the assumption
implicit in succession theory that simply removing the disturbance would set
ecosystems back on a trajectory of self repair (Suding et al. 2004; Young et al. 2005).
The idea that several possible ‘stable states’ might exist for one ecosystem and that
these might be influenced by historic conditions (the ‘starting conditions’) was first
explored in the 1970s (Sutherland 1974; May 1977). The concept that degradation (and
restoration) could not only occur in different ways, depending on the stressors and
environment involved, but that these pathways were also unlikely to be linear,
represented a radical shift in thinking about the formation and persistence of
communities and ecosystems (Temperton et al. 2004; Young et al. 2005).
‘State and transition’ models describe not only the range of possible endpoint
communities within an ecosystem, but also the drivers and thresholds for changes
between these (Yates and Hobbs 1997). Movement between ‘states’ occurs when a
threshold of some driving variable (e.g. nutrient level) is exceeded, represented by a
rapid shift from one ‘basin of attraction’ to another (Figure 1.3, Scheffer et al. 2001),
although the driving variable may only have been changing gradually (Figure 1.4,
Schröder et al. 2005). The concept of ‘alternative stable states’ adds another dimension
to this picture, incorporating the existence of strong feedback loops that maintain each
of the alternative ‘states’, across an overlapping range of values of the driving variable
(Scheffer 1990; Blindow et al. 1993). The feedback mechanisms make the alternative
equilibria difficult to disrupt and lead to the phenomenon of hysteresis, whereby levels
of the controlling variable need to be reduced to far below the levels responsible for the
initial switch in order for a switch back to occur (Figure 1.4, Petraitis and Latham 1999;
Schröder et al. 2005). Ways to distinguish between the behaviour of this type of system
10

and two simpler systems are introduced in Chapter Three.

Figure 1.3: Schematic representation of alternative 'basins of attraction'. To move
between these basins an external perturbation would be required. Modified from
Scheffer et al. (2001).

Ecosystem condition

State 1

State 2
Controlling variable

Figure 1.4: Schematic representation of non-linear change in an ecosystem with
alternative states. There is an upper threshold of the controlling variable for one
state and a lower threshold for the other, and the system will switch rapidly
between states if a threshold is exceeded. Both states can exist over intermediate
levels of the controlling variable. Modified from Scheffer et al. (2001).

Alternative states theory has been applied or hypothesised in a wide range of
ecosystems from coral reefs, to woodlands, microbial communities and shallow lakes
(Walker and Meyers 2004; Schröder et al. 2005). The degree to which the positive
feedback and hysteresis aspects of the model are emphasised differs depending on the
system involved, and this is also related to the temporal scale of interest (Petraitis and
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Latham 1999). For example, the presence of feedback loops and hysteresis may be
clearly evident over the short generation times of shallow lake organisms but may not
be as clear in terrestrial woodland, dominated by long-lived species.
In recent years, recognition of the dynamic nature of ecosystems has generally seen a
shift away from the term ‘stable state’ (May 1977; Scheffer 1990) which implies stasis
and emphasises stability, although this term is still used by many authors. Throughout
this thesis, the term ‘ecological regime’ is used instead of ‘stable state’ (Scheffer and
Carpenter 2003; Strehlow et al. 2005) and alternative states theory is hereafter referred
to as the ‘alternative regimes model’. However, it is not assumed here that the
ecological regimes identified in a particular system are necessarily ‘alternatives’ (able to
persist at overlapping levels of the same variable); they may simply constitute
‘contrasting’ regimes occurring under different environmental conditions (Schröder et
al. 2005).
The best known example of alternative regimes in aquatic systems is the occurrence of a
clear water regime promoted by submerged macrophytes and a turbid water regime
dominated by phytoplankton in Northern Hemisphere shallow lakes, over a range of
overlapping nutrient concentrations (e.g. Moss 1990; Scheffer 1998; Jeppesen et al.
1999). Each of these two regimes is viewed as a persistent equilibrium; able to selfmaintain conditions favourable for its continued persistence and requiring either
extremes of the driving variable (phosphorus level) or additional perturbation to move
between regimes (Moss 1990; Blindow et al. 1993; Scheffer 1998). The macrophytedominated regime self-maintains via mechanisms such as promoting sedimentation
(reducing turbidity), sequestering nutrients (removing them from the water column),
providing refuges for grazing zooplankton (keeping phytoplankton low) and secreting
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allelopathic substances (inhibiting phytoplankton growth) (Moss 1990; Blindow et al.
1993). Alternatively, phytoplankton maintain high (biogenic) turbidity and low light,
and reduce the availability of water column carbon, preventing macrophyte
establishment (Moss 1990). The lack of structured habitat under phytoplankton
domination also reduces (or removes) refuges for grazing zooplankton (Blindow et al.
1993). It should be noted that Moss et al. (1996) identified several ‘phases’ in the
alteration of shallow lake communities with increasing eutrophication; the ‘alternative
regimes’ referred to here are represented by two phases in which nutrient levels are
intermediate and overlapping.
The earliest explicit reference to the use of an alternative stable states model in
Australian waterbodies was made by Boon and Bailey (1998), who proposed it as a
possible means to examine the effects of nutrient loading on ecosystem dynamics. Prior
to this, Casanova et al. (1997) had undertaken a survey of farm dams in New South
Wales, examining the dominance by submerged macrophytes or phytoplankton in
relation to physico-chemical characteristics, however, as their sites were only sampled
once, no assessment as to the ‘stability’ of potential ‘states’ could be made. These
studies have been followed by a number of subsequent works on alternative stable states
in Australian wetlands (Davis et al. 2003; Morris et al. 2003a, b; Mykytiuk 2003;
Morris et al. 2004).
In southwestern Australia, clear, submerged macrophyte-dominated and turbid,
phytoplankton-dominated regimes also exist in inland salinising wetlands and
preliminary evidence suggests that transitions between these two regimes may primarily
be nutrient-driven as in freshwater ecosystems (Strehlow et al. 2005). These findings
conflict with a study of 36 brackish shallow water ecosystems in Europe, which found
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that ecosystem dynamics in fresh waters differed from those in brackish waters, and that
there was no evidence for a clear water (macrophyte-dominated) regime in brackish
systems (Jeppesen et al. 1994). However, this regime does exist in the inland saline
waters of southwestern Western Australia (Strehlow et al. 2005) and has also been
recorded in some low salinity (approximately 1–6 ppt) brackish waters in England
(Moss 1994). Moss (1994) found that a switch from macrophyte-dominance to
phytoplankton-dominance in these brackish waters was driven both by increased
nutrient loading and when a salinity threshold was exceeded. Both Jeppesen et al.
(1994) and Moss (1994) hypothesised that differences in community structure or regime
shifts occurring in fresh versus brackish water systems were attributable to the loss of
large efficient grazing planktivores such as Daphnia spp. as salinity increased, together
with greater predation pressure on these grazers (from brackish water fish and shrimp).
Southwestern Australian salinising wetlands differ from the European brackish coastal
lakes discussed by Moss (1994) and Jeppesen et al. (1994) in their freshwater origins,
inland location and seasonally-drying hydrology. Importantly, inland saline systems in
Western Australia often cannot support large perennial biota such as planktivorous fish
because of the occurrence of regular drying, but do support high numbers of large
grazing zooplankton such as cladocerans (including Daphniopsis spp.) and ostracods,
even at relatively high salinities (>20 ppt, Strehlow et al. 2005), and these may be able
to facilitate significant reductions in phytoplankton biomass.
Recognition of the presence of a third biotic regime of clear water dominated by benthic
microbial communities in inland saline wetlands led to the proposal that transitions
between a clear water submerged macrophyte-dominated regime and a clear water
benthic microbial community-dominated regime might also be described by an
alternative states model (Davis et al. 2003). Salinity was proposed as the driver for this
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transition rather than nutrients (Davis et al. 2003). It was also recognised that many
inland waters in southwestern Australia are highly turbid, and in contrast to shallow
lakes in the Northern Hemisphere, this turbidity is often inorganic; caused by the
suspension of mineral and clay particles, and may therefore not be linked to trophic
status (Boulton and Brock 1999). This prompted the definition of a fourth regime:
turbid, sediment-dominated. Strehlow et al. (2005) provided definitions of the four
ecological regimes found in salinising wetlands in southwest Western Australia (Table
1.2). It was predicted that under alternative regimes models, increases in salinity would
lead to shifts from (i) to (ii), and increases in nutrients from (i) to (iii) or (ii) to (iii)
(Davis et al. 2003, Table 1.2). Regime (iv) is essentially abiotic and represents a
dynamic driven by physical processes.
Table 1.2: Key characteristics of the four ecological regimes for saline wetlands in
southwestern Western Australia as proposed by (Davis et al. 2003) and refined by
(Strehlow et al. 2005)
Regime

Dominant primary producer
community1

Turbidity
(NTU)2

Chlorophyll a
(µg/L)2

(i) Clear, submerged macrophyte-dominated

submerged macrophytes >50%
cover

<10 NTU

<30

(ii) Clear, benthic microbial communitydominated

benthic microbial community >
50% cover

<10 NTU

<30

phytoplankton

>10 NTU

>30

>10 NTU

<30

(iii) Turbid, phytoplankton-dominated

submerged macrophytes and
benthic microbial community
<50% cover
(iv) Turbid, sediment-dominated

None (largely abiotic)
submerged macrophytes and
benthic microbial community
<50% cover

1

Field observations of dominance
Australian and New Zealand guidelines for fresh and drinking water quality (ANZECC and ARMCANZ
2000)
2

Strehlow et al. (2005) used a multivariate approach to compare groupings of sites to
these a priori definitions of the four regimes, however, in order to demonstrate the
existence of these regimes as alternatives, additional evidence is needed to indicate that
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both regimes are stable across an overlapping range of salinities and that positive
feedback mechanisms exist to maintain each regime. This study sought to investigate
ecological regime transitions in salinising wetlands, bringing together experimental data
on the biota, and knowledge of the temporal and seasonal changes occurring in seven
wetlands. In particular, the interaction between benthic microbial communities and
submerged macrophytes was explored. The major aims of the thesis were:
•

To investigate transitions between submerged macrophyte and benthic microbe-

dominated ecological regimes in salinising wetlands, and to identify potential
mechanisms for these shifts.
•

To explore the usefulness of alternative regimes as a conceptual model to represent

ecological regime shifts in salinising waterbodies.
The current chapter has provided an overview of the historic and conceptual
background to the study. Chapter Two introduces the field sites, presents available
historical and survey data on each of the seven study wetlands, and comments on the
ecological character of each of the sites. Chapter Three introduces three different
conceptual models that might represent regime shifts in salinising wetlands. Chapter
Four uses experimental data to investigate some of the conditions required for
submerged macrophyte germination and establishment. Chapter Five uses experimental
data to explore the persistence of benthic microbial communities under different salinity
and hydrologic conditions. Chapter Six uses observational data to determine the
occurrence of ecological regimes at seven field sites and to see if transitions between
regimes fit an alternative regimes model. Chapter Seven discusses the main findings and
proposes a new conceptual model specific to ecosystem dynamics in salinising
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wetlands.
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Two
Ecological character and salinity history of seven saline
waterbodies in southwest Western Australia
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The southwest agricultural zone of Western Australia is a large, flat, highly weathered,
ancient landscape, which receives relatively low amounts of winter-dominated rainfall
and is considered to be semi-arid (White 2000; Hatton et al. 2003). Elevation changes
only very slightly across large distances (Hatton et al. 2003). Ancient watercourses
(palaeochannels) stretch across the landscape and can currently be distinguished by the
chains of lakes that now lie along them, and which are connected to one another in
times of high surface flow (White 2000). Historically underlying some areas of this
ancient landscape were deep groundwater aquifers, often >30 m below the ground
surface (Hatton et al. 2003). Over thousands of years, prevailing westerly winds from
the Indian Ocean deposited marine salts inland into the southwest (Beresford et al.
2001; Hatton et al. 2003). These salts did not accumulate in the root zones of the native
trees and shrubs, but were washed deeper into the soil profile and stored (Hatton et al.
2003).
The southwest is also distinguished by large numbers of temporary wetlands. Within the
300–800 mm/year rainfall zones of the agricultural region, many of these wetlands are
shallow and filled by rainfall in winter, then dry out for several months over summer–
autumn each year (Lane and McComb 1988; Halse et al. 2003). The history of salt
deposition, relatively low rainfall and high evaporation rates within the southwest
agricultural zone mean that even before European settlement, some wetlands would
have been naturally saline, and the historically abundant freshwater systems would also
have become brackish on drying (Kay et al. 2001; Halse et al. 2003).
Clearing of the native ‘mallee’ vegetation began in the late 1890s to enable agriculture
in the landscape, with most of this clearing occurring between 1920 and 1960
(Beresford et al. 2001). Removal of the deep-rooted perennial native vegetation
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disrupted the hydrology of the area, and water that would previously have been
intercepted and transpired began to recharge the underlying groundwater tables at a
much greater rate (Cramer and Hobbs 2002; Hatton et al. 2003). As a result, the deep
groundwater tables began to rise, bringing the salt stored in the soil profile to the
surface (Hatton et al. 2003). This process is known as dryland salinisation.
The two main consequences of dryland salinisation in southwest Western Australia
have been increased salinities, both terrestrial and aquatic, and increased waterlogging
of soils, and these two factors tend to act synergistically; having negative effects on the
health of both terrestrial and emergent wetland vegetation (Cramer and Hobbs 2002).
As described in Chapter One, increases in salinity can dramatically affect freshwater
aquatic ecosystems, changing composition, diversity and function. Little is known about
the ecology of aquatic ecosystems once they become salinised. In the southwest, new
wetlands have been created through the surface expression of rising groundwater tables,
and existing ones have had their hydrology and salt balance markedly altered (Halse et
al. 2003). This process of salinisation is also occurring within a broader context of
climatic change. A large-scale drying trend has been predicted for the southwest
(Australian Greenhouse Office 2003), but it is currently unclear whether many of the
wetlands in this region will experience a net gain or loss of water.
Limited information is available about the pre-clearing ecology of wetlands in the
southwest agricultural zone (Halse et al. 2003) and many of the southwest and
wheatbelt wetlands remain unstudied. The Western Australian Department of
Conservation and Land Management (CALM) has undertaken both long-term
monitoring of some systems (Cale et al. 2004), and a broad scale once-off survey of
many others (Halse et al. 2004; Pinder et al. 2004), however, baseline data are still
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unavailable for a large number of wetlands in the wheatbelt.
This thesis focuses on seven southwestern Australian wetlands (Figure 2.1), which were
used as representative systems to investigate the occurrence of salinity-driven
ecological regime shifts. Two of these wetlands were naturally (primary) saline coastal
wetlands (Lake Coogee and Lake Mount Brown), and shared similar (seasonal) wetting
and drying regimes with the five salinising wheatbelt wetlands (Lake Mears, Little
White Lake, Arthur River Flats, Meeking Lake and Rushy Swamp), unlike naturally
saline systems in the more arid region east of the wheatbelt, which are episodically
rather than seasonally filled. The primary saline systems were included to investigate
whether ecological structure (and inferred function) was different to the salinising
systems further inland, but they were not used as ‘reference’ sites per se. The purpose
of this chapter is to summarise the baseline data, salinity history (where known) and
ecological characteristics of each of the seven wetlands.
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Perth
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4,5
7

Figure 2.1: Locations of the seven study wetlands in southwest Western Australia:
1 Lake Coogee; 2 Lake Mount Brown; 3 Lake Mears, 4 Little White Lake; 5
Arthur River Flats; 6 Meeking Lake; and 7 Rushy Swamp.
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Materials and Methods
Field monitoring September 2002–March 2004
Water quality
At each wetland, three permanent sites were sampled every 4–6 weeks. When water was
present in the wetland, a suite of physico-chemical variables was recorded including:
pH (measured at a consistent time of day across sampling occasions), salinity (both
using a TPS WP-81 pH/salinity/conductivity meter and a Vista A366ATC portable
refractometer with automatic temperature compensation); turbidity (using a Hach 2100P
portable turbidimeter); gilvin (water filtered through 0.2 µm filters and kept in the dark
until absorbance was measured at 440 nm); chlorophyll a, b, c (water filtered using
Whatman GF/C filters in the field, then kept on ice for transport to the laboratory); and
water depth. A refractometer measures salinity by determining the amount that light is
refracted by a solution of a particular density. Temperature compensated refractometers
account for the effect of temperature on refraction, making the readings accurate in the
field (Huntley 2005). Raw absorbances were converted to absorbance coefficients (for
gilvin) by multiplying by 2.303 × 100 (Kirk 1994). Chlorophyll samples were processed
using the acetone method by the Marine and Freshwater Research Laboratory at
Murdoch University (MAFRL; NATA accredited) (Clesceri et al. 1999). Chlorophyll
readings that fell below the detection limit (0.1 µg/L) were assumed to be zero for the
purposes of data analyses.
Water depth was taken at three permanent sampling sites around each wetland. Values
may not reflect the absolute maximum depth of the wetland, but they were comparable
between sampling occasions.
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Nutrients were sampled once at each system in October 2003. Limited conclusions
about wetland nutrient status can be drawn from spot data, due to the large temporal
fluctuations that may occur in water column nutrient concentrations, however, since
these data represent the only available information on nutrients for some of these
systems, they are used to provide a general overview. Samples were either kept
unfiltered for determination of total nitrogen and total phosphorus (autoclave digest
with potassium persulphate, Valderrama 1981), or filtered through a 0.45 µm Millipore
filter for determination of ammonium, nitrate and nitrite and orthophosphate. Water was
put on ice immediately after sampling and frozen immediately on return to the
laboratory. Filterable reactive phosphorus was analysed by the ascorbic acid method
(Johnson 1982), nitrate plus nitrite by copper–cadmium reduction (Johnson 1983) and
ammonium by the alkaline phenate method (Switala 1993). All analyses were carried
out on a Lachat Quick-Chem 8000 Automated Flow Injection Analyser by MAFRL.
Invertebrate diversity and abundance
Invertebrates were quantitatively sampled over a 10 m transect using a 250 µm mesh
sweep net moved upward and downward through the water column. All invertebrates
collected were preserved in 70% ethanol and later identified to species or morphospecies in the laboratory without subsampling. Identifications were confirmed by
comparison with the Western Australian Department of Conservation and Land
Management reference collection, held at the Wildlife Research Centre in Woodvale,
Western Australia.

Avifauna survey
Birds were surveyed once at each lake in October 2003. They were visually identified
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using binoculars. Two observers spent up to two hours at each wetland surveying birds
on foot and circumnavigating as much of the wetland as possible. Birds were identified
to species using Slater et al. (1994). A single once-off bird survey will only allow a
general comparison of bird usage among wetlands in a single season, and may not be
representative of a longer time period.

Submerged macrophyte survey
Surveys of the five wetlands supporting extensive submerged macrophyte communities
were conducted during mid–late Spring 2003 to determine the extent and composition
of the submerged flora at each of these sites. The timing of the survey coincided with
maximal or close to maximal biomass at all sites. The survey was conducted over a
single day at each wetland by two to four people, by wading at Lake Mount Brown,
Little White Lake and Meeking Lake and by boat at Lake Mears and Rushy Swamp.
Sites that were not dominated by macrophytes were not further surveyed for submerged
flora. At each site the survey comprised at least three longitudinal transects across the
wetland. Macrophyte biomass and percentage cover of charophytes and angiosperms
were recorded wherever the vegetation composition, vegetation cover or water depth
changed (visually determined by two or three observers; at least every 30 m). At each of
these sample points a GPS reading was taken, and the approximate location of the
sampling areas was marked on an aerial photograph of the wetland (from the previous
month). Percentage cover values were estimated by two to three people at each site
(with two of the same observers present at all five surveys). When added together, the
percentage cover of charophytes and angiosperms often exceeded 100%, since the
different growth forms of the two types of macrophytes often meant that their
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vegetative parts overlapped. An attempt was made to survey all of the major vegetation
cover zones as identified from the aerial photograph. Schematic submerged vegetation
maps for each wetland were produced by plotting the biomass or percentage cover
values for each of the sampling sites and extrapolating between these points using a
combination of field notes and aerial photographs.

Landholder interviews
Private landholders who had wetlands on or adjacent to their property (Lake Mears,
Meeking Lake and Rushy Swamp) were sent a letter to ask if they would participate in
an interview, and were each sent a list of questions (Appendix One). All interviews
were carried out in accordance with Murdoch University Human Research Ethics
Committee guidelines under permit number 2004/218. Landholders provided their
preferred times for the interview and were subsequently called or emailed to conduct the
interview. Responses to the interview questions (detailed in Appendix One) were
incorporated into the wetland salinity history for each relevant wetland.

Collection of historical datasets
Historical monitoring or spot sampling water quality data were obtained for several of
the wetlands (Table 2.1), and where available, these data have been incorporated into
data summaries. Where relevant, the source is attributed in figure or table captions.
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Table 2.1: Source, type and custodian of historical datasets for Lake Coogee, Lake
Mount Brown, Lake Mears and Little White Lake
Wetland

Source

Contact name

Monitoring or
spot data

Data type

City of Cockburn

Paddy Strano

Monitoring data
16/8/1995 to
present

Physico-chemical data
including ionic
composition, nutrient
concentrations

40 wetlands survey of
the Swan Coastal
Plain

Jenny Davis

Spot data 3/2/89,
10/11/89 and
14/11/90

Physico-chemical data
including ionic
composition, nutrient
concentrations

Lake Mears

Department of
Conservation and
Land Management

Yvonne Winchcombe

Monitoring data
13/7/1979 to
present

Surface water depths,
salinities, nutrient
monitoring data

Little White Lake

Department of
Conservation and
Land Management

Yvonne Winchcombe

Monitoring data
1/6/1978 to
present

Surface water depths,
salinities, nutrient
monitoring data

Lake Coogee

Lake Mount Brown

Historical rainfall data for the Kwinana (1978–2004), Brookton (1978–2004), Narrogin
(1978–2004), Darkan (1978–2004) and Woodanilling (1982–2004) rainfall stations
were provided by the Australian Bureau of Meterology.

Data analysis
Where relevant, data from the current study were combined with historical data to
produce time series plots. In some cases, linear, polynomial or non-linear regressions
were performed on bivariate datasets to determine the significance of relationships
between two physico-chemical variables. Where causality was not known, bivariate
correlations (using Pearson’s correlation coefficient) were used. Prior to all statistical
analyses, data were checked for normality and homogeneity of variances using boxplots
and were transformed using log10, log10 (x+1), square root or fourth root
transformations.
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Australian and New Zealand guidelines for fresh and drinking water quality (ANZECC
& ARMCANZ 2000)
Default ‘trigger values’ for concentrations of water column nutrients and chlorophyll a,
as well as water column turbidities (for southwestern Australian wetlands) taken from
the Australian and New Zealand guidelines for fresh and drinking water quality
(ANZECC & ARMCANZ 2000) have been used in this thesis. In the absence of any
other guidelines or detailed background data on these sites, the trigger values provide a
point of reference as to what might be considered ‘disturbed’. It is recognised that
‘trigger’ values for seasonal wetlands are not available, and therefore the values
recorded in this study may be somewhat higher and more variable than those
represented by the ANZECC and ARMCANZ (2000) guidelines. The limitations of the
trigger values are acknowledged in Chapter Two of the guidelines (ANZECC &
ARMCANZ 2000):
‘For physical and chemical stressors and toxicants in water and sediment, the preferred
approach to deriving trigger values follows the order: use of biological effects data, then
local reference data (mainly physical and chemical stressors), and finally (least
preferred) the tables of default values provided in the Guidelines…(While the default
values are the least preferred method of deriving trigger values, it is conceded that these
will be most commonly sought and applied until users have acquired local information)’
(p. 3.1-5 ANZECC & ARMCANZ 2000).
‘The physical and chemical trigger values are not designed to be used as ‘magic
numbers’ or threshold values at which an environmental problem is inferred if they are
exceeded. Rather they are designed to be used in conjunction with professional
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judgment, to provide an initial assessment of the state of a water body regarding the
issue in question’ (p. 3.3-5 ANZECC & ARMCANZ 2000).

Results and Discussion
Lake Coogee
Location and ecological character
Lake Coogee is a medium-sized (60.4 ha) coastal wetland located southwest of Perth
near Coogee, Western Australia (32°08.401′S, 115°46.738′E, Figure 2.2) on public land
managed by the City of Cockburn. The lake is naturally saline and exhibited a
permanent water regime over the study period; filled by seasonal rainfall and probably
also groundwater inflows, and experiencing seasonal fluctuations in water level
throughout the year (Figure 2.3). A narrow (2–5 m) band of riparian vegetation fringed
the lake, with residential lots and market gardens to the east and open paddocks to the
south and west. The Woodman Point Water Corporation Waste Water Treatment Plant
lies not far from the southwest corner of the lake. Lake Coogee was dominated yearround by a flocculent pink benthic microbial layer (Figure 2.4a), with an occasional
green surface layer (Figure 2.2). When the water level was low, the flocculent layer
became consolidated and gelatinous, but remained saturated with water. A few
submerged macrophytes (Ruppia sp. and Lamprothamnium sp.) occurred seasonally
(winter–spring) in the littoral fringes on the southern end of the lake (Figure 2.4b),
however these were sparse and covered only a small area.
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Figure 2.2: Aerial photograph of Lake Coogee. Available at
http://earth.google.com GoogleEarth images are up to three years old.
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Pink BMC

(a) February 2003

(b) October 2003
Figure 2.3: Westerly view across Lake Coogee in: (a) summer, February 2003; and
(b) spring, October 2003 showing differences in water level. In (a) the benthic
microbial community is shown in the foreground (dry on top), and the pink colour
can be seen in the middle of the photograph.
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(a) Flocculent benthic microbial community March 2004

(b) Ruppia sp. seedlings September 2003
Figure 2.4: Photograph of benthic communities at Lake Coogee: (a) benthic
microbial community; (b) Ruppia sp. growing in the littoral fringes.
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Regional rainfall
Records from the Kwinana rainfall station show winter-dominated rainfall, with the
heaviest falls usually occurring from May to July (Figure 2.5a). When these data are
summarised as annual values, a general trend of declining rainfall at this station
between 1979 and 2004 can be seen (Figure 2.5b). A drying trend for southwest
Western Australia has been predicted by the Australian Greenhouse Office (2003), and
these rainfall data may reflect this trend. Water column salinity has been recorded at
Lake Coogee since 1995 (Table 2.1). Annual mean salinities show a slight increase over
time (Figure 2.5b), suggesting that salinity may be increasing slightly in response to
declining precipitation.
Water chemistry
The ionic composition of Lake Coogee shows strong NaCl domination (Figure 2.6),
indicating very similar ionic dominance to seawater and reflecting the lake’s coastal
location. Sodium comprised 87% of total cation equivalence (Figure 2.6a) and chloride
84% of total anion equivalence (Figure 2.6b).
Salinities at Lake Coogee were inversely related to water depth (Figure 2.7), and this
relationship was statistically significant (Table 2.2). The relatively dry climatic
conditions experienced in southwestern Australia were responsible for the slightly
higher salinities recorded from 2002 to 2004 (Figure 2.7).
Gilvin and pH remained relatively stable over the monitoring period, with gilvin
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Figure 2.5: Rainfall at Kwinana rainfall station 9064: (a) monthly rainfall (June 1978 to March 2004); and (b) annual rainfall (1979 to 2003)
and mean annual salinities (± s.e.). Rainfall data provided by the Australian Bureau of Meteorology and salinity data by the City of Cockburn.
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Transformation

not transformed
log10

square root
log10

square root
log10

log10(x+1)
not transformed

Variables

Water depth
Salinity

Water depth
Salinity

Water depth
Salinity

Water depth
Salinity

0.758

0.828

R2

0.847

Exponential

0.702

Arthur River Flats

Polynomial (cubic)

Little White Lake

Polynomial (cubic)

Lake Mears

Polynomial (cubic)

Lake Coogee

Regression type

3,6

3,54

3,93

3,139

df

14.11

99.71

97.05

223.07

F

0.009

0.000

0.000

0.000

P

log10(x+1)
log10

log10(x+1)
square root

log10(x+1)
fourth root

Transformation

R2

0.946

0.954

Polynomial (cubic)

0.963

Rushy Swamp

Polynomial (cubic)

Meeking Lake

Polynomial (cubic)

Lake Mount Brown

Regression type

3,11

3,6

3,8

df

94.36

41.38

47.06

F

0.000

0.000

0.000

P

Table 2.2: Regressions of water depth against salinity for Lake Coogee, Lake Mears, Little White Lake, Arthur River Flats, Lake Mount
Brown, Meeking Lake and Rushy Swamp. Values in bold are significant at P = 0.05
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(a)

(b)

Figure 2.6: Ionic composition for the seven wetlands expressed as percentage
milliequivalents (Lake Mount Brown in (a) only): (a) major cations Na+, K+,
Ca2+and Mg2+; and (b) major anions HCO-3, SO42- and Cl-.
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(a)

(b)

(c)

Chl a 30 µg/L
Turbidity 10 NTU

(d)

TN 1500 µg/L

(e)

TP 60 µg/L

Figure 2.7: Water quality variables at Lake Coogee August 1995 – March 2004.
Grey symbols in (a), (b) and (c) are data from the current study, black symbols are
historical data (Table 2.1): (a) water depth vs salinity; (b) pH vs gilvin (gilvin
beginning January 1999); (c) turbidity vs water column chlorophyll a (September
2002 – March 2004); (d) water depth vs NOx, NH4, TN; (e) water depth vs PO4, TP.
Default trigger values (for wetlands in southwestern Australia , ANZECC and
ARMCANZ 2000) shown as dotted or dashed lines on plots.
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always at low concentrations (<4 g440/m) and pH remaining alkaline (usually >8)
(Figure 2.7). In the wetlands of the Swan Coastal Plain, high water column pH may
primarily be driven by groundwater inflows from underlying limestone aquifers
(Schmidt and Rosich 1993) rather than photosynthesis. High pH values were recorded
in early 2001 (e.g. pH 10.28 on 25/01/01, pH 11.17 on 22/03/01), corresponding with
low water levels. These may have also been linked to high photosynthetic rates of the
benthic microbial community at this time. There were no significant correlations
between pH and depth or pH and salinity at Lake Coogee. Turbidity (monitored from
September 2002 to March 2004) was usually low (<7 NTU), except when the water
level was very low (Figure 2.7). Water column chlorophyll a concentrations recorded as
part of the current project (over the same time period as turbidity) never exceeded 9
µg/L (Figure 2.7).
A comprehensive picture of Lake Coogee’s nutrient dynamics is not possible because
only spot data are available for the inorganic nutrients ammonium (NH4+) and
orthophosphate (PO43-) (from sampling as part of the current study in October 2003).
From August 1995 to July 2001, when both nitrate plus nitrite (NOx-) and total nitrogen
(TN) were monitored (City of Cockburn, Table 2.1), NOx- concentrations were usually
low (median 20 µg/L) and only exceeded 100 µg/L (default trigger value for wetlands
in the southwest of Western Australia, ANZECC and ARMCANZ 2000) at times of low
water level, usually just before or just after the first winter rains (Figure 2.7). There was
a significant negative correlation between depth and NOx- (Table 2.3), indicating the
effects of evapoconcentration. In contrast, TN was enriched across the entire monitoring
period, suggesting that concentrations of organic N and possibly also ammonium
(NH4+) may have been very high (Figure 2.7). There was a significant negative
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Table 2.3: Bivariate correlations of water quality data from Lake Coogee, Lake Mears and Little White Lake (using Pearson’s correlation
coefficient). NB: only significant correlations are presented; there were no significant correlations for Arthur River Flats.
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correlation between depth and TN, however there was a significant positive correlation
between TN and pH (Table 2.3). It is not clear why this is the case, since relatively low
water column chlorophyll a concentrations throughout the study period suggest that
phytoplankton did not significantly contribute to water column organic N (Figure 2.7).
Total phosphorus (TP) tended to fluctuate in response to seasonal water level changes,
but did not usually exceed 60 µg/L (default trigger value, ANZECC and ARMCANZ
2000), except when water depths were low (Figure 2.7). There was a significant
negative correlation between water depth and TP (Table 2.3). Only one value for
orthophosphate (PO43-) was available (which was relatively low, 2.25 µg/L), and so
little can be said about the temporal dynamics of inorganic P at Lake Coogee.
Despite the high levels of TN, the occasionally high levels of TP, and the fact that both
are significantly correlated with water column chlorophyll a (Table 2.3), chlorophyll a
has never exceeded 22 µg/L since the lake has been monitored (default trigger value 30
ug/L, ANZECC and ARMCANZ 2000).
Invertebrates
A total of 28 invertebrate species were recorded at Lake Coogee. The invertebrate fauna
were dominated strongly by the copepod Boeckella triarticulata, which outnumbered
the next most abundant species (Daphniopsis sp.) by an order of magnitude (Appendix
Two). Both of these species are planktonic grazers, and are likely also to be able to
utilise some of the suspended, flocculent benthic microbial material at Lake Coogee.
Avifauna
Birds were surveyed once at Lake Coogee on 29 October 2003. A total of 30 species
was recorded using the wetland and fringing vegetation, 13 of which were actually

40

observed using the water (Appendix Three). The species using the water included
pelicans (Pelecanus conspicillatus), cormorants (Phalacrocorax sulcirostris) and grebes
(Podiceps cristatus and Poliocephalus poliocephalus), which are species that primarily
feed on fish and invertebrates (Appendix Three).
Summary of wetland character
During the study period, Lake Coogee was a saline, permanent system with seasonally
fluctuating water levels, dominated by a persistent, flocculent, benthic microbial
community. Low phytoplankton biomass was recorded and submerged macrophytes
were restricted to a small littoral area on the southern edge of the wetland. Physicochemical conditions were relatively stable at this wetland, indicating a saline, noncoloured, alkaline system of low turbidity except at low water level.

Lake Mount Brown
Location and ecological character
Lake Mount Brown is a small (5.3 ha) seasonal wetland located southwest of Perth near
Henderson, Western Australia (33°10.368′S, 115°47.446′E, Figure 2.8, Figure 2.9). It is
situated within the Beeliar Regional Park and is managed by CALM. The lake is
surrounded by healthy bushland including a riparian fringe of Melaleuca rhaphiophylla
and emergent rushes and sedges (Figure 2.9). During the period that water was present
in 2002 and 2003, the lake was filled with a dense bed of submerged macrophytes,
dominated by Ruppia polycarpa, Lepilaena preissii and Lamprothamnium sp. (Figure
2.10). When the water level was low shortly after filling and just before drying, clumps
of filamentous green algae also occurred extensively throughout the wetland.
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Figure 2.8: Aerial photograph of Lake Mount Brown. Available at
http://earth.google.com GoogleEarth images are up to three years old.
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(a) February 2003

(b) October 2003
Figure 2.9: Northerly view across Lake Mount Brown in: (a) summer, February
2003; and (b) spring, October 2003 showing differences in water level before and
after filling.
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(a) Ruppia polycarpa October 2003

(b) Lamprothamnium sp. October 2003
Figure 2.10: Photograph of submerged macrophyte communities at Lake Mount
Brown: (a) Ruppia polycarpa; (b) Lamprothamnium sp.; (c) Lepilaena preissii (over
page).
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(c) Lepilaena preissii October 2003
Figure 2.10 continued.
Throughout the study period, the main disturbance to the lake was the recreational use
of four-wheel drive vehicles on the dry lake bed. Often the sediment was severely
disrupted, leaving bare patches along the tyre tracks in which macrophytes did not
germinate. Additionally, several rusting car bodies were present in and around the lake.
Water regime and salinity history
Lake Mount Brown is a naturally saline coastal wetland, filled by seasonal rainfall and
localised surface-water runoff. It has no other surface water inlets or outlets and holds
water for approximately five months each year, possibly longer in wetter years. It is not
known if the groundwater table intersects the lake bed over winter. Over the study
period, the lake dried completely in 2002–2003 and 2003–2004 (Figure 2.9a) and
remained dry from about December or January to April in the following year. When
full, the lake reached a maximum depth of approximately 0.6 m. Monitoring for the
current study was performed in relatively low rainfall years; therefore it is likely that the
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lake’s maximum depth is greater when rainfall is higher.
Regional rainfall
Lake Mount Brown lies in close proximity to Lake Coogee, therefore rainfall records
for both lakes were taken from the Kwinana rainfall station (Figure 2.5, and description
on p.33). In general, there has been a trend of declining annual rainfall at the Kwinana
rainfall station since 1979.
Water chemistry
Data for bicarbonate (HCO3-) were not available for Lake Mount Brown (not collected
as part of the 40 wetlands study, Table 2.1), therefore anionic dominance could not be
calculated. Cations were dominated by Na+, which comprised 92% of total cation
equivalence (Figure 2.6). Given its coastal location, it is likely that Lake Mount Brown
has an ionic composition dominated by NaCl like Lake Coogee. Salinity was inversely
related to water depth (Figure 2.11), and this relationship was statistically significant
(Table 2.2). Salinities did not usually exceed 20 ppt, except when the water level was
very low. Water pH was usually alkaline (Figure 2.11, pH 8.0–10.7), reflecting the
presence of underlying limestone aquifers (Schmidt and Rosich 1993) and the high
biomass of macrophytes or filamentous algae present on most occasions when water
was present.
There was a positive correlation between pH and water depth, a negative correlation
between pH and salinity and a negative correlation between pH and water column
chlorophyll a (Table 2.4), which all suggest that macrophyte biomass increases in
response to high water depth and low salinity. The lake water was slightly coloured
(gilvin 8.2 ± 1.1 g440/m), probably due to the presence of dense riparian vegetation
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Table 2.4: Bivariate correlations of water quality data from Lake Mount Brown, Meeking Lake and Rushy Swamp (using Pearson’s
correlation coefficient). Values in bold are significant at P = 0.05
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Chl a 30 µg/L
Turbidity 10 NTU

Figure 2.11: Water quality variables at Lake Mount Brown from September 2002
to March 2004: (a) water depth vs salinity; (b) pH vs gilvin; and (c) turbidity vs
water column chlorophyll a. Default trigger values (for wetlands in southwestern
Australia , ANZECC and ARMCANZ 2000) shown as dotted or dashed lines on
plots.
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around the wetland, and concentrations of gilvin showed some effects of
evapoconcentration towards the end of the drying phase (Figure 2.11). In wetlands
where high concentrations of dissolved humic and fulvic acids (colour) are present,
light penetration can be reduced to a point which restricts photosynthesis (Schmidt and
Rosich 1993), and this often results in an absence of submerged plants. Lake Mount
Brown was one of the most coloured of the saline lakes in this study, but the relatively
low concentrations of gilvin in the water column combined with a shallow water depth
meant that submerged macrophytes were abundant.
Both turbidity and water column chlorophyll a usually remained low at Lake Mount
Brown except on three occasions: (i) June 2003 when chlorophyll a was high as a result
of large masses of filamentous algae soon after filling; (ii) a turbidity peak the following
month due to the decomposition of these algae; and (iii) January 2004 when both
chlorophyll a and turbidity were elevated just before drying (Figure 2.11). However,
although turbidity exceeded the ANZECC and ARMCANZ (2000) default trigger value
(10 NTU) on these occasions, chlorophyll a was always <30 µg/L.
Only spot data are available for nutrients (Table 2.5), therefore no conclusions can be
drawn about temporal trends from these data. At the time of sampling, all nutrients
except for TN lay below the default trigger concentrations for southwestern Australian
wetlands (ANZECC and ARMCANZ 2000). Since NOX- and NH4+ were not elevated at
this time, the high concentration of TN may have been caused by high organic N.
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Table 2.5: Spot nutrient data (mean ± s.e.) for Lake Mount Brown, Lake Mears,
Little White Lake, Arthur River Flats, Meeking Lake and Rushy Swamp (collected
October 2003)
Site name

Sampling
date

Default trigger
values for
southwestern
Australian wetlands1
Lake Mount Brown 29/10/03

NH4+
(µg N/L)

PO43(µg P/L)

NOX(µg N/L)

TP
(µg P/L)

TN
(µg N/L)

40.00

30.00

100.00

60.00

1500.00

7.00 ± 1.15

3.00 ±0.58

2.33 ±0.33

46.33 ±8.84

2000.00 ±300.00

Lake Mears

27/10/03

18.00 ±2.48

5.75 ±0.48

4.00 ±0.41

40.00 ±1.58

1550.00 ±125.83

Little White Lake

27/10/03

17.67 ±1.33

10.33 ±0.88 6.33 ±0.33

99.67 ±5.55

3033.33 ±185.59

Arthur River Flats

28/10/03 523.33 ±122.52 2.33 ±0.33 34.00 ±4.58

29.33 ±5.90

1173.33 ±263.90

Meeking Lake

28/10/03

8.00 ±2.04

2.00 ±0.00

2.25 ±0.25

14.75 ±1.70

930.00 ±90.37

Rushy Swamp

28/10/03

13.00 ±2.35

2.25 ±0.25

3.00 ±0.41

18.50 ±1.71

1207.50 ±141.86

1

(ANZECC and ARMCANZ 2000)

Submerged aquatic macrophytes
Submerged vegetation was surveyed at Lake Mount Brown on 31 October 2003. High
cover of Ruppia polycarpa and Lepilaena preissii was recorded across most of the
wetland (60–100%) as well as Lamprothamnium sp. in the central areas (Figure 2.12a).
Lake Mount Brown supported denser beds of submerged aquatic angiosperms than any
of the other vegetated wetlands surveyed as part of this study. The only parts of the
wetland that did not support dense vegetation were the areas in which tyre tracks had
disturbed the sediment. Submerged macrophyte biomass varied across the wetland, but
was relatively high in the central area where it reached <400 g DW/m2 (Figure 2.12b).
Invertebrates
A total of 57 invertebrate species were recorded at Lake Mount Brown (Appendix
Two), the highest species richness found across the seven wetlands sampled. The
invertebrate fauna at Lake Mount Brown was dominated by grazers. Most abundant was
the copepod Boeckella triarticulata, followed by the ostracod Diacypris spinosa and the
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Figure 2.12: Schematic maps of submerged vegetation at Lake Mount Brown in November 2003: (a) percentage cover; and (b) biomass (in g
dry weight per m2).
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cladoceran Daphniopsis sp.. Common amongst the macrophytes were damselfly larvae
(Xanthagrion erythroreurum) and mites (Limnochares australica); species absent from
wetlands without submerged plants.
Avifauna
Birds were surveyed once at Lake Mount Brown on 29 October 2003. A total of 24 bird
species were observed using the lake and fringing vegetation (Appendix Three). Eight
of these were seen using the water: Australian Pelican (Pelecanus conspicillatus); Musk
Duck (Biziura lobata); Australian Grey Teal (Anas gracilis); Eurasian Coot (Fulica
atra), Silver Gull (Larus novaehollandiae); Australian White Ibis (Threskiornis
aethiopica), Straw-necked Ibis (T. spinicollis); and Little Black Cormorant
(Phalacrocorax sulcirostris). Waterbirds at Lake Mount Brown are likely to be using
both the submerged plants themselves as food and also the diverse and abundant
macroinvertebrates that they support. Over the study period, Australian Pelicans and
Whistling Kites (Milvus sphenurus) were observed nesting at the lake.

Summary of wetland character
During the study period, Lake Mount Brown was a small naturally-saline seasonallydrying wetland, with an almost intact fringe of riparian vegetation. When water was
present the wetland was usually dominated by dense beds of submerged macrophytes,
with filamentous green algae also abundant during filling and drying. Phytoplankton
biomass was always low and the system did not appear to be nutrient enriched. The
main disturbance to the lake was physical disruption of dry sediments through illegal
vehicle use, which may decrease now that the lake has been fenced. Physico-chemical
conditions fluctuated seasonally at this wetland, with a strong effect of
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evapoconcentration before drying. In brief, Lake Mount Brown was a saline, slightly
coloured, alkaline system of low turbidity, except when water levels were low.

Lake Mears
Location and ecological character
Lake Mears is a large (208 ha), open, periodically-inundated wetland with a maximum
depth of 2.4 m. It is located approximately 180 km east of Perth near Brookton
(32°13.842′S, 117°21.566′E, Figure 2.13) in the central wheatbelt of southwestern
Western Australia. The lake and vegetation on its northern side comprise the Lake
Mears Nature Reserve (No. 12398), which is vested in the Conservation Commission of
Western Australia and managed by CALM. The lake and vegetation reserve are
encompassed by private land.

Figure 2.13: Aerial photograph of Lake Mears. Available at
http://earth.google.com GoogleEarth images are up to three years old.
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Water regime and salinity history
Lake Mears was historically fresh and is believed to have become salinised as a result
of land clearing (particularly from the 1900s to 1950s). Landholders first noticed the
salinisation of lands, resulting in tree death and the loss of cropping land and pasture in
the 1950s (T. Mills, pers. comm.). Changes to the lake and its surrounds were first
observed in the early 1960s when tree death rapidly occurred on the bed and fringes
(Connolly 2002).
By the 1970s, the trees in the centre of the lake had died and were removed (T. Mills,
pers. comm.). In the 1980s, live paperbarks still persisted around the fringes of the lake
on some sides, but they have since died (T. Mills, pers. comm.). Todd Mills, who has
lived near the lake for over 30 years, has noticed the disappearance of native fish,
pelicans and other waterbirds such as coots over this period. He also believes that the
lake water has become more saline since he has been there; it was safe for stock to drink
in the early 1980s and is now too saline (T. Mills, pers. comm.).
Most of the lake’s inflow water comes from the nearby Kunjin Brook which itself
became salinised in the 1950s (Connolly 2002). The brook also receives saline water
from upstream. Lake Mears is not permanent, but fills after heavy rains (falling both
directly into the lake and coming in from upstream via Kunjin Brook) and can then
often hold water for several years, drying down gradually (Connolly 2002). Local
landholders have constructed a gate on the Kunjin Brook to hold water in the lake
(Connolly 2002). Lake Mears also experiences long periods of dryness or very low
water levels, sometimes for several consecutive years (Figure 2.14, T. Mills, pers.
comm., Connolly 2002). The water regime of the lake is not believed to have changed
substantially since clearing, although due to the construction of levee banks and a
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change in the route of the brook, the lake probably now receives less water than it
would have historically (Connolly 2002). Landholders believe that the lake still appears
to fill to about the same level that it did historically (T. Mills, pers. comm.).
Importantly, the lake is very rarely flushed, since inflow and outflow both occur
through the same channel, and this has allowed salt to accumulate substantially over
time (Connolly 2002).
When first visited as part of the current study (in June 2003), the lake was covered by a
salt crust, and underneath this, benthic microbial communities were evident on the
sediments (Figure 2.15). In the wetter areas, a bright pink layer of purple sulphur
bacteria lay on the reduced black sediments (Figure 2.15a) and in the drier areas, a
green layer of algae and bacteria was present on the surface (Figure 2.15b). The lake
was flooded in February–March 2003 as a result of an upstream episodic rain event, and
these benthic microbial communities gradually disappeared. For the first months after
flooding, an algal bloom and high (biogenic) turbidities were maintained, and
establishment of macrophyte seedlings and germlings was unsuccessful. However, in
late winter–early spring, germination occurred again, and a dense bed of submerged
macrophytes was able to establish. The macrophytes were dominated by
Lamprothamnium cf. succinctum (Figure 2.16a) and Ruppia megacarpa (Figure 2.16b).
This community continued to dominate until the lake water receded to low levels in
autumn 2004.
Regional rainfall
Records from the Brookton rainfall station indicate that rainfall peaks regularly occur in
summer and autumn as well as winter, although winter rainfall is most common (Figure
2.17a). It is also evident that rainfall in upstream catchments is important as a water

55

(a) February 2003

(b) October 2003
Figure 2.14: Southerly view across Lake Mears in: (a) summer, February 2003;
and (b) spring, October 2003 showing differences in water level before and after
filling.
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(a) Salt crust with pink benthic microbial community layer underneath on
reduced sediments

(b) Salt crust with green benthic microbial community layer underneath
Figure 2.15: Photograph of benthic microbial communities at Lake Mears: (a)
pink purple sulphur bacteria under salt crust; (b) green bacterial and algal layer
under salt crust.
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(a) Lamprothamnium cf. succinctum October 2003

(b) Ruppia megacarpa November 2003
Figure 2.16: Photograph of submerged macrophyte communities at Lake Mears:
(a) Lamprothamnium cf. succinctum; (b) Ruppia megacarpa.
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Figure 2.17: Rainfall at Brookton rainfall station 10524: (a) monthly rainfall (June 1978 to March 2004); and (b) annual rainfall (1979 to
2003) and mean annual salinities (± s.e.). Rainfall data provided by the Australian Bureau of Meteorology and salinity data by CALM.

59

source to Lake Mears (via Kunjin Brook) since no rainfall peak is evident in February–
March 2003 when the lake filled with episodic flows (Figure 2.17a). Annual rainfall at
Brookton has shown a declining trend since 1978, however this was strongly influenced
by 2002 and 2003, which were both drought years (Figure 2.17b). Mean salinity at Lake
Mears has also been increasing steadily since records began in June 1978, and this may
partly be linked to the decline in rainfall (Figure 2.17b).
Water chemistry
The ionic composition of Lake Mears water shows strong NaCl domination (Figure
2.6), reflecting the marine origin of soil salinity in the southwest (Beresford et al. 2001).
Sodium comprised 91% of total cation equivalence (Figure 2.6a) and chloride 93% of
total anion equivalence (Figure 2.6b). Salinity at Lake Mears has increased over time,
with higher minima and maxima at the same water level in 2002–2003 compared with
10–20 years earlier (Figure 2.18).
Despite the increase in salinity over time, there was still a significant inverse
relationship between water level and salinity at the lake (Table 2.2). Levels of pH
fluctuated widely over the monitoring period (first recorded March 1982) from
circumneutral (pH 7.1) to alkaline (pH 12.4) (Figure 2.18) and were significantly
correlated with water depth (Table 2.3). There was also a significant negative
correlation between salinity and pH (Table 2.3), both of these relationships suggesting
that the activity of biota decreased in response to decreased water depth and increased
salinity. Gilvin was relatively low (<7 g440/m) on all sampling occasions (Figure 2.18).
Turbidity was very high (mean 38.4 NTU) when the lake was first sampled as part of
the current study in September 2002 (Figure 2.18), however this was due to
supersaturation of salt crystals in the water, rather than sediment-derived or biogenic
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Chl a 30 µg/L
Turbidity 10 NTU

TP 60 µg/L

Figure 2.18: Water quality variables at Lake Mears June 1978 – March 2004. Grey
symbols are data from the current study, black symbols are historical data (Table
2.1): (a) water depth vs salinity; (b) pH (from March 1982) vs gilvin (from
September 2002); (c) turbidity vs water column chlorophyll a (both from
September 2002); and (d) water depth vs filterable reactive phosphorus (FRP, spot
data September, November 1989 and October 2003), total soluble phosphorus
(TSP, from September 1991) and TP (from July 1984). Default trigger values (for
wetlands in southwestern Australia , ANZECC and ARMCANZ 2000) shown as
dotted or dashed lines on plots.
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turbidities. Once the lake was flooded, high turbidities were linked to very high
chlorophyll a concentrations (up to 120 µg/L), both of which declined as water levels
rose (and which increased again on drying) (Figure 2.18).
Only spot data were available for NOx-, NH4+ and TN (Table 2.5), which were sampled
in October 2003 (maximum water level). At the time of sampling all nutrients except
TN were below the default trigger values for southwestern Australian wetlands
(ANZECC and ARMCANZ 2000). Only intermittent recordings of total soluble
phosphorus (TSP), filterable reactive phosphorus (FRP) and TP were made (Table 2.1).
However, even from these it is clear that phosphorus levels at the lake are enriched
(Figure 2.18d). There are also clear effects of evapoconcentration on nutrient
concentrations, reflected by the significant negative correlation between depth and TP
(Table 2.3). There was a significant negative correlation of TP with pH (Table 2.3),
suggesting that higher TP was associated with higher levels of photosynthetic activity.
Submerged aquatic macrophytes
Submerged vegetation was surveyed at the lake on 18 November 2003. The lake was
dominated by the charophyte alga Lamprothamnium cf. succinctum (Figure 2.16), with
a cover of up to 80–100% across most of the lake (Figure 2.19a). Localised Ruppia
megacarpa tussocks were also present (Figure 2.16, Figure 2.19a), especially on the
southern side of the lake. Total submerged macrophyte biomass was usually between
100 and 200 g DW/m2, with higher biomass in some areas (Figure 2.19b). The
macrophyte beds were generally quite dense; however, the landholder, Todd Mills,
commented that the ‘long, tall aquatic weed’ (probably R. megacarpa) has become
patchier since the 1980s (T. Mills, pers. comm.).
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Figure 2.19: Schematic maps of submerged vegetation at Lake Mears in November 2003: (a) percentage cover; and (b) biomass (in g dry
weight per m2).
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Invertebrates
A total of 30 invertebrate species were recorded at Lake Mears (Appendix Two). The
invertebrate fauna were dominated by three main planktonic grazers; the cyclopoid
copepod Apocyclops dengizicus, followed (in abundance) by the ostracod Diacypris
compacta and the cladoceran Daphniopsis sp.. All three of these species were highly
abundant, particularly when planktonic algal biomass was high (June 2003).
Avifauna
Birds were surveyed once at Lake Mears on 27 October 2003 while the lake was
macrophyte-dominated. A total of 26 species were recorded in and around the lake,
eight of which were observed using the water (Appendix Three). The most abundant
species were omnivorous ducks (e.g. the Australian Shelduck Tadorna tadornoides, and
the Grey Teal Anas gracilis) and Black Swans (Cygnus atratus), reflecting the lake’s
macrophyte-domination at the time of sampling.

Summary of wetland character
During the study period, Lake Mears was a large, secondarily saline, episodic wetland,
dominated by phytoplankton or submerged macrophytes when full, and supporting a
thin benthic microbial community at low water levels or when sediments were
saturated. The fringing vegetation around the lake was dead and the lake itself was
likely to become increasingly salinised. Lake Mears was also nutrient-enriched,
reflecting its location near agricultural land, and this could lead to very high biogenic
turbidities. Physico-chemical conditions at the wetland changed over time along with
the dominant biotic community. In brief, Lake Mears was a saline, very slightly
coloured, circumneutral–alkaline wetland, capable of high turbidities, and which
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became hypersaline on drying.

Little White Lake
Location and ecological character
Little White Lake is a medium-sized (64 ha), seasonal wetland situated southeast of
Perth near Narrogin, Western Australia in the southwestern Australian wheatbelt
(33°00.640′S, 117°26.456′E, Figure 2.20, Figure 2.21). It forms part of CALM nature
reserve 21284 and is surrounded by agricultural land.

Figure 2.20: Aerial photograph of Little White Lake. Available at
http://earth.google.com GoogleEarth images are up to three years old.
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When first sampled as part of the current study in September 2003, the water level at
Little White Lake was very low and it was dominated by a thin benthic microbial
community (Figure 2.22a). The lake remained benthic microbial community-dominated
when it became inundated in August 2003, and the benthic microbial community
became thicker and more cohesive when submerged (Figure 2.22b). Submerged
macrophytes germinated in July–August and became dominant in September 2003
(Figure 2.23), covering the lake bed for three months until drying in November–
December 2003. The lake was subsequently covered by a salt crust with dead
macrophyte material embedded in it. A thin benthic microbial community layer had
developed under the salt by January 2004 (Figure 2.22c).
Water regime and salinity history
Little White Lake is part of the upper Arthur River wetland system (Figure 2.20). By
1972, 91% of its catchment had been cleared of native vegetation, leading to widespread
elevation in groundwater depth (Department of the Environment and Heritage 2005). It
is not known how long the lake itself has been salinised. Little White Lake is
seasonally-drying, shallow and open (Figure 2.21). It fills predominantly via rainfall
and at higher flows via a constructed channel at the northern end of the lake that
connects it to the upstream catchment. The lake is highly salinised and is surrounded by
dead riparian vegetation including dead Melaleuca aff. halmaturorum (Halse et al.
1993).
Regional rainfall
Records from the Narrogin rainfall station since 1978 show monthly winter-dominated
rainfall with occasional high falls in summer (Figure 2.24a). Total annual rainfall has
undergone a slow decline since 1978 and this has been paralleled by an increase in
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mean salinities at the lake (Figure 2.24b). Both trends were probably influenced by the
drought years of 2002 and 2003.

(a) February 2003

(b) October 2003
Figure 2.21: Southwesterly view across Little White Lake in: (a) summer,
February 2003; and (b) spring, October 2003 showing differences in water level
before and after filling.
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(a) Thin benthic microbial community on first sampling (October 2003)

(b) Cohesive benthic microbial community after inundation
Figure 2.22: Photograph of benthic microbial communities at Little White Lake:
(a) thin benthic microbial community on first sampling; (b) cohesive benthic
microbial community when lake was wet; and (c) green bacterial and algal layer
under salt crust (over page).
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(c) benthic microbial community under salt crust and dead macrophytes
Figure 2.22 continued.

69

Lamprothamnium cf. succinctum October 2003

Lepilaena pressii October 2003
Figure 2.23: Photograph of submerged macrophyte communities at Little White
Lake: (a) Lamprothamnium cf. succinctum; (b) Lepilaena preissii.
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Figure 2.24: Rainfall at Narrogin rainfall station 10614: (a) monthly rainfall (June 1978 to March 2004); (b) annual rainfall (1979 to 2003) and
mean annual salinities (± s.e.). Rainfall data provided by the Australian Bureau of Meteorology and salinity data by CALM.
.
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Water chemistry
Similarly to Lake Mears, the ionic composition of Little White Lake water shows strong
NaCl domination (Figure 2.6), reflecting the predominantly marine origin of wheatbelt
salts (Beresford et al. 2001). Sodium comprised 90% of total cation equivalence (Figure
2.6a) and chloride 93% of total anion equivalence (Figure 2.6b). Salinity was inversely
related to water depth (Figure 2.25), and this relationship was statistically significant
(Table 2.2).
Maximum water levels recorded from 2002–2004 were noticeably lower than earlier
recorded maximum depths, indicating that the lake was in a dry phase; probably driven
by drought conditions in the southwest (Figure 2.25). Water column pH fluctuated
widely over the sampling period from circumneutral to alkaline (pH 7.4–10.6) but was
least variable between 2002 and 2004 (Figure 2.25). Similarly to the previous three
wetlands, a positive correlation was found between pH and water depth and a negative
correlation between pH and salinity at Little White Lake (Table 2.3), suggesting that
photosynthesis increased as water depth increased and salinity decreased. Gilvin was
consistently low (<4 g440/m) on all sampling occasions (Figure 2.25). Turbidity was
high (31.3 NTU) when first sampled in 2002, corresponding with the low water level
(Figure 2.25) but dropped and stayed low as water levels increased. Water column
chlorophyll a was elevated in September 2002 relative to subsequent samples at Little
White Lake, however it was still relatively low (15.53 µg/L), and far below the
ANZECC and ARMCANZ (2000) trigger level of 30 µg/L (Figure 2.25).
Only spot data were available for NOx-, NH4+ and TN (Table 2.5), which were sampled
in October 2003 (maximum water level), therefore no temporal trends in nitrogen
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Chl a 30 µg/L
Turbidity 10 NTU

TP 60 µg/L

Figure 2.25: Water quality variables at Little White Lake June 1978 – March
2004. Grey symbols are data from the current study, black symbols are historical
data (Table 2.1): (a) water depth vs salinity; (b) pH (from March 1982) vs gilvin
(from September 2002); (c) turbidity vs water column chlorophyll a (both from
September 2002); and (d) water depth vs filterable reactive phosphorus (FRP,
from September 1991), total soluble phosphorus (TSP, from September 1991) and
TP (from July 1984). Default trigger values (for wetlands in southwestern
Australia , ANZECC and ARMCANZ 2000) shown as dotted or dashed lines on
plots.
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concentration can be inferred.
Only intermittent recordings of total soluble phosphorus (TSP), filterable reactive
phosphorus (FRP) and TP were made (Table 2.1), and it is difficult to tell from these
isolated datapoints whether phosphorus levels at the lake were enriched (Figure 2.25).
Total P has exceeded 60 µg/L (default trigger value, ANZECC and ARMCANZ 2000)
at times; however, evapoconcentration appears to have influenced these concentrations.
Generally, both TSP and FRP were at low concentrations.
Submerged aquatic macrophytes
Submerged vegetation was surveyed at Little White Lake on 7 November 2003. The
lake was dominated by the charophyte alga Lamprothamnium cf. succinctum (Figure
2.23). Charophyte cover was greatest in the centre of the lake, away from the fringes
where dead trees were abundant (Figure 2.26a). The centre was also the wettest area.
Also abundant across the lake was Lepilaena preissii, and there were occasional patches
of Ruppia polycarpa (Figure 2.23, Figure 2.26a). In contrast to the charophyte, dense
patches of L. preissii were often associated with fallen timber. Submerged macrophyte
biomass across the entire lake was low relative to Lake Mears and Lake Mount Brown
(<100 g DW/m2), possibly due to the shallowness of Little White Lake (Figure 2.26b).
Invertebrates
A total of 14 invertebrate species were recorded at Little White Lake (Appendix Two),
the lowest diversity of all of the sampled wetlands. The invertebrate fauna were
dominated by three grazers: the cyclopoid copepods Meridicyclops bayli and
Apocyclops dengizicus, and the centropagid copepod Boeckella triarticulata.
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Figure 2.26: Schematic maps of submerged vegetation at Little White Lake in November 2003: (a) percentage cover; and (b) biomass (in g dry
weight per m2).

(a)
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Avifauna
Birds were surveyed once at Little White Lake on 27 October 2003 when the lake was
dominated by submerged macrophytes, and a total of 13 species were recorded, two of
which (the Grey Teal Anas gracilis, and the Australian Shelduck Tadorna tadornoides)
were using the water (Appendix Three).
Summary of wetland character
During the sampling period, Little White Lake was a medium-sized, secondarily
salinised, seasonally-drying wetland, dominated by either benthic microbial
communities when dry or filling and submerged macrophyte communities when wet.
The fringing vegetation around the lake was dead and the lake itself likely to become
increasingly salinised. Little White Lake also showed some evidence of nutrient
enrichment, however, it was not dominated by phytoplankton during the study period.
Physico-chemical conditions at the wetland varied with the water level, with a strong
effect of evapoconcentration before drying. In spring 2003, the wetland dried after only
three months and it was therefore likely to be too dry in some years to support a
submerged plant community. In brief, Little White Lake was a saline, non-coloured,
alkaline wetland, which became hypersaline on drying.
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Arthur River Flats
Location and ecological character
Arthur River Flats is a seasonally-inundated shallow palaeochannel located near
Highbury, Western Australia (33°04.651′S, 117°16.614′E, Figure 2.27, Figure 2.28),
which forms part of CALM Nature reserve 9508. The reserve is surrounded by
agricultural land. The river flats are a level, open area that have been badly salt-affected
and now support few living trees or shrubs (Figure 2.28).
When the site was visited as part of the current study, the water level was always low,
and in most areas, there was little evidence of biological activity. It is likely that that
flats would not have held water for long under pre-salinisation conditions. The
sediments with the largest grain size coincided with the driest (and most elevated) parts
of the site (south of the Whin Bin Rock Road) where benthic microbial communities
occasionally occurred, but these were always very thin (<1 mm) and never cohesive
(Figure 2.29). In some areas, there was a layer of silt on the sediments, and when water
persisted for several weeks (August 2003), some (sparse) germination of submerged
angiosperms occurred (Figure 2.30). Although they did not flower in the field,
subsequent seedbank studies have identified the macrophytes as Lepilaena sp.. North of
Whin Bin Rock Road, water tended to pool for longer periods, and a cohesive benthic
microbial community was often present (Figure 2.29).
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Arthur River Flats

Whin Bin Rock Road

Figure 2.27: Aerial photograph of Arthur River Flats. Available at
http://earth.google.com GoogleEarth images are up to three years old.
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(a) February 2003

(b) October 2003
Figure 2.28: Northerly view across Arthur River Flats in: (a) summer, February
2003; and (b) spring, October 2003.
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Water regime and salinity history
Throughout the sampling period, water levels at Arthur River Flats responded largely to
local rainfall, although it is likely that in times of high rainfall upstream, water would
have entered the site as surface flows moving along the paleochannel. Similarly to Little
White Lake, the Arthur River palaeochannel is probably subject to local groundwater
rise caused by clearing.
Regional rainfall
Arthur River Flats is situated within the same region as Little White Lake, therefore
rainfall records for both lakes were taken from the Narrogin rainfall station (Figure
2.24, description on p. 66). In summary, annual rainfall at Narrogin has shown a general
declining trend since 1978.
Water chemistry
The ionic composition of Arthur River Flats water shows strong NaCl domination
(Figure 2.6), once again reflecting the marine origins of wheatbelt soil salts. Sodium
comprised 94% of total cation equivalence (Figure 2.6a) and chloride 96% of total
anion equivalence (Figure 2.6b). Similarly to the preceding wetlands, salinity level was
inversely related to water depth at Arthur River Flats (Figure 2.31a), and this
relationship was statistically significant (Table 2.2).
Salinities were usually high at this site (48.0 ± 8.3 ppt), largely as a function of the very
shallow water. The pH fluctuated a little but usually remained circumneutral, while
gilvin concentrations closely mirrored salinity, showing an inverse relationship with
water depth (Figure 2.31b). Gilvin concentrations were not considered to be high and
never exceeded a mean of 7.1 g440/m (Figure 2.31b). Turbidities were often extremely
80

(a) Granular sediment at drier site (September 2003)

(b) Detached piece of cohesive benthic microbial community at wettest site
(September 2003)
Figure 2.29: Photograph of benthic microbial communities at Arthur River Flats:
(a) granular inorganic sediment at driest site; (b) floating detached cohesive
benthic microbial community at wettest site.
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Lepilaena sp. October 2003
Figure 2.30: Photograph of submerged macrophytes at Arthur River Flats silty
site: Lepilaena sp.
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95.9

Chl a 30 µg/L
Turbidity 10 NTU

Figure 2.31: Water quality variables at Arthur River Flats from September 2002
to March 2004: (a) water depth vs salinity; (b) pH vs gilvin; and (c) turbidity vs
water column chlorophyll a. Default trigger values (for wetlands in southwestern
Australia , ANZECC and ARMCANZ 2000) shown as dotted or dashed lines on
plots.
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high (up to 95.9 NTU) but were driven by the resuspension of sediments rather than
algal biomass, as shown by the relatively low chlorophyll a concentrations (0.2–8.2
µg/L) (Figure 2.31c).
Only spot data were available for nutrients (Table 2.5), which were sampled in October
2003 (maximum water level). At the time of sampling, nutrient levels lay below the
default trigger values for southwestern Australian wetlands (ANZECC and ARMCANZ
2000), apart from ammonium which was very high (Table 2.5). This may have been due
to the presence of decaying organic matter nearby.
Invertebrates
The water levels at Arthur River Flats were too low to allow sweep-netting for
invertebrates.
Avifauna
Birds were surveyed once at Arthur River Flats on 28 October 2003. A total of 10
species were recorded, none of which were using the water (Appendix Three). The
palaeochannel is unlikely to provide significant food or water resources for avifauna.
Summary of wetland character
Over the study period, Arthur River Flats was a highly ephemeral system, filling only to
very shallow depths, and drying relatively quickly (Figure 2.28, Figure 2.31). As a
result, the site was unable to support an extensive submerged macrophyte community,
and in some areas, the sediment was often too dry even for a cohesive benthic microbial
community. Arthur River Flats is unlikely to provide much habitat for biota or to
support complex ecological processes. In brief the flats comprised a shallow, saline,
non-coloured, circumneutral wetland, which often experienced very high turbidities.
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Meeking Lake
Location and ecological character
Meeking Lake (or Meeking Pool) is a medium-sized (25 ha), seasonal, secondarily
saline wetland situated on private land north of Darkan, Western Australia
(33°14.732′S, 116°47.058′E, Figure 2.32, Figure 2.33) in the central Western Australian
wheatbelt. The lake is a surrounded by a narrow riparian fringe on all sides, behind
which lies a road on the west, paddock on the north and woodland on the east and south.
The landholders (Murray and Dana Steddy) have fenced and are currently revegetating
the northern and eastern sides of the lake. When water is present, the wetland is covered
in a dense bed of submerged macrophytes, dominated by Ruppia polycarpa,
Lamprothamnium macropogon and Lepilaena preissii (Figure 2.34).
Despite the change from fresh to saline water, Meeking Lake still supports a diversity of
healthy fringing vegetation including shrubs (Melaleuca viminea and M. lateritia) and
emergent macrophytes (Baumea articulata, Typha sp.), and a relatively diverse fauna
including resident breeding Oblong Tortoises (Chelodina oblonga, Figure 2.34b),
Gilgies (Cherax quinquecarinatus) (L.Sim, pers.obs.) and small fish (D. Steddy, pers.
comm.).
Water regime and salinity history
Meeking Lake is filled primarily by seasonal rainfall, with additional flows from
localised runoff and via a culvert under the Darkan–Williams Road. It is likely that
there is also some groundwater intrusion at the edges of the lake (T. Mathwin,
Department of Agriculture Western Australia (DAWA), pers. comm.). During the study
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Figure 2.32: Aerial photograph of Meeking Lake. Available at
http://earth.google.com GoogleEarth images are up to three years old.
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(a) February 2003

(b) October 2003
Figure 2.33: Southerly view across Meeking Lake in: (a) summer, February 2003;
and (b) spring, October 2003 showing differences in water level before and after
filling.
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(a) Ruppia polycarpa and Lamprothamnium macropogon October 2003

(b) Juvenile Oblong Tortoise (Chelodina oblonga)
Figure 2.34: Photograph of submerged macrophyte communities at Meeking Lake:
(a) Lamprothamnium macropogon and Ruppia polycarpa; (b) macrophytes with
juvenile Oblong Tortoise (Chelodina oblonga).
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period, Meeking Lake held water for approximately five months each year and dried
seasonally each summer. It dried completely in 2002–2003 and 2003–2004 (Figure
2.33a) and remained dry from summer to winter the following year. When full, the lake
reached a maximum depth of approximately 0.7–0.8 m. The monitoring was performed
in low rainfall years; therefore, it is likely that the lake’s maximum depth is greater in
periods of higher rainfall. The landholders have not observed any change in the lake’s
hydrology over the past 38 years (D. Steddy pers. comm.).
Meeking Lake was historically fresh and is believed to have become salinised over the
past 20 years (D. Steddy, pers. comm.). It appears likely that the lake has salinised both
via groundwater intrusion at its edges (although not through the main bed of the lake),
and via surface water inputs from nearby salinised land (T. Mathwin, DAWA, pers.
comm.). Without intervention (e.g. flushing), the lake is likely to continue to become
more saline (T. Mathwin, DAWA, pers. comm.). No data are available on the rate of
change of salinity at Meeking Lake, however the persistence of turtles and frogs at the
wetland (D. Steddy, pers. comm., Figure 2.34), and the relative health of the fringing
vegetation all suggest that the change has been gradual. The landholders have observed
the (relatively) recent establishment of some new fringing vegetation, including M.
viminea along the western side near the road (M. Steddy, pers. comm.), and new growth
by some of the emergent macrophytes.
Regional rainfall
Records from the Darkan rainfall station 10542 show autumn–winter-dominated
rainfall, with occasional episodic spring or summer flows (Figure 2.35a). Unlike
stations further north in the wheatbelt (e.g. Brookton, Narrogin), there has been no trend
of declining rainfall over the past decades (Figure 2.35b). Furthermore, as there are no
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long-term salinity data available for Meeking Lake, temporal trends in salinity and
rainfall cannot be compared.
Water chemistry
The ionic composition of Meeking Lake water shows strong NaCl domination (Figure
2.6), similarly to the other wheatbelt wetlands. Sodium comprised 82% of total cation
equivalence (Figure 2.6a) and chloride 96% of total anion equivalence (Figure 2.6b).
Salinity and water depth at Meeking Lake showed inverse trends over time (Figure
2.36a) and the negative relationship between these variables was statistically significant
(Table 2.2). Despite this, salinity was always relatively low for a salinised wetland (6.8–
29.8 ppt; except 69 ppt in February 2003).
The water level at the lake was much higher in 2002 than in 2003, but minimum
salinities in both years were >10 ppt. The pH was always high (pH 8.05–10.26, Figure
2.36b) and was positively correlated with water depth (Table 2.4) as it was at all of the
other study sites except Lake Coogee. There was also a negative correlation between pH
and salinity (Table 2.4), suggesting that similarly to Lake Mears and Little White Lake,
high water levels (and low salinities) were related to high macrophyte growth. Gilvin
fluctuated with water level and was usually quite low, except just before drying in early
2003 (11.5 g440/m, Figure 2.36b). Temporal fluctuations in turbidity and water column
chlorophyll a were very closely related (Figure 2.36c), suggesting that turbidity changes
at Meeking Lake were biotically driven. However, turbidities rarely exceeded 10 NTU
(ANZECC and ARMCANZ 2000) except when the lake was close to drying, and
chlorophyll a levels did not approach 30 µg/L (maximum 19 µg/L, Figure 2.36c). There
was a negative correlation between chlorophyll a and pH (Table 2.4), indicating that
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Figure 2.35: Rainfall at Darkan rainfall station 10542: (a) monthly rainfall (June 1978 to March 2004); and (b) annual rainfall (1979 to 2003).
Data provided by the Australian Bureau of Meteorology.
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Chl a 30 µg/L
Turbidity 10 NTU

Figure 2.36: Water quality variables at Meeking Lake from September 2002 to
March 2004: (a) water depth vs salinity; (b) pH vs gilvin; and (c) turbidity vs water
column chlorophyll a. Default trigger values (for wetlands in southwestern
Australia , ANZECC and ARMCANZ 2000) shown as dotted or dashed lines on
plots.
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elevated pH at Meeking Lake was driven by macrophyte rather than phytoplankton
photosynthesis.
Only spot data were available for nutrients (Table 2.5), and so no conclusions could be
drawn about temporal trends in nitrogen or phosphorus concentrations. At the time of
sampling all nutrients lay below the default trigger concentrations for southwestern
Australian wetlands (ANZECC and ARMCANZ 2000).
Submerged aquatic macrophytes
Submerged vegetation was surveyed at Meeking Lake on 20 November 2003. The lake
was dominated by Ruppia polycarpa and Lamprothamnium macropogon, with 80–
100% cover of both species across much of the wetland (Figure 2.37a). Angiosperm
cover was more variable than charophyte cover. Total submerged macrophyte biomass
was also relatively high across most of the wetland, recorded at between 200 and 300 g
DW/m2 (Figure 2.37b).
Invertebrates
A total of 43 invertebrate species were recorded at Meeking Lake, which was a
relatively diverse fauna for a secondarily salinised wetland. The invertebrate fauna
assemblage was dominated by three planktonic grazers: the copepod Boeckella
triarticulata, followed by a cladoceran Daphniopsis sp. and then the ostracod Diacypris
spinosa (Appendix Two). Damselfly larvae (Xanthagrion erythroreurum) were
common amongst the macrophytes.

93

601-700 g DW/m2
701-800 g DW/m2

61-80 % cover

81-100 % cover

500 m

Figure 2.37: Schematic maps of submerged vegetation at Meeking Lake in November 2003: (a) percentage cover; and (b) biomass (in g dry
weight per m2).
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N

Avifauna
Birds were surveyed once at Meeking Lake on 28 October 2003. Sixteen species of bird
were observed in and around the lake, with four species: the Australian Shelduck
(Tadorna tadornoides); Black Swan (Cygnus atratus); Eurasian Coot (Fulica atra); and
Australian Grey Teal (Anas gracilis) using the water (Appendix Three). Black Swans
were often observed grazing on the submerged macrophytes. A more extensive bird
survey was conducted at Meeking Lake in 2002 by Wayne Zadow (Land for Wildlife),
and at this time Maned Ducks (Chenonetta jubata) and Pink-eared Ducks
(Malacorhynchus membranaceus) were also observed (D. Steddy pers. comm.).
Summary of wetland character
During the study period, Meeking Lake was a medium-sized, secondary salinised,
seasonally-drying wetland, with a diverse, relatively healthy riparian zone in which
there had been some replacement of freshwater with salt tolerant species. When water
was present the lake was dominated by dense beds of submerged macrophytes.
Phytoplankton biomass was always low and the system did not appear to be
significantly nutrient enriched. Physico-chemical conditions fluctuated seasonally at
this wetland, with a strong effect of evapoconcentration before drying. In brief,
Meeking Lake was a saline, non-coloured, alkaline system of low turbidity.

Rushy Swamp
Location and ecological character
Rushy Swamp (also known as Bushy Swamp) is a medium-sized (12.5 ha), seasonal
wetland located on private land near Woodanilling in Western Australia’s central
wheatbelt (33°32.420′S, 117°16.142′E, Figure 2.38, Figure 2.39). During the sampling
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period (2002–2003), when the lake was full, it was covered by a dense bed of
submerged macrophytes, dominated by Lamprothamnium macropogon, Lepilaena
preissii and Ruppia polycarpa (Figure 2.40), with occasional patches of bare sediment.
Macrophytes were sparser on the shallower, southern side of the lake. In late spring
2003, cloudy suspended bacterial blooms were found in some of these patches (Figure
2.41), often in deep water, with tall macrophytes around them, sheltering them from
water movement.

Rushy Swamp

Figure 2.38: Aerial photograph of Rushy Swamp. Available at
http://earth.google.com GoogleEarth images are up to three years old.
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(a) February 2003

(b) October 2003
Figure 2.39: Easterly view across Rushy Swamp in: (a) summer, February 2003;
and (b) spring, October 2003, showing seasonal differences in water level.
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(a) Lamprothamnium macropogon November 2003

(b) Lepilaena preissii November 2003
Figure 2.40: Photograph of submerged macrophyte communities at Rushy Swamp:
(a) Lamprothamnium macropogon; (b) Lepilaena preissii.
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Cloudy suspension between plant beds November 2003
Figure 2.41: Photograph of cloudy suspended bacterial ‘bloom’ at Rushy Swamp.
Water regime and salinity history
Rushy Swamp was historically fresh and has been affected by increasing salinity over
the past 30 years (D. Douglas, pers. comm.). The landholders first noticed salinisation
in the catchment in the 1960s, followed by a decline in the water quality at the lake in
the mid 1970s, accompanied by the death of surrounding vegetation (D. Douglas, pers.
comm.). Tree death was relatively slow, however, the death of the abundant ‘bulrushes’
(probably Typha sp.) surrounding the wetland occurred rapidly in the mid 1970s when
the water quality changed (D. Douglas, pers. comm.). The loss of this emergent
vegetation and the change in water quality also appeared to cause a decline in the
number of Tiger Snakes (Notechis ater) and turtles (probably Chelodina oblonga) living
at the wetland (D. Douglas, pers. comm.). The landholders also noticed a decline in
waterbird numbers and the occurrence of some bird species (e.g. ‘cranes’ (probably
egrets), spoonbills, and ibis) during the 1970s and 1980s, although waterbird numbers
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have increased dramatically in the past 10 years (D. Douglas, pers. comm.).
The lake currently has an intermittent water regime and dries down seasonally, but may
be becoming less permanent over time (D. Douglas, pers. comm.). The current
landholder, Dale Douglas, and his father, who have lived in the area since the 1950s
both remember the wetland holding permanent water until the late 1970s when it began
to dry down regularly (D. Douglas, pers. comm.). Despite this, they have not noticed a
marked change in the water level when the lake now fills. Dale Douglas believes that
the decrease in water entering the lake might partly be attributable to the increased
numbers of dams and channels upstream of the wetland area that prevent runoff from
reaching the low-lying parts of the landscape (D. Douglas, pers. comm.). Over the
duration of the current study, Rushy Swamp held water from approximately July–May
each year and the lake bed did not completely dry in the months when the lake was not
filled (Figure 2.39). The lake receives water from rainfall but also via a culvert under
the Douglas Road that runs along its southern edge. The water from this culvert comes
from the surrounding salt-affected land and is often of relatively high salinity (e.g. 17.9
ppt recorded on 25/06/03).
Regional rainfall
Records from the Woodanilling rainfall station 10659 show autumn–winter-dominated
rainfall, with common summer peaks (Figure 2.42a). Similarly to the Darkan rainfall
station, and in contrast to the stations further north, there has been no trend of declining
rainfall over the past decades (Figure 2.42b). No long-term salinity data exists for
Rushy Swamp so temporal trends in changing salinity and rainfall cannot be compared.
Water chemistry
The ionic composition of Rushy Swamp water shows strong NaCl domination (Figure
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2.6), making this a common feature of all of the study lakes. Sodium comprised 91% of
total cation equivalence (Figure 2.6a) and chloride 94% of total anion equivalence
(Figure 2.6b). Temporal salinity and water depth data show opposite trends over time
(Figure 2.43a), and there is a significant negative relationship between these variables
(Table 2.2).
Maximum water depth was greater in 2003 than 2002 (Figure 2.43a). Levels of pH
fluctuated quite widely at Rushy Swamp (pH 6.38–10.36, Figure 2.43b), and were
positively correlated with water level changes (Table 2.4). Maximal pH occurred when
water levels were highest and plant biomass and cover were also high (Figure 2.43b).
Gilvin fluctuated widely from 0.5 to 12.2 g440/m (Figure 2.43b) and appeared to be
strongly influenced by evapoconcentration. Turbidity and chlorophyll a showed related
trends over time (Figure 2.43(c)), however turbidity increased in response to sediment
resuspension caused by waterbird grazing, and at times of low water level.
Only spot data is available for nutrients (Table 2.5), and so no conclusions can be drawn
about temporal trends from these data. At the time of sampling all nutrients generally
lay below the default trigger concentrations for southwestern Australian wetlands
(ANZECC and ARMCANZ 2000).
Submerged aquatic macrophytes
Submerged vegetation was surveyed at Rushy Swamp on 19 November 2003. The lake
was dominated by Lamprothamnium macropogon with some sparse Ruppia polycarpa
and Lepilaena preissii, mainly in the littoral areas. In general submerged macrophytes
had very high cover (80–100%) across the wetland. Submerged macrophyte biomass
was also high (around 200 g DW/m2) but was lowest in the centre of the wetland.
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Figure 2.42: Rainfall at Woodanilling rainfall station 10659: (a) monthly rainfall (November 1982 to March 2004); and (b) annual rainfall
(1979 to 2003). Data provided by the Australian Bureau of Meteorology.
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241.5

Chl a 30 µg/L
Turbidity 10 NTU

Figure 2.43: Water quality variables at Rushy Swamp from September 2002 to
March 2004: (a) water depth vs salinity; (b) pH vs gilvin; and (c) turbidity vs water
column chlorophyll a. Default trigger values (for wetlands in southwestern
Australia , ANZECC and ARMCANZ 2000) shown as dotted or dashed lines on
plots.
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Figure 2.44: Schematic maps of submerged vegetation at Rushy Swamp in November 2003: (a) percentage cover; and (b) biomass (in g dry
weight per m2).
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Invertebrates
A total of 39 invertebrate species were recorded at Rushy Swamp, making it the third
most diverse site sampled. The invertebrate fauna were dominated by the Cladoceran
Daphniopsis sp. followed by the Copepod Boeckella triarticulata (Appendix Two). The
Odonatan Xanthagrion erythroreurum was common in macrophyte beds.
Avifauna
Birds were surveyed once at Rushy Swamp on 28 October 2003. Nineteen species were
recorded in and around the lake, five of which were using the water: the Australian
Shelduck (Tadorna tadornoides); Black Swan (Cygnus atratus); Eurasian Coot (Fulica
atra); Australian Grey Teal (Anas gracilis) and Hoary-headed Grebe (Poliocephalus
poliocephalus) (Appendix Three). Black Swans were observed feeding on submerged
macrophytes. In recent years, up to 2,000 swans and 40,000 ducks have been counted at
the wetland (D. Douglas, pers. comm.).
Summary of wetland character
During the study period, Rushy Swamp was a medium-sized, secondary salinised,
seasonally-drying wetland, surrounded by salt-affected riparian vegetation, and
dominated by submerged macrophytes when full. The wetland has apparently been
undergoing a change in water regime from permanent to seasonal over the past 30 years.
Physico-chemical conditions fluctuated seasonally at this wetland, with a strong effect
of evapoconcentration before drying. In summary, Rushy Swamp was a saline, slightly
coloured, circumneutral–alkaline system that experienced occasional high turbidities.
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Commonalities in ecological character across lakes
A summary of the ecological characteristics of the seven study wetlands is given in
Table 2.6. It is difficult to infer the effects of differences in salinity history from
observational data, but it appears that at these seven wetlands, longer salinisation
histories have tended to result in higher wetland salinity levels (see also Strehlow et al.
2005). All seven wetlands experienced large temporal fluctuations in water level,
salinity and other physico-chemical variables as they underwent seasonal wetting and
drying. Most sites did not hold water permanently but experienced annual or multiannual cycles of drying. Even Lake Coogee, which was the only site to hold permanent
water, showed significant seasonal fluctuations in water level. Only sites with extremes
in hydrology (very dry or permanent) continually supported benthic microbial
communities (Chapter Two, Chapter Six).
In general, where macrophytes were present the percentage cover was high and pH
levels increased with water depth (probably due to photosynthesis). Ionic composition
was similar at all sites and was strongly NaCl dominated. The lowest macrophyte cover
within the vegetated wetlands occurred at Little White Lake, which was the shallowest
vegetated system (within the period 2002–2003) and held water for the shortest period
of time. All lakes were co-dominated by angiosperms and charophytes, with a tendency
towards greater angiosperm cover at the lower salinity lakes. Most of the variability
between sites was in their faunal diversity, which was probably driven by factors
additional to salinity, such as dispersal, endemism and macrophyte biomass.
A survey of the fish community was not undertaken as part of this study, therefore, the
impact of fish predation on invertebrate numbers is not known. However, fish
communities are unlikely to be present in saline, seasonally-drying wetlands, and no
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fish were observed at seasonally-drying wetlands during this study. The native fish
communities of southwestern Australian waterbodies are depauperate, even by
Australian standards (Morgan et al. 1998), and tend to be confined to permanent waters.
From April 2003 to January 2004, the Swan River Goby (Pseudogobius olorum) was
observed at Lake Coogee, but its abundance was not quantified. The Swan River Goby
is a relatively small fish (maximum size about 60 mm) and it is believed to an
opportunistic benthic feeder (Morgan et al. 1998; Norton 1999). Morgan et al. (1998)
note that in the Swan River estuary the Goby feeds primarily on ‘algae and mats of
bacteria and fungi’ throughout much of the year, although it is also known to
opportunistically take benthic and planktonic invertebrates (Morgan et al. 1998; Norton
1999). Despite the presence of fish, the fauna at Lake Coogee was strongly dominated
by grazing copepods and cladocerans, which are likely to have had a significant impact
on water column phytoplankton concentrations (which were low). All other study
wetlands were also strongly dominated by grazing zooplankton. It is possible that as
well as grazing on phytoplankton, the invertebrate communities of these wetlands may
also graze on the benthic microbial communities, but the extent to which this occurs is
not known.
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Table 2.6: Summary of ecological character of the seven study wetlands
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Soils in southwestern Australia have a naturally high salt load from historic
accumulation of airborne marine salts; however, land clearing for agriculture has caused
rapid and more severe salinisation (Mulcahy 1978; George et al. 1995; Cramer and
Hobbs 2002). The widespread removal of native, deep-rooted perennial vegetation has
led to a dramatic drop in transpiration levels and has increased groundwater recharge
and surface runoff. Saline groundwater tables have risen markedly across the cleared
areas, even to the surface in some places (Mulcahy 1978; George et al. 1995; Cramer
and Hobbs 2002). Vulnerable wetlands and rivers within the affected agricultural zone, ,
no longer support pre-clearing ecological communities and are rapidly moving along a
trajectory from fresh to saline to hypersaline (Davis et al. 2003; Halse et al. 2003).
However, many of the salinised wetlands in the southwest still support extensive
macrophyte communities and associated macroinvertebrate assemblages. We argue that
the preservation of productive, saline macrophyte-dominated ecosystems is preferable
to a shift to hypersaline ecosystems dominated by benthic microbes, which are unable to
support the same complexity of ecological structure and function.
Sadly, the enormous scale of the salinity problem in Western Australia and the inability
to control salt levels except in localised areas makes it virtually impossible to restore
salinised wheatbelt wetland systems to a fresh state. Therefore, we focus here on the
conservation and restoration of salinised wetlands that remain dominated by submerged
macrophytes.
Three main ecological regimes have been observed in the salinised wetlands of
southwestern Australia: (i) clear water, dominated by submerged macrophytes such as
Ruppia spp., Lepilaena spp., Lamprothamnium spp.; (ii) turbid water, dominated by salt
tolerant algae such as Dunaliella spp.; and (iii) clear water dominated by cohesive or
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fragmented benthic microbial communities. It is not yet clear whether the transitions
between these regimes are driven by salinity alone, or whether they occur in
combination with changes to other factors such as nutrients and water regime. The
transition we focused on here is the change from (i) to (iii) because preliminary findings
suggest that the change from (i) to (ii) in the saline wetlands of the southwest may be
driven primarily by nutrients, as in fresh systems.
To preserve or restore the submerged macrophyte-dominated regime, more needs to be
understood about the relationship between ecological regimes (i) and (iii) and the
triggers and thresholds for transitions between them. We propose three conceptual
models for ecosystem regime shifts in salinising wetlands and present five testable
predictions that distinguish between the models.

Models and predictions
Three generalised patterns of change in community dominance could be caused by
salinity increases in aquatic ecosystems (Figure 3.1). The first is approximately linear,
called here the ‘continuum’ model, in which an increase in salinity leads to a decrease
in submerged macrophyte dominance, and presumably also a corresponding increase in
benthic microbial community dominance, until macrophytes are absent and benthic
microbes totally dominate (Figure 3.1a). The second is a ‘threshold’ model in which an
increase in salinity leads to only small changes in macrophyte dominance until a
particular threshold salinity is reached, followed by a rapid shift to a benthic microbial
community-dominated regime (Figure 3.1b). The third is the ‘alternative regimes’ or
‘alternative stable states’ model, discussed by numerous authors with relation to
nutrients (Blindow et al. 1993; Moss et al. 1996; Janse 1997; Scheffer 1998; van Nes et
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al. 2002; Morris et al. 2003a), and more recently proposed for use in modelling salinitydriven changes (Davis et al. 2003; Strehlow et al. 2005). In this scenario, macrophytedominated and benthic microbial community-dominated regimes are both possible over
a range of intermediate salinities, and each regime is maintained over this range by
various self-stabilising mechanisms (Figure 3.1c). The nature of these self-stabilising
mechanisms has not yet been established for salinising wetlands but will likely include
the development of physical or chemical conditions that promote the persistence of the
dominant biotic community, while at the same time prevent establishment of an
alternative community. An example of this in freshwater shallow lakes is the low light
conditions caused by a high biomass of phytoplankton, which prevents submerged
macrophyte establishment (Blindow et al. 1993; Moss et al. 1996).
(a) Continuum

(b) Threshold
Macrophyte-dominated

BMC-dominated
Salinity

Macrophyte-dominated
Ecosystem condition

Ecosystem condition

Ecosystem condition

Macrophyte-dominated

(c) Alternative regimes

BMC-dominated
Salinity

BMC-dominated
Salinity

Figure 3.1: Three possible pathways along which the shift from a macrophytedominated to a benthic microbial community-dominated regime might occur in a
secondarily salinised wetland system (adapted from Scheffer et al. 2001; Scheffer
and Carpenter 2003)

As discussed by Suding et al. (2004), the assumption that the relationship between
ecological regime (or community dominance) and any driving environmental factor is a
simple one, such as those depicted by continuum or threshold models, can be dangerous
if alternative regimes do in fact exist. This is because management interventions
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intended to move the system towards a historical or desired state may have unexpected
effects if the degradation and restoration trajectories follow different pathways
(Scheffer and Carpenter 2003; Suding et al. 2004). However, assuming the occurrence
of alternative regimes where they do not exist might waste unnecessary resources and
time, as this scenario is likely to require more intensive management than the simpler
threshold or continuum scenarios. Therefore, in order to preface the interpretation of
observational and experimental data collected as part of a larger study, we detailed
some predictions for ecosystem responses to salinity under each of the three scenarios
(Table 3.1).
Testing or finding evidence for the responses in Table 3.1 would help to determine the
applicability of each of the three conceptual models to the salinisation of Western
Australian agricultural zone wetlands. Key differences between the models are: the
pattern of regime change occurring as salinity increases (as depicted in Figure 3.1); the
persistence of transitional regimes, which should only be possible under a continuum
model; the importance of ecosystem resilience to salinity-driven regime shifts (i.e. will
alteration of the ecosystem by other factors change its response to salinity increase); and
the presence or absence of self-sustaining (feedback) mechanisms that could hold the
system in ‘equilibrium’ and prevent changes to species composition or dominance
within a particular salinity range.
On a practical level, management intervention for the restoration of salinising wetlands
is likely to involve decisions about whether to manipulate salinity levels, and the need
for further intervention (e.g. the introduction of propagules for recolonisation). These
decisions will depend on the salinity of the particular system, its hydrology, seedbank
viability (including viability of vegetative propagules), potential recolonisation rates
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Regime change directly proportional to salinity
change.

Relationship between salinity change
and regime change

Recolonisation relatively rapid.

Persistence of some organisms from each
regime’s dominant community at intermediate
salinities.

Viability of recolonisation

No persistence of organisms from dominant
communities at intermediate salinities.
Speed of recolonisation dependent on
availability of viable propagules from the
seedbank or nearby wetland.

Speed of recolonisation dependent on availability
of viable propagules from the seedbank or nearby
wetland.

Strong feedback or self-stabilising
mechanisms.

Changes in resilience may undermine a
particular ‘equilibrium’.

Shifts at intermediate salinities cannot occur
without external perturbation.

Weakening of ecosystem resilience important
for regime shifts.

Transitional regimes highly transient.

Hysteresis effects evident.

Regime shifts at salinity extremes or at
intermediate salinities with additional
perturbation.

Alternative regimes

No persistence of organisms from dominant
communities at intermediate salinities.

Some weak feedback mechanisms at salinity
extremes but likely to break down when threshold
salinity reached.

Biotic changes driven largely by salinity increases
or decreases (salinity tolerance).

Biotic changes driven largely by salinity
increases or decreases (salinity tolerance).

No strong feedback or self-sustaining
mechanisms.

Weakening of ecosystem resilience may change
threshold salinity, but not shape of curve.

Weakening of ecosystem resilience may
change slope of curve but not its shape.

Existence of self-stabilising mechanisms

Changes in ecosystem resilience are not necessary
for a shift to occur.

Changes in ecosystem resilience are not
necessary for a shift to occur.

Importance of ecosystem resilience to
regime shifts

Transitional regimes highly transient.

Transitional regimes able to persist.

No hysteresis effects evident (shift back can occur
at same salinity).

Regime shift at threshold salinity(ies).

Threshold

Persistence of transitional regimes

No threshold salinity concentration must be
crossed for regime change.

Continuum

Factor

Table 3.1: Predictions for wetland ecosystem responses to salinity change under three contrasting conceptual models
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from nearby sites, and the salinity tolerances of its biota. Importantly, the type of model
chosen to represent the system(s) in question will help determine the likelihood of
intervention success. For example, in a hypothetical scenario, if the seedbank is no
longer viable at a particular site, successful restoration of the plant community via the
reintroduction of propagules is much more likely if a simple decrease in salinity level
(continuum model) is all that is required for their establishment. The existence of
hysteresis effects and strong feedback mechanisms (alternative regimes model) such as
the prevention of germination by the presence of a flocculent benthic microbial layer,
might prevent macrophyte re-establishment, even if salinity levels are suitable for
germination.
Therefore, understanding the response of an ecosystem to perturbations in the form of
increases in salinity or other stressors (such as grazing, waterlogging, nutrient
enrichment) or corresponding decreases in these factors is extremely important with
regard to management intervention. The predictability of restoration actions depends on
our understanding of underlying ecological processes (Scheffer and Carpenter 2003;
Suding et al. 2004); therefore, the determination of an appropriate model for regime
shifts in salinised wetlands is an important step in the restoration of these systems.
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Abstract
This paper is the first in a pair investigating potential mechanisms for ecological regime
change in salinising wetlands. Many of the seasonally-drying aquatic ecosystems of the
Western Australian agricultural zone are affected by secondary salinisation, resulting
from widespread vegetation clearing. This has caused a shift from dominance by
freshwater submerged macrophytes to dominance by salt-tolerant species, and at very
high salinities may mean complete replacement of plants by salt-tolerant benthic
microbial communities. In a landscape where there is little prospect of restoring
freshwater ecosystems, saline macrophyte-dominated wetlands have structural and
functional importance, and their replacement by benthic microbial communities could
result in the loss of some of these values. The salinity tolerances of salt tolerant
submerged macrophytes are likely to be a key factor in the persistence of a macrophytedominated ecological regime. As part of a wider study examining transitions between
ecological regimes in salinising wetlands, we investigated some of the mechanisms
responsible for the formation and maintenance of the macrophyte-dominated ecological
regime by studying the germination and flowering of four submerged macrophyte
species common in saline Western Australian wetlands; Ruppia polycarpa R. Mason,
Ruppia megacarpa R. Mason, Lamprothamnium macropogon (A. Braun) Ophel and L.
cf. succinctum (A. Braun in Ascherson) Wood, and by following the survival of adult R.
polycarpa as salinities were increased to a range of endpoints (6, 15, 45, 70 and 100
ppt). Increased salinity led to a decrease in the number of germinating plants, an
increase in the time to emergence of germinating plants and a decrease in the number of
inflorescences (or fertile plants) produced by R. polycarpa, L. macropogon and L. cf.
succinctum. Germination of R. megacarpa was low, with only two seeds germinating
under any conditions; providing limited information with regard to salinity response.
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The survival of adult plants also decreased as salinity increased and was negatively
affected by faster rates of salinity increase. The upper salinity limits for germination,
within the 70 day experiment, were 40–50 ppt for R. polycarpa and L. cf. succinctum,
and 30–40 ppt for L. macropogon. Survival of adult R. polycarpa also declined
markedly at above 45 ppt. Optimum salinities for growth appear to be 0–6 ppt, however
these species may be outcompeted in the field at very low salinities. Our results suggest
that salt-tolerant macrophyte communities composed of these species are unlikely to
develop at seasonally-drying wetlands where the salinity is consistently greater than 45
ppt, and that salinity should not exceed 30 ppt until propagules have been produced, if
the macrophyte-dominated ecological regime is to persist.
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Introduction
Large areas of the Australian continent are currently affected by secondary
(anthropogenic) salinisation and in some localities this process has now been occurring
for over a century (George et al. 1995; Davis et al. 2003; Hatton et al. 2003). In
southern Australia, secondary salinisation is most commonly associated with land
clearing (dryland salinity) or irrigation for agriculture (irrigation salinity) (Williams
2001). Reduced interception or increased inputs of surface water have caused
groundwater tables to rise, leading to an excess of saline water at or near the ground
surface (Hatton et al. 2003). Aquatic ecosystems are particularly vulnerable to the
effects of rising saline groundwater, as they are located low in the landscape (Davis et
al. 2003). Although some of the wetlands and rivers in the southwestern Australian
agricultural zone are naturally saline, most would once have been fresh, and have
become salinised as this region became affected by dryland salinisation (Halse et al.
2003). Much of the freshwater-adapted biota that used to dominate these ecosystems
has now been lost from the landscape (Halse et al. 2003).
The majority of wetlands in southwestern Australia have never held permanent water,
but fill and dry on a seasonal basis with winter rains, or episodically, often due to large
summer rainfall events (Brock & Lane 1983; Halse et al. 2003). Therefore, the biota
inhabiting these systems is resistant (able to withstand) or resilient (able to recover
quickly from) to drying and to the large fluctuations in other environmental parameters,
such as light, temperature and salinity, which occur as the water level changes. The
resilience of the resident aquatic biota to seasonal drying is facilitated by their short life
cycles and ability to rapidly reproduce when water is present (Boulton & Brock 1999).
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Increased salinity in agricultural zone wetlands has led to the replacement of freshwater
macrophyte communities (dominated by genera such as Marsilea and Lemna, Sanders
1991) by salt-tolerant species from the genera Ruppia, Lepilaena (angiosperms), and
Lamprothamnium (charophyte algae); species which also occur in naturally saline
ecosystems (Brock & Lane 1983). Despite having lower biodiversity than freshwater
ecosystems, saline submerged macrophyte-dominated communities still play a similar
structural and functional role to freshwater species, and are still able to support a range
of vertebrate and invertebrate fauna (Strehlow et al. 2005). Ruppia species in particular
are recognised for their international importance to waterbirds (Kantrud 1991).
However, as salinity increases, there is a shift in dominance from macrophytes to
benthic microbial communities composed of bacteria, cyanobacteria and algae (Brock &
Shiel 1983; Davis et al. 2003). Benthic microbial communities cannot provide the same
range of habitat and resource values for dependent fauna, and tend to be associated with
a depauperate faunal assemblage (Strehlow et al. 2005). In a landscape where there is
little prospect of restoring freshwater ecosystems, due to the scale and severity of
salinisation (Hatton et al. 2003), saline macrophyte-dominated wetlands have structural
and functional importance, and their replacement by benthic microbial communities is
likely to lead to a reduction in these ecological values.
This research was part of a larger study seeking to develop a conceptual model to
explain changes between ecological regimes in saline aquatic ecosystems (see Also
Chapters Three, Five and Six). In this study, the term ‘ecological regime’ is used to
describe a persistent, characteristic assemblage of species groups and physico-chemical
conditions in an ecosystem. Ecological regimes have also been widely referred to as
ecosystem ‘states’ (e.g. Scheffer 1990; Beklioglu and Moss 1996; Janse et al. 1998;
Morris et al. 2003a). Alternative states theory (sensu Moss 1990; Scheffer 1990) has
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been proposed as a possible conceptual framework for ecological regime shifts in
salinising ecosystems (Davis et al. 2003). The application of this theory to saline
wetlands has recently been examined using observational data to track the occurrence
and persistence of different ecological regimes (Strehlow et al. 2005), however, an
understanding of the mechanisms underlying these changes is also required. In this
study we have investigated some of the mechanisms responsible for the formation and
persistence of the macrophyte-dominated ecological regime. Chapter Five focuses on
the mechanisms responsible for the initiation and persistence of the benthic microbial
community-dominated ecological regime.
Salinity tolerances are likely to be a key factor driving the dominance or loss of
submerged plant communities and three aspects: germination, adult survival, and
reproduction were considered in this study. The relative importance of each of these
factors is dependent on the time scale of interest. Germination is vital for the annual reestablishment of the macrophyte community in these seasonal systems, and survival of
the adult plants is necessary to allow reproduction to occur. Reproduction does not need
to occur every year as the seed banks of temporary wetlands are often long-lived (Brock
et al. 2003), however, it must occur regularly enough to sufficiently replenish the seed
bank to allow long-term persistence of the species. Experimental investigation into the
salinity tolerances of Australian species of Ruppia was undertaken by Brock (1982a)
and Vollebergh and Congdon (1986), and of Australian species of Lamprothamnium by
Burne et al. (1980). Our study extended this work by testing a greater range of
salinities, and by looking at the influences of salinity level and its effect on the delay
(time lag) in germination and attainment of adult plant status and reproduction. As we
used intact sediments, this study does not distinguish between the germination of seeds
or spores, or the resumption of growth by vegetative propagules such as turions. A
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preliminary investigation into the effect of rate of change of salinity on adult plant
survival was also undertaken. Importantly, our work attempts to put species tolerance
data into the context of ecosystem-level ecological change driven by anthropogenic
salinisation.
Our study sought to determine the potential upper salinity limit(s) of the macrophytedominated ecological regime. The salinity limits to germination, adult plant survival
and flowering (and the salinity-induced delays associated with each of these) were used
to predict when this ecological regime might be expected to occur or when another
ecological regime might become dominant. Determination of the likely conditions for
formation and persistence of a macrophyte-dominated ecological regime is the first step
in understanding how to manage salinising aquatic ecosystems to maximise biodiversity
and maintain ecological function.

Study species
Ruppia polycarpa R. Mason is a delicate, herbaceous, annual angiosperm, anchored in
the sediment by rhizomes. It reproduces by means of sexual (seeds), or under some
circumstances asexual propagules (turions) and occurs in fresh to hypersaline waters
throughout southern Australia and New Zealand (Jacobs & Brock 1982). The taxonomy
of Ruppia spp. in Australia was revised in 1982 by Jacobs and Brock (1982). A full
description of R. polycarpa and its propagule characteristics can be found in Brock
(1982a; 1982b).
Ruppia megacarpa R. Mason is a more robust perennial angiosperm, also with a
rhizomatous growth form. In permanent waters it usually reproduces vegetatively, but
may act as an annual and germinate from seed in seasonally-drying systems. This
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species also occurs in fresh to hypersaline waters throughout southern Australia and
New Zealand (Jacobs & Brock 1982). As for R. polycarpa, a full description of R.
megacarpa and its propagule characteristics can be found in Brock (1982a; 1982b).
Lamprothamnium macropogon (A. Braun) Ophel and L. cf. succinctum (A. Braun in
Ascherson) Wood are perennial charophyte algae which occur in non-marine, saline
waters throughout Australia and elsewhere in the world (García & Chivas 2004). All
charophytes reproduce via the production of sexual propagules known as oospores
(Casanova 2003). Until recently, all Lamprothamnium spp. in Australia were grouped
under ‘L. papulosum’, but they have now been divided into several species (García &
Chivas 2004). Four species have been described, including the two studied here (García
& Casanova 2003; García & Chivas 2004), but at least three are as yet undescribed (A.
García pers.comm.). Since little ecological research has been carried out on
Lamprothamnium in Australia, and most work has focussed on the broader group ‘L.
papulosum’, there is still limited ecological information on the individual species this
group contains (García & Chivas 2004). It is also difficult to know which species were
actually examined in past studies (e.g. Burne et al. 1980) or how much of the variability
in response or salinity tolerance found was due to interspecific versus intraspecific
variation.

Materials and Methods
Two experiments were carried out to explore the salinity tolerances of three salt-tolerant
submerged macrophytes. The first experiment measured the germination and flowering
success of macrophytes using seed bank samples (in sediment) collected at two
salinised wetlands, and flooded at a range of salinities. The second investigated adult
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plant tolerances by subjecting adult plants to stepwise salinity increases, recording dry
weight, plant condition and flowering.

Study sites
Material for the germination experiment was collected from Lake Mears near Brookton,
Western Australia (32°13.8′S, 117°21.6′E) in February 2003 and from Meeking Lake
near Darkan, Western Australia (33°14.7′S, 116°47.1′E) in March 2003. Lake Mears is
a large (208 ha), open, periodically-inundated wetland with a maximum depth of
approximately 2.4 m (Connolly 2002). Once filled, the lake dries down over several
years. Lake Mears is a nature reserve vested in the Conservation Commission of
Western Australia. It is surrounded by private properties on its northern, eastern, and
southern sides. Salinisation first became evident in the 1950s due to surface drainage
originating from agricultural land upstream (Connolly 2002). When first sampled for
this study in June 2002 (winter), the lake was largely dry with a thick salt crust and no
aquatic vegetation present, and was classified as a benthic microbial communitydominated system (Strehlow et al. 2005). At the time, it was not known whether a
persistent macrophyte seed bank existed at the lake. However, an extensive submerged
macrophyte community developed on re-flooding (2003) and subsequent macrophyte
surveys have identified Lamprothamnium cf. succinctum and Ruppia megacarpa as the
dominant species.
Meeking Lake is a medium-sized (25 ha) lake located on private property with a
maximum depth of <1 m, which fills with rainfall in autumn/winter each year and dries
on an annual basis. The landowner believes the lake has become salinised over the past
10–15 years (M. Steddy, personal communication). On filling, the lake becomes
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dominated by a dense stand of submerged macrophytes (Ruppia polycarpa,
Lamprothamnium macropogon and Lepilaena preissii (Lehm.) F. Muell.). Material for
the adult plant experiment was taken from Meeking Lake only.
All experimental work was carried out at an outdoor experimental area on the Murdoch
University campus at Murdoch, Western Australia.

Germination experiment
Sediment was taken from Lake Mears and Meeking Lake when the lakes were dry in
February and March 2003 (summer and autumn), respectively. Meeking Lake had been
covered by a dense bed of submerged macrophytes before drying, and was presumed to
have a viable seed bank, however it was not known whether viable propagules were
able to persist at the more saline Lake Mears. Six sediment cores (37 mm diameter × 25
mm deep) were placed in each of 20 (Lake Mears) or 24 (Meeking Lake) shallow
plastic trays (90 × 150 × 50 mm). These seed bank samples were kept dry and under
ambient light and weather conditions until re-flooding in April 2003 (autumn; when rain
typically first falls in the field). The range of maximum and minimum temperatures
experienced in Perth are similar to those in the wheatbelt, and both areas have a
Mediterranean climate, dominated by winter rainfall, however Perth records a higher
annual rainfall (Halse et al. 2003). The trays were flooded by rainwater to simulate
natural conditions and then salinities were adjusted to treatment level two days later.
Each plastic tray was placed in a small glass aquarium (150 × 200 × 150 mm) to allow
flooding of the sediments to a depth of about 130 mm.
Aquaria were kept cool in 65 L plastic tanks filled with tap water. The experimental
units were kept in an outdoor area covered by a shelter of clear plastic sheeting which
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allowed normal diurnal light and temperature fluctuations and the flow-through of air
under the shelter, but prevented dilution of treatments by rainwater.
Salt solution was made up using tap water and natural lake salt from Lake Deborah,
Western Australia (sold by WA Salt Supply as Pool Salt). The composition of this salt
was very similar to that of both Meeking Lake and Lake Mears, being dominated by
sodium chloride (A. Peters, per. comm. 2002). Salt solution was added to aquaria in the
appropriate concentrations for each growth culture.
For Meeking Lake sediment, three replicate trays were flooded at each of eight salinities
(0, 6, 15, 30, 45, 60, 70, 100 ppt) and were maintained at these salinities for a period of
70 days. For Lake Mears sediment, there were two replicates for 0, 6, 70 and 100 ppt
and three replicates for the other treatments. Every two to three days, trays were
photographed and approximate sizes and abundances of germinating plants were
recorded. For clarity, the term ‘germinating plant’ is used throughout this paper to refer
to both angiosperm seedlings and charophyte sporelings. The presence of oogonia and
antheridia (Lamprothamnium spp.) and numbers of inflorescences (Ruppia spp.) were
also recorded. Total numbers and relative abundance of germinating plants, lengths of
shoots, numbers of shoots and numbers of shoot clusters (groups of shoots originating at
the same point on the rhizome) were recorded at a harvest, 69 to 72 days after flooding.
The number of leaves per tray and the number of shoot clusters per tray were recorded,
in addition to plant number, as measures of growth/colonisation success because it was
sometimes difficult to determine how many Ruppia plants were present in each tray,
due to extensive rhizomatous growth. The germination times presented here represent
the emergence of germinating plants from the sediment, not actual germination, and so
these results may not be directly comparable to those from petri dish studies (e.g.
Vollebergh & Congdon 1986) where germination would have been evident earlier.
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Adult plant tolerances
Cultures of Ruppia polycarpa and Lamprothamnium macropogon were grown from
seeds and spores in sediment taken from Meeking Lake in April 2003 (autumn; while
still dry). The top 5 cm sediment was collected from three spatially distinct areas in the
wetland, chosen as areas representative of total wetland submerged macrophyte cover.
This sediment was pooled and mixed by hand while dry. Sediment 3 cm deep was
placed into each plant pot (10 cm diameter) over 9 cm of perlite. Pots were then flooded
with tap water and maintained at low salinity for several weeks (2–4 ppt; salt released
from sediment). Plants emerged three weeks after flooding. Numbers of seeds were not
standardised across pots, therefore results reflect the natural variability in propagule
numbers occurring in wetland sediments. As in the germination experiment, numbers of
plants varied between experimental units, making biomass (leaf number in the
germination experiment, dry weight in the persistence experiment) a better measure of
germination success. At almost eight weeks after flooding when plants had established
but had not yet flowered, the pots were divided into 24 tubs and subjected to a step-wise
increase in salinity level (10 ppt/week), with six different endpoints (6, 15, 30, 45, 70,
100) (Table 4.1). Numbers of plants in each pot and the variation between pots at 8
weeks was recorded before applying treatment salinities, however due to the effects of
flooding (physiological shock), these initial scores could not be used for direct
comparison with the later harvests and have not been included. There were three
replicate tubs for each treatment, with the number of pots per tub varying from two to
four, depending on the number of harvests planned for each treatment. Both the tub
positions and the pots placed in each tub were allocated randomly. A salinity increase
rate of 10 ppt/week was chosen because it was similar to increases recorded during the
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drying phase at both Meeking Lake and Lake Mears. Increases of 10 and 20 ppt/week
have also been used in other studies examining the effect of salinity increases on the
growth of salt-tolerant macrophytes (e.g. Zedler et al. 1990). All L. macropogon died
when the salinities were first adjusted (probably due to high turbidities or temperature
change rather than the salinity level of 6 ppt) and no further observations about this
species could be made in this experiment. Pots of R. polycarpa were maintained at the
different endpoints for 2–3 months. In addition to the six salinities listed here, two
additional treatments were run with the same end point as other treatments (70 and 100
ppt) but with faster rates of salinity increase (15 ppt/week and 20 ppt/week,
respectively, after the first two weeks, Table 4.1). Hereafter, these latter treatments are
denoted by an asterisk after the salinity level (e.g. 70* ppt). These accelerated
treatments were included to examine the effect of rate of salinity increase on plant
survival.
Ruppia polycarpa germinates readily from seed (Brock 1982a) and is able to mature
very quickly if conditions are favourable. For this reason, plants were considered to be
adults after five weeks growth. From eight weeks, treatment salinities were increased
over time and stopped at different endpoints over a period of 19 weeks. The experiment
was planned this way, rather than with staggered starting times, to ensure that as many
treatments as possible reached their endpoint salinities before flowering.
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Pots were photographed weekly, salinities were adjusted, timing and occurrence of
flowering noted1, and one pot harvested from each of three replicate tubs at the
following times (‘H’ in Table 4.1):
•

One week after reaching the endpoint salinity for each treatment;

•

At 15 weeks growth, after all treatments except 70 ppt and 100 ppt (but
including 70* and 100* ppt) had reached their endpoint salinities; and

•

At 22 weeks, after all treatments had reached their endpoint salinities.

At harvest, plants were removed from the sediment, and number of shoots and
inflorescences per pot counted. Plants were oven dried at 105°C for 24 hours and then
placed in a desiccating jar for at least 24 hours. All samples were weighed to the nearest
0.001 g.
Initially, plant dry weight and plant leaf number were to be recorded over time and
compared to dry weight or leaf number between treatments at key times during the
experiment. The condition of plants under different treatments was also tracked using
regular monitoring photographs. Plants senesced earlier than expected, therefore plant
condition over time was recorded from the monitoring photographs using a scale from 5
(healthy and green) to 3 (alive but leaves browning) to 1 (dead).

1

Flowering refers to the development and appearance of flowers, but not their

maturation or setting of seed.
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Data analysis
Transformations of the dependent variable were undertaken if data from either
experiment did not meet the assumptions of normality or of homogeneity of variances
for parametric tests. In cases where log10, square root or fourth root transformations did
not improve normality, data were converted to ranks and non-parametric analyses were
run. Regression plots show transformed data except where data have been ranked or
where analyses were not significant; in these cases raw data is presented.

Table 4.1: Harvest and salinity increase schedule (week numbers refer to weeks
after flooding)
Week

6 ppt

15 ppt

30 ppt

45 ppt

70 ppt

70* ppt

100 ppt

100* ppt

8

2 ppt

2 ppt

2 ppt

2 ppt

2 ppt

2 ppt

2 ppt

2 ppt

9

6 ppt

6 ppt

6 ppt

6 ppt

6 ppt

6 ppt

6 ppt

6 ppt

10

H

15 ppt

13.5 ppt

13.5 ppt

13.5 ppt

13.5 ppt

13.5 ppt

13.5 ppt

H

23.5 ppt

23.5 ppt

23.5 ppt

28.5 ppt

23.5 ppt

38.5 ppt

12

33.5 ppt

33.5 ppt

33.5 ppt

43.5 ppt

33.5 ppt

58.5 ppt

13

H

45 ppt

43.5 ppt

58.5 ppt

43.5 ppt

78.5 ppt

H

53.5 ppt

70 ppt

53.5 ppt

100 ppt

H

63.5 ppt

H

63.5 ppt

H

11

14
15

H

H

H

16

70 ppt

73.5 ppt

17

H

83.5 ppt

18

93.5 ppt

19

100 ppt

20
21
22

H

H

H

H

H

Shading indicates salinity increase
10 ppt/week
15 ppt/week
20 ppt/week
H indicates harvest
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Results
Germination experiment
Ruppia polycarpa
Ruppia polycarpa germinated only from Meeking Lake sediment. A significant
relationship was found between the presence of R. polycarpa plants and salinity level
(Wald = 4.687, P = 0.030), indicating that plants were more likely to be present at some
salinities than others. When only those treatments in which germination occurred were
included, there was a significant decline in germination success (measured as the mean
number of R. polycarpa plants per tray) with increasing salinity (Figure 4.1, Figure
4.2a, Table 4.2).
(a)

(b)

(c)

Figure 4.1: Germination of Ruppia polycarpa and Lamprothamnium macropogon
from Meeking Lake sediment at: (a) 0 ppt; (b) 30 ppt; and (c) 60 ppt (no
germination), showing a decline in biomass with increasing experimental salinity.
Turbidity in (c) is due to a phytoplankton bloom.

Germination success was slightly higher at 6 ppt than 0 ppt. It is possible that the
difference between 6 and 0 ppt could be due to natural variation in seed numbers across
the samples, however the same trend of increased germination at 6 ppt was also
reflected in the results for both Lamprothamnium species (see below). Increased
salinities also resulted in a change in R. polycarpa morphology, manifested by
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significant declines in the number of shoot clusters per tray, the mean number of shoot
clusters per plant, and the mean number of leaves per tray (Figure 4.2b, c, e, Table 4.2).
All of these variables reached a minimum between 40 and 50 ppt. No significant
relationship was found between the mean number of leaves per shoot cluster and
salinity (Figure 4.2d, Table 4.2).

Figure 4.2: Scatter plots of Ruppia polycarpa growth characteristics versus
experimental salinity level (Meeking Lake). Regression lines included where
relevant (details in Table 4.2): (a) number of plants germinated per tray; (b)
number of shoot clusters per tray; (c) mean number of shoot clusters per plant; (d)
number of leaves per shoot cluster; and (e) number of leaves per tray.
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Table 4.2: Linear regressions of Ruppia polycarpa numbers, morphology and
biomass against salinity. Values in bold are significant at P = 0.05
Variable

Transformation

Regression equation

r2

df

F

P

(a) Number of plants per tray

log10(x+1)

y = 1.005284 –
0.021355×

0.743

1,13

37.54

<0.001

(b) Number of shoot clusters
per tray

log10(x+1)

y = 1.768430 –
0.040399×

0.853

1,13

75.61

<0.001

(c) Number of shoot clusters
per plant

log10(x+1)

y = 0.915295 –
0.019049×

0.702

1,13

30.56

<0.001

(d) Number of leaves per shoot
cluster

Rank

0.093

1,13

1.33

0.269

(e) Number of leaves per tray

log10(x+1)

0.872

1,13

88.51

<0.001

y = 2.111961 –
0.046083×

The germination lag (time before germinating plants emerged) increased exponentially
with increased salinity (F1,9=18.85, P=0.002, r2=0.677, Figure 4.3a, equation 1),
suggesting that salinity inhibited or slowed germination. The maximum germination lag
recorded for R. polycarpa was 69 days (at 45 ppt), which coincided with the end of the
experiment. It is possible that seeds may have germinated at higher salinities if the trays
had been left for longer. Extrapolation using equation 1 (generated from a non-linear
regression of germination lag against salinity, Figure 4.3) predicts that if germination
had occurred at the next salinity tested (60 ppt), this would have taken 107.5 days.
y = 19.504e0.0285x

(Equation 1)

Plants at 6 ppt took longer to flower than those at 0 ppt (58.0 ± 3.0 versus 47.7 ± 4.3
days) and produced less inflorescences per tray (1.0 ± 0.0 versus 7.3 ± 1.2
inflorescences). Plants at salinities higher than 6 ppt did not produce inflorescences
within the duration of the experiment.
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Figure 4.3: Lag times (days to first appearance of germinands) for: (a) Ruppia
polycarpa from Meeking Lake at different experimental salinity levels; (b)
Lamprothamnium macropogon from Meeking Lake; and (c) Lamprothamnium cf.
succinctum from Lake Mears. Details of regressions are presented in the text.

Ruppia megacarpa
Two propagules of R. megacarpa germinated from Lake Mears sediment; one each at
15 and 30 ppt, demonstrating that R. megacarpa is able to germinate at salinities up to
30 ppt. However, the low number of germinating plants and the fact that neither plant
flowered, meant that no further patterns related to germination or flowering could be
determined.
Lamprothamnium macropogon
No significant relationship was found between the presence of L. macropogon plants
(which germinated from Meeking Lake sediment) and salinity level (Wald = 0.000, P =
0.995). When treatments without any germination were excluded, a general decline in
germination success occurred (numbers of L. macropogon plants germinating from
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Meeking Lake sediment, Figure 4.4a, Figure 4.1), with increasing salinity, however this
relationship was not statistically significant (Table 4.3). The non-significant results for
these two tests are attributable to the high variability in the number of plants recorded
per tray. Some aspects of L. macropogon morphology were influenced by salinity and
some appeared to be independent of salinity. No significant linear relationship was
found between salinity and mean plant height per tray (Figure 4.4b, Table 4.3), or mean
branchlet length (Figure 4.4d, Table 4.3). However, there was a significant negative
linear relationship between salinity and the mean number of branchlets per tray (Figure
4.4c, Table 4.3).
The germination lag (time before germinating plants first emerged) increased slightly
but significantly with increased salinity (F1,10=12.12, P=0.006, r2=0.548, Figure 4.3b,
equation 2), indicating that salinity inhibited or slowed germination. The maximum
germination lag recorded for L. macropogon was 36 days (at 30 ppt). Equation 2
(generated from a non-linear regression of germination lag against salinity) predicted
that at a salinity of 45 ppt, it would have taken 38.0 days for germinating plants to
emerge, but despite the fact that the experiment ran for 70 days, no germinating plants
appeared in treatments higher than 30 ppt, implying that L. macropogon does not
germinate at salinities greater than 30 ppt.
y = 26.7527e0.0078x

(Equation 2)

There was an increase in the number of fertile plants from 0 to 6 ppt, then a decrease
from 6 to 15 ppt (Table 4.4). The time to production of oogonia/antheridia increased
with salinity (Table 4.4) and plants at salinities higher than 15 ppt did not become fertile
during the experiment.
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Figure 4.4: Scatter plots of L. macropogon growth characteristics against
experimental salinity level (Meeking Lake). Regression lines included where
relevant (details in Table 4.3): (a) number of plants germinated per tray; (b) mean
± s.e. height of plants per tray; (c) mean ± s.e. branchlet length per plant; and (d)
number of branchlets per tray.

136

square root

square root

rank

square root

(a) Number of plants
per tray

(b) Mean height of
plants per tray

(c) Mean branchlet
length per plant

(d) Number of
branchlets per tray

y = 8.263018 – 0.147245×

N/A

N/A

N/A

L. macropogon

Regression equation

0.351

0.036

0.041

0.152

r2

1,10

1,11

1,10

1,10

df

5.405

0.37

0.430

1.79

F

0.042

0.556

0.529

0.211

P

square root

rank

square root

rank

Transformation

y = 11.697271 – 0.218120×

N/A

N/A

N/A

L. cf. succinctum

Regression equation

0.576

0.009

0.086

0.678

r2

1,11

1,11

1,11

1,11

df

14.94

0.10

1.04

23.12

F

Mean ± s.e. days to production of propagules

40.0 ± 2.0

44.3 ± 2.3

54.3 ± 5.3

Treatment salinity (ppt)

0

6

15

22.0 ± 7.2

76.7 ± 14.4

62.0 ± 0.0

Mean ± s.e. no. of fertile plants per tray

Table 4.4: Mean number of antheridia/oogonia produced and mean days to production of antheridia/oogonia for L. macropogon from
Meeking Lake

Transformation

Variable

0.003

0.757

0.330

0.001

P

Table 4.3: Linear regressions of Lamprothamnium spp. numbers and morphology against salinity. Values in bold are significant at P = 0.05
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Lamprothamnium cf. succinctum
No significant relationship was found between the presence of L. cf. succinctum plants,
which germinated from Lake Mears sediment, and salinity level (Wald = 0.000, P =
0.995). However, when only those treatments in which germination occurred were
included, increased salinity caused a decline in germination success (Figure 4.5, Figure
4.6a), indicated by a significant negative relationship between the numbers of plants per
tray and salinity (Table 4.3). Similarly to L. macropogon, some aspects of morphology
were influenced by salinity and some were not. Neither mean height of plants per tray
or mean branchlet length per plant showed significant relationships with salinity (Figure
4.6b and 4c, Table 4.3), however, number of branchlets per tray significantly decreased
with increasing salinity (Figure 4.6d, Table 4.3).
(a)

(b)

(c)

Figure 4.5: Germination of Lamprothamnium cf. succinctum at: (a) 6 ppt; (b) 30
ppt (also one R. megacarpa seedling); and (c) 60 ppt (no germination), showing a
decline in biomass with increasing salinity.

Germination lag showed a slight but significant increase with salinity (F1,11=75.00,
P=0.000, r2=0.872, Figure 4.3c, equation 3). The maximum germination lag recorded
for L. cf. succinctum was 66 days (45 ppt), just before the end of the experiment. It is
possible that oospores may have germinated at higher salinities if the trays had been left
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for longer. Equation 3 (generated from a non-linear regression of germination lag
against salinity) predicts that if germination occurred at a salinity of 60 ppt, this would
take 75.6 days.
y = 28.2627e0.0164x

(Equation 3)

No L. cf. succinctum germinating plants became fertile within the experimental period.

Figure 4.6: Scatter plots of L. cf. succinctum growth characteristics against
experimental salinity level (Lake Mears). Regression lines included where relevant
(details in Table 4.3): (a) number of plants germinated per tray; (b) mean ± s.e.
height of plants per tray; (c) mean ± s.e. branchlet length per plant; and (d)
Number of branchlets per tray.

Adult plant tolerances
All germinating plants of L. macropogon died at eight weeks after the first salinity
adjustment and so only R. polycarpa is covered here. Germinating R. polycarpa plants
were also slightly affected by physiological shock (due to the change in growth
medium), resulting in a slight decline in condition at the beginning of the experiment.
139

Plant condition
Condition scores ranging from 5 = healthy and green to 1 = dead for each treatment
have been plotted in Figure 4.7 with running median smoothing functions to facilitate
visual comparisons between the treatments. A median of five values was used, as there
were three replicate points at each salinity. There was a general trend of a more rapid
decline in condition as salinity increased, with the decline becoming even faster at a
higher rate of salinity increase (Figure 4.7a–h).
A two-way ANOVA run on the ranked condition score data (including the 70 and 100
ppt treatments but not 70* and 100* ppt) found significant differences between salinity
levels (pooling dates), between dates (pooling salinity levels), and a significant
interaction between salinity and date (Table 4.5). This indicates that the condition of
plants declined with increasing salinity, declined over time and also declined more
rapidly at higher salinities (Figure 4.7). The post-hoc Tukey’s test indicated significant
differences between the lower salinities (6, 15 and 30 ppt) and the higher salinities (45,
70 and 100 ppt), but no significant differences within either low or high salinities (Table
4.6).
Two-way ANOVAs comparing the normal and accelerated treatments found significant
differences in the distributions of (ranked) condition scores. For 70 and 70* ppt,
significant differences were found between salinity levels (pooling dates), dates
(pooling salinity levels), and in the interaction between salinity and date (Table 4.7,
Figure 4.7e, f). The interaction in this case indicates that plant condition declined at a
faster rate when the speed of salinity rise was increased.
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Figure 4.7: Condition score over time for R. polycarpa in eight experimental
salinity treatments: (a) 6 ppt; (b) 15 ppt; (c) 30 ppt; (d) 45 ppt; (e) 70* ppt; (f) 70
ppt; (g) 100* ppt; and (h) 100 ppt, where 1 = dead and 5 = healthy and green.
Broken lines are moving medians of 5 points. There are 3 replicates for each
salinity treatment.

141

Table 4.5: Two-way ANOVA on ranked L. cf. succinctum condition scores (at 6
ppt, 15 ppt, 30 ppt, 45 ppt, 70 ppt, 100 ppt) over nine sampling dates (see Figure
4.7). Values in bold are significant at P = 0.05
Variable

df

F

P

Salinity

5

31.74

<0.001

Date

8

229.66

<0.001

Salinity × Date

40

5.67

<0.001

Table 4.6: Unplanned comparisons of L. cf. succinctum condition scores at six
treatment salinities (post-hoc Tukey’s test), following from Table 4.5. Values in
bold are statistically significant at αc=0.05 (Bonferroni-adjusted)
6 ppt

15 ppt

30 ppt

45 ppt

70 ppt

100 ppt

6 ppt
15 ppt

0.157

30 ppt

0.891

0.755

45 ppt

<0.001

<0.001

<0.001

70 ppt

<0.001

<0.001

<0.001

1.000

100 ppt

<0.001

<0.001

<0.001

0.319

0.348

Table 4.7: Two-way ANOVA on ranked L. cf. succinctum condition scores over
nine sampling dates (see Figure 4.7); normal versus accelerated treatments. Values
in bold are significant at P = 0.05
70 versus 70* ppt

100 versus 100* ppt

Variable

df

F

P

df

F

P

Salinity

1

56.627

<0.001

1

18.255

<0.001

Date

8

90.802

<0.001

8

32.644

<0.001

Salinity × Date

8

10.495

<0.001

8

4.926

<0.001

For 100 and 100* ppt, significant differences were found between salinity levels
(pooling dates), dates (pooling salinity levels), and in the interaction between salinity
and date (Table 4.7, Figure 4.7g, h). In both cases, an increase in the speed of salinity
rise accelerated the rate and timing of plant condition decline.
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Plant biomass
Two measures of adult plant biomass were made; number of leaves per pot and dry
weight (of above and below-ground plant material per pot). A strong positive linear
relationship was found between these two variables at the 15 week harvest (fourth root
transformed, F1,19=150.42, P=0.000, r2=0.872). Therefore, only data for dry weight are
presented here to avoid repetition.
A strong negative linear relationship was found between treatment salinity and dry
weight 15 weeks after flooding (Figure 4.8). All pots were incubated for the same
period of time, but they had been adjusted to different endpoint salinities (Table 4.1). At
15 weeks, plants in the 70* and 100* treatments had senesced, however, these data have
still been used as the number of leaves remained the same, and the leaf material had not
started to degrade. The inclusion of these points from the accelerated treatments did not
make the regression line steeper, as might be expected. If a second regression line
(excluding 70* and 100* ppt) is plotted, an even more rapid decline in dry weight with
salinity is predicted (Figure 4.8). Similar plots were not produced for later harvests,
because plants from most of the treatments had senesced before these pre-planned
harvests occurred (Figure 4.7a–h). Statistical comparisons between dry weight (or leaf
number from normal versus accelerated treatments could not be performed as plants in
some treatments had senesced several weeks before other treatments reached their
endpoint salinities.
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Figure 4.8: Dry weight of R. polycarpa versus experimental salinity level at 15
weeks after flooding.

Treatments have been at endpoint salinities for different lengths of time. Solid regression line (y = 0.7087
– 0.0041×, r2 = 0.823, F1,19 = 88.07, P = 0.000) includes 70* ppt and 100* ppt, and dotted regression line
(y = 0.7483 – 0.0056×, r2 = 0.772, F1,19 = 30.46, P = 0.000) excludes these points.

Flowering
Flowering occurred later at equivalent salinity levels in the adult plant experiment than
in the germination trial, however plants also flowered at higher salinities (Table 4.8).
There was a significant decrease in the number of inflorescences with increasing
salinity (r2=0.604, F1,13=19.868, P=0.001, Figure 4.9).
Table 4.8: Timing of flowering for adult plant experiment
Experiments were only checked once or twice a week, therefore dates may be more variable than they
appear.
Treatment level (ppt)

Actual salinity at flowering* (ppt)

Days from first flooding

6

6

83 ± 0

15

15

87 ± 2

30

30

87 ± 0

45

45

89 ± 0

70

45

89 ± 0

*Due to stepwise salinity increase.
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Figure 4.9: Total number of R. polycarpa inflorescences for each salinity treatment
(adult plant experiment)
Regression equation y = 101.706 – 24.099 ln(×)

Discussion
Salinity limits to germination
The germination success of all three submerged macrophyte species declined with
increasing salinity. Germination of R. polycarpa and L. cf. succinctum decreased to a
point at or near zero by 40–50 ppt, and this occurred by 30–40 ppt for L. macropogon,
suggesting that these are the upper salinity limits for germination in these species
(Figure 4.2).
A germination threshold of between 40 and 50 ppt corresponds well with field
observations at Lake Mears, where germination of R. megacarpa and L. cf. succinctum
was recorded at up to 30.8 ppt (Strehlow et al. 2005). Vollebergh and Congdon (1986)
found R. polycarpa germinating at about 40 ppt in Victorian saltmarsh pools. However,
they reported germination of (one seed of) R. polycarpa at 81.5 ppt after 20 days in a
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laboratory trial (and three seeds after 32 days) (Vollebergh and Congdon 1986). The
germination success at this salinity was very low, but does suggest that R. polycarpa is
able to germinate at very high salinities given sufficient time. The relatively short lag
time (compared with our study) probably represents the germination of seeds in solution
without sediment, and it is likely that the time required for emergence from sediment
(germinating plants becoming visible after germination) would have been much longer.
The germination thresholds for Lamprothamnium spp. proposed in this study
correspond with Burne et al.’s (1980) findings that ‘L. papulosum’ germinated at 0 and
35 ppt but not at 53 or 70 ppt (after 4 weeks). They also reported a study by Lucas and
Womersley (1971) in which ‘L. papulosum’ was germinated in water of 1.5× seawater
(about 53 ppt). However, no time period was reported for this study, and it is not known
which species of Lamprothamnium was tested. Our data and results from the studies
reported here indicate that both R. polycarpa and L. cf. succinctum may be able to
germinate at higher salinities than recorded in the current study, however, we suggest
that so few plants would germinate and that emergence would be so delayed that it
would take too long to produce a viable macrophyte population within the annual
hydrologic cycle of most wetlands in southwest Western Australia. In the field, a long
germination time lag would often mean that the wetland would start to dry or become
too salty (through evapoconcentration) before plants had time to complete their life
cycles. In contrast to R. polycarpa and L. cf. succinctum, lag time data suggests that
even if oospores of L. macropogon had been left for longer, no further germination
would have taken place (Figure 4.3).
Numbers of un-germinated propagules were not counted, so it is not known what
proportion of the seed bank actually germinated during the germination experiment.
Annual species of Ruppia are known to exhibit asynchronous germination as an
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adaptation to desiccation in temporary environments (Verhoeven 1979), therefore it is
likely that not all viable seeds germinated. In addition, environmental factors other than
salinity, such as minimum ambient temperature or degree of seed coat scarification may
also have affected germination success, however the experimental design ensured that
these factors had an equal effect across all treatments, even if they were not at optimal
levels.
Some of the variability between the germination success of experimental units (trays)
was due partly to the use of natural seed bank material; wetland sediments did not
contain a standardised number of propagules per tray. It is possible that more consistent
results could have been obtained if seeds had been counted before experimentation,
however a deliberate effort was made to use wetland sediments that were as little
disturbed as possible, so as to closely mimic salinity and nutrient conditions from the
field.
The angiosperm and the charophytes had different strategies for colonisation and
biomass increase; Ruppia spread largely via vegetative growth, and Lamprothamnium
had large numbers of viable propagules germinate. This difference in strategy meant
that they were affected in different ways by increased salinity. As salinity increased, R.
polycarpa biomass declined via a decrease in the number of shoot clusters produced per
tray. The ability to spread vegetatively after germination appears to be very important
for Ruppia dominance. For example, at 6 ppt, R. polycarpa produced a similar biomass
in each replicate tray through rhizomatous growth, even though the number of
germinated seeds per tray varied (Figure 4.2). This suggests that even at very low
germination rates, this species would still be able to colonise large areas, although
salinity might slow this process. The number of R. polycarpa leaves per cluster did not
change with salinity, indicating that leaf number (and biomass) was tied directly to the
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number of shoot clusters produced. The number of leaves per cluster may be genetically
determined and not readily altered by stress.
Lamprothamnium spp. biomass was largely controlled by the number of germinating
plants. As a consequence, colonisation success was directly contingent on germination
success, and at higher salinities where very little germination occurred,
Lamprothamnium spp. did not increase their biomass through vegetative development.
Their ability to tolerate adverse conditions just after germination appears to be poor
compared to that of Ruppia, as evidenced by the complete senescence of germinating
plants in the adult plant experiment (while Ruppia seedlings survived), and also by their
failure to establish in turbid conditions after germination in the field (Strehlow et al.
2005). Lamprothamnium spp. appear to invest in large numbers of propagules with
limited energy stores, rather than investing more in fewer larger propagules. The ability
of Lamprothamnium spp. to branch was also impaired at higher salinities, which would
also prevent an increase in the size of individual plants. Some morphological characters
(height and branchlet length) did not decline with salinity, suggesting that these latter
characteristics may either have been genetically determined or have been responding to
other stimuli such as light availability. Lamprothamnium spp. are known to grow well
in high light conditions and are able to change their morphology dramatically to adapt
to local environmental conditions (García & Chivas 2004).

Salinity limits to adult plant survival
The survival of adult R. polycarpa was negatively affected by increased salinity. Both
growth and plant condition declined rapidly at ≥45 ppt. This result contrasted strongly
with the response of plants in the lower salinity treatments (6, 15 and 30 ppt) in which
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condition continued to improve after reaching the endpoint salinities. The rate of
salinisation also affected survival, with a more rapid rate causing more rapid declines in
condition (Figure 4.7).
At an increase of 10 ppt/week, salinities of 40–50 ppt appeared to be a critical threshold
for adult R. polycarpa survival. It is possible that if salinity increases had been more
gradual, plants would have adapted more readily to higher salinities, however very rapid
increases can often occur in seasonally-drying wetlands, and this experiment was
designed to mimic those conditions. A threshold of 40–50 ppt for adult plant survival is
supported by Brock (1982a) who did not record R. polycarpa growing in South
Australian saline wetlands at >50 ppt. Despite this, Brock and Lane (1983) recorded R.
polycarpa growing at salinities of up to 125 ppt, as part of a survey of saline wetlands in
southwest Western Australia. Our results suggest that an increase to this salinity must
either have occurred immediately prior to sampling or very gradually to allow the adult
plants time to adjust.
Little can be concluded here about the salinity tolerance of adult L. macropogon and L.
cf. succinctum, since L. macropogon senesced early due to physiological shock (due to
the change in growth medium) in the adult plant experiment and L. cf. succinctum was
not tested. However, large numbers of germinating plants of both species emerged and
established at a wide range of salinities in the germination experiment, suggesting that
Lamprothamnium spp. may rely on population resilience rather than adult plant
resistance to changing conditions to persist in a particular wetland. García and Chivas
(2004) suggested that the optimum salinity range for Lamprothamnium spp. is 10–40
ppt, which suggests that even if survival is possible at salinities <45 ppt, reproduction is
unlikely to occur. Field monitoring of Rushy Swamp in the Western Australian
agricultural zone found live, healthy L. macropogon at a maximum salinity of 48.8 ppt
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shortly before the wetland dried (L. Sim, unpublished data). García (1999) found living
L. macropogon at salinities of up to 58 ppt, and García and Chivas (2004) suggest that
the living ‘L. papulosum’ found by Burne et al. (1980) at 70 ppt may also have been L.
macropogon. Fertility was not reported in any of these cases. All of these data suggest
that adult L. macropogon can continue to be dominant in wetlands at >40 ppt, although
they may not be able to reproduce.
Lamprothamnium cf. succinctum appears to be even more tolerant of high salinities than
L. macropogon. This was supported by its presence at Lake Mears, a lake with a long
salinisation history and large salinity range (26.6–307 ppt, Strehlow et al. 2005). In a
survey of salt lakes in southeastern Australia, García and Chivas (2004) found L. cf.
succinctum exclusively in coastal lagoons with salinities of 20–30 ppt, however in our
study, adult L. cf. succinctum plants were collected alive and healthy in inland,
secondarily saline wetlands at salinities up to 89.5 ppt (Chapter Two, Chapter Six).
These data suggest that even at salinities that cause other species to senesce, adult L. cf.
succinctum will be able to survive and maintain macrophyte community dominance.

Salinity limits to flowering and production of oogonia/antheridia
Both flowering of R. polycarpa and production of oogonia/antheridia by L. macropogon
were negatively affected by increased salinity. In the germination experiment, the
number of R. polycarpa inflorescences per tray decreased and the lag time to flowering
increased with salinity. Flowering only occurred at 0 and 6 ppt, however, the
experiment probably did not run for long enough to allow all plants to become fertile.
Since flowering at low salinities took up to 70 days to occur, the length of the wet phase
would impact on the ability of R. polycarpa to successfully reproduce at a particular
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wetland. This species is likely to require at least 3 months to complete its life cycle,
even at salinities <15 ppt.
In the adult plant experiment, R. polycarpa flowered at higher salinities (up to 45 ppt
when flowering was first apparent), but lag times for flowering were longer than in the
germination experiment. The length of lag times may have been slightly increased by
the physiological shock suffered by plants when first re-flooded. These data suggest that
40–50 ppt may also be a threshold for flowering in this species. Neither Brock (1982a)
nor Brock and Lane (1983) found R. polycarpa flowering at salinities greater than 50
ppt in their surveys of saline wetlands in South Australia and southwest Western
Australia.
Results for L. macropogon are only available for the germination experiment, so no
comparison can be made between plants becoming fertile after germinating at a
particular salinity, and becoming fertile after being subjected to a salinity increase.
Production of oogonia/antheridia was found at up to 15 ppt in L. macropogon from
Meeking Lake (Table 4.4). The number of fertile plants declined from 6 ppt to 15 ppt,
but this could be attributed to the increased lag time, rather than to an inability of plants
to become fertile (Table 4.4). Once again, this suggests that L. macropogon requires at
least 3 months to complete its life cycle, even at low salinities. Without data for
production of antheridia/oogonia, a fertility threshold cannot be set for this species.
No L. cf succinctum plants became fertile throughout the experiment. The reason for
this is not known.
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Implications for the formation and persistence of ecological regimes
The results of this study suggest that salt-tolerant macrophyte communities are unlikely
to develop in southwestern Australian wetlands where the salinity is consistently greater
than 45 ppt. Moreover, macrophytes will not become dominant under these conditions,
as too few propagules will be able to germinate, and the germination lag will be too
long to allow substantial establishment and reproduction in seasonal wetlands before
they dry.
At salinities below 30 ppt, macrophytes are likely to germinate and grow well, and will
probably also become fertile, although further investigation into the fertility of
Lamprothamnium spp. still needs to be undertaken. Therefore, salinity should not
exceed 30 ppt until after both angiosperms and charophytes have produced propagules
to ensure good germination success and allow successful reproduction. In this study,
production of propagules at low salinities took two to three months, therefore at 30 ppt,
a minimum of four to five months would probably be required to allow all species to
complete their life cycles. Submerged macrophyte populations usually persist for up to
four to five months at seasonal wetlands in southwest Western Australia (Strehlow et al.
2005) and in other Australian saline wetlands (e.g. Brock 1982b). It has been our
experience that often the water dries at seasonal wetlands before plants have senesced.
At salinities of between 30 and 45 ppt, the persistence of the macrophyte community
will become even more dependent on the interaction of salinity with other factors such
as water depth, drying time, temperature and nutrient level, and macrophytes may not
become dominant. Fluctuations in any of these variables may reduce germination
success or survival, and decrease the chance of the macrophytes completing their life
cycles.
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While the primary purpose of this study was to ascertain potential thresholds for
changes between macrophyte-dominated and benthic microbial community-dominated
wetlands, the information might also be expected to be of value to management in
providing optimum salinities for the maintenance of macrophyte-dominated systems in
the landscape. Optimal salinities for the germination, growth and reproduction of R.
polycarpa, L. macropogon and L. cf. succinctum appear to be about 0–6 ppt. These
experimental results are reflected by field data from southwestern Australian saline
wetlands, where dominance by these species has been recorded in at <5 ppt (Strehlow et
al. 2005, Chapter Six). However, at very low salinities Ruppia species may be poor
competitors with freshwater and slightly salt-tolerant submerged macrophytes such as
Potamogeton pectinatus L. (Verhoeven 1979; Kantrud 1991). Lamprothamnium
papulosum is also believed to be a poor competitor for light and space, particularly
under conditions of nutrient enrichment (Johnston & Gilliland 2000), although the
relationship between its competitive ability and salinity level is not known. This study
suggests that at low salinities, submerged macrophyte-dominance is probable, but the
suite of species present is likely to be a function of the competitive abilities of different
macrophytes at different salinities, rather than the optimal salinity of any particular
species.
The species of Ruppia and Lamprothamnium examined in this study are not the only
ones to occur in seasonally-drying saline wetlands, and so the dynamics of the
macrophyte-dominated ecological regime may be more complex than it appears here.
For example, Ruppia tuberosa J. Davis & Toml., another annual species of Ruppia
found in Western Australia (Jacobs & Brock 1982), is known to have higher salinity
tolerance than other Australian members of its genus (Brock 1982a, b), and may be able
to replace R. polycarpa at high salinities. As mentioned earlier, little is currently known
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about the ecology of different Australian Lamprothamnium spp. (García & Chivas
2004).
Determination of the upper salinity limits for germination, adult plant survival and
fertility is only one step towards an understanding of the conditions required for a
macrophyte-dominated ecological regime. The decrease in numbers of germinating
plants with increased salinity means that even where germination is able to occur,
macrophytes may not have sufficient numbers or biomass to become dominant and may
be outcompeted by other biota. We do not yet know whether the replacement of one
ecological regime by another always occurs abruptly at a threshold (as predicted by the
alternative stable states model) or whether it is gradual, and marked by transitional
stages in which different ecological communities are co-dominant. Nevertheless, this
study has provided the first set of experimental data focused on determining the
conditions for formation and persistence of a macrophyte-dominated ecological regime.
These data can now be used to develop guidelines for the management of seasonallydrying salinised wetlands to prevent losses of submerged macrophytes. Further
investigation into the conditions required for the establishment and dominance of
benthic microbial communities is required to better understand the dynamics of
ecological regime change in salinised aquatic ecosystems.
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Abstract
This paper is the second in a pair investigating potential mechanisms for ecological
regime change in salinising wetlands. Secondary salinisation has significantly altered
the physico-chemical conditions in many southwestern Australian wetlands, often
leading to the complete loss of the submerged macrophyte community and its dependent
fauna. At very high salinities, the dominant biological community commonly comprises
a cohesive layer of benthic microbes (the benthic microbial community), but it is not
clear whether replacement of macrophytes by benthic microbial communities is due to
increases in salinity alone. The first paper in this series focused on the responses of the
salt-tolerant submerged macrophyte community to salinity. In this second paper, we
investigated some of the environmental conditions required for initiation and dominance
of benthic microbial communities using a combination of experimental and
observational data. Two experiments were carried out. One investigated the importance
of prior establishment of benthic microbial communities on their ability to maintain
prevalence over macrophyte colonisation (‘persistence’ experiment), while the other
investigated hydrology and its effect on sediment perturbation, potential nutrient release
and subsequent benthic microbial community establishment (‘flooding’ experiment).
The ‘persistence’ experiment measured the biomass of benthic microbial communities
and emergence of macrophytes from sediments kept either wet or dry for four weeks
then flooded at a range of salinities. Benthic microbial biomass was similar across all of
the salinities tested (15, 45 and 70 ppt), with a slight increase at higher salinities,
suggesting that none of these limited benthic microbial community development. Prewetting of sediments usually increased benthic microbial community biomass and
reduced macrophyte germination, but the latter was attributed to the presence of anoxic
sediments rather than the increased benthic microbial community biomass. Germinating
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macrophytes emerged through benthic microbial communities or dense heterotrophic
bacterial blooms, demonstrating that they could become dominant even when another
community was already established. Field data supported these results, suggesting that
the development of benthic microbial communities is not limited by salinity alone, but
includes other factors, such as the water regime.
In the ‘flooding’ experiment, the largest differences in nutrient concentrations
ultimately lay between the pre-wet and pre-dry treatments (due to the greater release of
nutrients and development of anoxia in the latter) rather than those subjected to fast
versus slow flooding. In response to this, highest benthic microbial community biomass
was in treatments with pre-wet sediment, corresponding with lower phytoplankton
biomass.
We concluded that although benthic microbial communities appear to be favoured by
high salinities they are likely to be outcompeted at low salinities in the field by
macrophytes, or by phytoplankton blooms if water column nutrient levels are high.
However, the year-round dominance of benthic microbial communities at relatively low
salinities in a permanent wetland indicated that physico-chemical stability may
significantly alter ecological dynamics. Two conceptual models have been developed to
represent community dynamics in seasonally-drying and permanently wet salinised
wetlands.
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Introduction
Dryland salinisation, a legacy of the altered hydrological conditions caused by land
clearing, has caused saline watertables to rise across large areas of Australia’s southwest
(George et al. 1995; Hatton et al. 2003). Increased levels of salinity have altered the
biodiversity, species composition and function of the aquatic ecosystems of the area
(Davis et al. 2003; Halse et al. 2003). In some cases, high salinities have led to the
complete loss of the submerged macrophyte community and its dependent fauna.
The agricultural zone of southwestern Australia lies in an area of relatively low rainfall
(between 300 and 600 mm/year) (Halse et al. 2003). As a result, evaporation exceeds
transpiration (Hatton et al. 2003) and the naturally occurring wetlands of the region do
not hold water all year, but fill and dry on a seasonal or episodic basis (Brock & Lane
1983; Halse et al. 2003). This regular drying means that the aquatic biota must be able
to tolerate large fluctuations in environmental conditions such as light, temperature and
salinity (Boulton & Brock 1999). They must also either possess resistant stages that can
persist over the dry period, or be able to rapidly recolonise on wetting (Boulton &
Brock 1999).
At high salinities, the dominant biological community of permanent and temporary
inland standing waters is often composed of benthic microbes, including phototrophic
and chemotrophic bacteria, fungi and microalgae (Bauld 1986). Benthic microbial
communities are common (although not ubiquitous) in aquatic ecosystems, and range in
structure from thick cohesive to thin non-cohesive layers on the sediment (Bauld 1986).
The terminology used to refer to benthic microbial communities varies, but they are
commonly known as ‘microbial mats’ or ‘biofilms’ (Levit & Krumbein 2003). Thick,
cohesive benthic microbial communities tend to be associated with high rates of
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sedimentation (De Deckker 1983; Bauld 1986), and probably also permanent waters. In
seasonally-drying wetlands, benthic microbial communities are only likely to persist
over the wet phase, or where sufficient moisture remains in the sediment to allow them
to survive.
This paper forms part of a larger study investigating transitions between ecological
regimes in salinising wetlands (see also Chapter Three, Chapter Four, Chapter Six). The
first paper (Chapter One) investigated some of the mechanisms responsible for the
formation and persistence of a submerged macrophyte-dominated ecological regime,
while this paper focuses on a benthic microbial community-dominated ecological
regime. It has been proposed that shifts between these two ecological regimes in
salinised wetlands may be represented by an alternative states model, sensu Moss
(1990) and Scheffer (1990) (Davis et al. 2003; Strehlow et al. 2005). To determine the
relevance of this type of model for salinised ecosystems we need to know whether these
two ecological regimes are indeed alternatives and whether both are able to persist over
an intermediate range of salinities. There are some records of benthic microbial
communities occurring in saline lakes at relatively low salinities (see Bauld 1981a,
1986), however it is not clear in these cases whether macrophytes could have persisted,
or if other environmental conditions made these environments ‘extreme’. It has,
however, been demonstrated that the removal of fauna from coastal sediments and
incubation in (sterile) sea water will lead to benthic mat development, suggesting that
persistence at intermediate salinities may not be dependent on physico-chemical
conditions alone, but other factors, such as the absence of grazing, can be important
(Kühl et al. 2003).
The formation and persistence of benthic microbial communities is known to be
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dependent on specific environmental conditions including light, salinity, water regime,
pH and the nature of the sediment as well as interactions between these conditions
(Bauld 1986; Guerrero et al. 1994; Welsh & Herbert 1994). They can occur at low as
well as high salinities (Bauld 1986), however microbe-dominated communities often
become dominant in ‘extreme’ environments, where high salinity, high temperatures,
very clear water and extreme light regimes prevail, and as a result, little competition (or
predation) from other organisms occurs (Kushner 1993; Castenholz 1994; Kühl et al.
2003). Microbes in cohesive benthic microbial communities are able to survive
conditions that the same organisms in planktonic form can not, since the matrix they are
embedded within protects them from extreme conditions (e.g. high levels of ultraviolet
light) (Costerton & Stoodley 2003).
In general, investigations into the formation and persistence of benthic microbial
communities have been focused on understanding fine-scale processes rather than
ecosystem-level questions, (Welsh & Herbert 1994), partly because of limited
collaboration between ecologists and microbiologists (Pedrós-Alió & Guerrero 1994).
There is also limited knowledge about the conditions required for colonisation by
benthic microbial communities (Welsh & Herbert 1994). Despite this focus, the
occurrence of benthic microbes in saline aquatic ecosystems is widespread and warrants
greater ecological attention. Bauld (1986) commented that ‘one of the more intriguing
questions [about benthic microbial communities] concerns the environmental factors
important in determining whether or not benthic microbial communities develop in a
given saline lake, and their ability to colonise and grow in competition with aquatic
macrophytes, charophytes and phytoplankton’. This question becomes particularly
pertinent in the context of salinisation, when the environmental conditions in wetlands
may dramatically alter and start to favour one group over another. Shifts in dominance
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between submerged macrophytes and benthic microbial communities are unlikely to
occur at extremes, but instead at intermediate levels of environmental variables (such as
salinity), where both groups are able to survive, and may be facilitated by changes in
other variables such as hydrology.
Water regimes have the potential to significantly affect the formation and persistence of
benthic microbial communities in seasonally-drying systems. When water enters these
systems, there is likely to be competition between a number of different primary
producer communities (e.g. macrophytes, phytoplankton or benthic microbes), and the
dominance of one particular group may be determined by its ability to respond quickly
to the presence of water and other stimuli such as nutrients. Unlike submerged
macrophytes or phytoplankton, benthic microbes do not necessarily require a water
column to survive, and so may be able to persist at times (and at salinities) when these
other two groups are excluded.
To investigate the environmental conditions required for initiation and dominance of
benthic microbial communities we tested three hypotheses concerning benthic microbial
community establishment and persistence:
•

High salinities promote benthic microbial community dominance over
macrophyte communities;

•

Sediments that remain wet rather than dry before flooding favour benthic
microbial community dominance over macrophyte communities;

•

Conditions that favour benthic microbial community dominance over
macrophyte communities will inhibit macrophyte germination.

These questions were explored using experimental data on benthic microbial
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community initiation and dominance and by examining time series (observational) data
from four salinising wetlands.
Although the shift between submerged macrophyte- and benthic microbial communitydominance was the main focus of this research, a third ecological regime was also
considered; turbid phytoplankton-dominated (Davis et al. 2003; Strehlow et al. 2005).
Dominance by phytoplankton is probably facilitated by elevated nutrient concentrations,
as it is in freshwater systems. Benthic microbial communities often occur under low
(water column) nutrient conditions and are very efficient at extracting and recycling
sediment nutrients (Bauld 1986; Cohen 1989), while phytoplankton tend to become
dominant under high nutrient conditions (e.g. Balls et al. 1989; Blindow et al. 1993).
The mechanism(s) determining dominance at intermediate nutrient levels are not
known. It is possible that interactions between nutrient levels and water regime might
confer an advantage on one of these groups. For example, the way in which water enters
a wetland may be critical to deciding the dominance of competing groups. Fast
(episodic) flooding is likely to scour sediments, causing enhanced sediment and
particulate resuspension, and subsequently increased nutrient release. Therefore, one
further hypothesis about benthic microbial community establishment was also tested.
•

Phytoplankton will outcompete benthic microbial communities at high nutrient

levels, and fast flooding of sediment will facilitate nutrient release.

Materials and methods
Two experiments explored the environmental conditions under which benthic microbial
communities form and persist. The first (persistence) experiment measured the biomass
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of benthic microbial communities kept either wet or dry for four weeks (long enough
for the microbial community to establish or senesce, respectively) then flooded at a
range of salinities, using sediment collected at two salinised wetlands. The second
(flooding) experiment investigated flooding speed and how this affected sediment
nutrient release and the resultant biomass of either benthic microbial community or
phytoplankton (sediment from one wetland). Field data from four Western Australian
wetlands has also been included to investigate temporal changes in benthic microbial
community biomass over a range of salinities.

Study sites
Field sites were chosen to represent a range of salinities and wetting regimes. Sediment
for the experiments was collected from Lake Mears near Brookton (32°13.8′S,
117°21.6′E) and from Little White Lake near Narrogin (33°00.6′S, 117°26.5′E) in
March 2004. Field monitoring was undertaken at these locations and also at Lake
Coogee, southwest of Perth (32°08.4′S, 115°46.7′E) and Arthur River Flats, near
Highbury (33°04.7′S, 117°16.6′E).
Little White Lake was a medium-sized (64 ha) wetland located on private property with
a maximum depth of <1 m. It filled with rainfall in autumn/winter each year and dried
on an annual basis. For most of the sampling period (September 2003–March 2004) it
was dry and dominated by a thin benthic microbial mat, sometimes overlain by a layer
of salt. However, late winter rainfall provided sufficient water to support an extensive
bed of submerged macrophytes from mid-September to mid-December 2003.
Lake Mears was a large (208 ha) wetland with a maximum depth of approximately 2.4
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m, which filled seasonally or episodically and dried down over several years (Connolly
2002). It was variously dominated by a benthic microbial community (under a salt
crust), phytoplankton and submerged macrophytes at different times over the sampling
period.
Lake Coogee was a medium-sized (60.4 ha), permanent wetland (probably groundwater
fed) with a maximum depth of <2 m. It experienced seasonal fluctuations in water level
but did not completely dry. Throughout the sampling period, Lake Coogee was always
dominated by a deep flocculent benthic microbial community.
Arthur River Flats was a seasonally-inundated, shallow palaeochannel which held water
only for short periods and to very shallow depths, usually <10 cm. Throughout the
sampling period, Arthur River Flats was either dry or dominated by a thin benthic
microbial community.
Material for the persistence experiment (May–July 2004) was taken from both Lake
Mears and Little White Lake in order to investigate similarities (or differences) in the
response of different benthic microbial communities. Material for the flooding
experiment (October–November 2004) was from Lake Mears only. This second
experiment focused more broadly on the effect of wetting regime on benthic microbial
community establishment. All experimental work was carried out in a controlled
temperature room (set at 23°C) on the Murdoch University campus in Murdoch,
Western Australia. The temperatures experienced in the field by benthic microbial
communities at both Lake Mears and Little White Lake range on average from 4.6 to
33°C (Lake Mears) or 5.6 to 30.9°C (Little White Lake) (data provided by the
Australian Bureau of Meteorology), therefore the experimental conditions fell within
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the normal range for both lakes.

Persistence experiment
Sediment (40–50 mm deep) supporting a benthic microbial layer was collected from
Lake Mears and Little White Lake when the sediment was wet but not inundated (early
2003). Sampling areas were chosen where benthic microbial communities appeared to
be well-developed; indicated by a distinct layer on the sediment, often coloured pink or
green. Pieces of sediment of around 90 × 150 mm in area, and around 30 mm deep were
marked out and then removed using a trowel or spatula while minimising disturbance to
the benthic microbial layer on top. The sediment samples were immediately (within one
day) placed into 24 shallow plastic trays (90 × 150 × 50 mm) each in a small glass
aquarium (150 × 200 × 150 mm) to allow flooding of the sediments to a depth of 130
mm.
Half of the sediment from each lake was kept dry for a period of four weeks and the
other half kept saturated (no free water above the sediment) for the same period of time.
These wetting regimes mimicked conditions at different wetlands in the wheatbelt;
some of which have completely dry sediment when re-flooded, and others which have
experienced some pre-saturation of sediments for several weeks before the first major
rains (L. Sim, pers. obs.). Ambient temperature was kept constant at 23°C. Light was
provided by 10 Sylvania Gro-Lux F36W/GRO fluorescent tubes on a 12 hour cycle. At
the end of this period, samples were taken from four randomly selected trays from each
of the wet and dry treatments for each lake, for measurements of benthic chlorophyll a
and phaeophytin, ash-free dry weight and benthic bacteriochlorophylls a and c. A
methodological note on techniques for assessing microbial biomass is given in
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Appendix Four.
After four weeks, salt solution (tap water and natural lake salt from Lake Deborah,
Western Australia; WA Salt Supply Pool Salt) was added to the aquaria. Four replicate
trays were flooded at each of three salinities (15, 45 and 70 ppt, corresponding with
high, marginal and no macrophyte germination, Chapter Four) and maintained at these
salinities for a period of 70 days. Every two to three days, trays were photographed and
the appearance of the benthic microbial communities and macrophytes, and the
presence of any planktonic blooms were recorded. When germinating macrophytes
emerged, their presence was also recorded. For clarity, the term ‘germinating plant’ is
used throughout this paper to refer to both angiosperm seedlings and charophyte
sporelings. Germinating plants were identified as Ruppia sp. and Lamprothamnium sp.
but could not be identified further as they did not flower or produce oogonia or
antheridia during the experiment. They were most likely to be R. megacarpa R. Mason
and L. cf. succinctum (A. Braun in Ascherson) Wood (identified from plants present at
Lake Mears and Little White Lake).
After 70 days, sediment samples were taken from each tray for measurement of benthic
chlorophyll a, phaeophytin, benthic bacteriochlorophylls a and c and ash-free dry
weight. To estimate macrophyte biomass, numbers of Ruppia plants and dry weights of
Lamprothamnium sp. germinating plants (per tray) were recorded. Lamprothamnium sp.
germinating plants were too numerous to count accurately.
Benthic microbial community development was measured using chlorophyll a as an
analogue for photosynthetic algal biomass (Richards and Thompson 1952; Moss 1967a;
Scheffer 1998) (phaeophytin for biomass of senesced algae) (Moss 1967b), benthic
bacteriochlorophylls a and c as analogues for the biomass of phototrophic purple
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sulphur and green phototrophic bacteria, respectively (Brock & Madigan 1991), and
percent organic carbon as an analogue for the size of the benthic microbial community
matrix. Concentrations of bacteriochlorophylls a and c were calculated using the
equations of Takahashi and Ichimura (1970). Photosynthetic pigment concentrations as
measures of biomass are commonly used in preference to cell counts or total cell
volumes, due to the speed and ease with which concentrations of pigments can be
measured (Scheffer 1998). The type of sediment and benthic microbial community
found varied from lake to lake. To keep measurements comparable within lakes over
time, samples were always taken with the same corer (to keep a consistent surface area)
and the depth of the organic layer was measured, allowing benthic microbial
community volume to be calculated. This portion was then cut off and used for analysis.
Chlorophyll samples were frozen as soon as possible after collection. All benthic
pigments were extracted using the acetone method (Clesceri et al. 1999) by the Marine
and Freshwater Research Laboratory at Murdoch University (MAFRL, NATA
accreditation no. 10603). Spectrophotometer readings that fell below the detection limit
(0.1 µg/L) were assumed to be zero.
To obtain ash-free dry weights (AFDW), samples were dried at 105°C for 24 hours.
After stabilising in a desiccator overnight, sediments were weighed to the nearest 0.001
g then ashed in a muffle furnace at 550°C for 6 hours. Ashed samples were dried to
stability in the desiccator and weighed to the nearest 0.001 g.

Flooding experiment
Sediments from Lake Mears that had previously supported a benthic microbial
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community but had been dry for five months were placed into 12 × 1 L beakers to a
depth of 5 cm. Half the sediment from each lake was kept dry for a period of four weeks
and the other half was kept saturated (no free water on top of the sediment). The beakers
were kept under the same conditions (temperature of 23° C and 12 hour light/dark
regime) as for the persistence experiment.
After four weeks, sediment in all beakers was flooded using tap water in one of two
ways: ‘fast’ (water poured in quickly and vigorously stirred with a glass rod for one
minute but sediment not touched); or ‘slow’ (water poured in slowly and not stirred, so
as to minimise sediment disturbance). Water from each beaker was sampled for
nutrients and salinity immediately (within two minutes) after the water was added.
There were three replicates for each treatment combination (e.g. the combinations ‘fast’
dry sediment, or ‘slow’ pre-saturated sediment).
Water samples were removed from the beakers using a large syringe and were either
kept unfiltered for determination of total nitrogen and total phosphorus (autoclave
digest with potassium persulphate, Valderrama 1981), or filtered through a 0.45 µm
Millipore filter for determination of ammonium, nitrate and nitrite and orthophosphate.
Samples were put on ice immediately after sampling and were frozen as soon as all
beakers had been sampled. Salinity was also measured. Filterable reactive phosphorus
was analysed by the ascorbic acid method (Johnson 1982), nitrate plus nitrite by
copper–cadmium reduction (Johnson 1983) and ammonium by the alkaline phenate
method (Switala 1993). All analyses were carried out on a Lachat Quick-Chem 8000
Automated Flow Injection Analyser by MAFRL.
Beakers were maintained with approximately 15 cm of water (800 mL volume) above
the sediment for two weeks, by which time algal blooms had become evident in some
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containers. Water was then sampled again, this time for nutrients (as before), water
column chlorophyll a and salinity, and sediment samples were taken for benthic
chlorophyll a, phaeophytin and bacteriochlorophylls a and c. Water column chlorophyll
and phaeophytin were sampled by filtering a known volume of water from each beaker
through a Whatman GF/C filter, and keeping this sample on ice until it could be frozen
(<1 hour). Concentrations of water and sediment pigments were determined using the
acetone method (Clesceri et al. 1999).

Data analysis
Transformations of the dependent variable (log10, square root or fourth root) were made
if data from either experiment did not meet the assumptions of normality or of
homogeneity of variances for parametric tests. Plots of all nutrient and pigment data for
the flooding experiment show untransformed data for clarity of interpretation (even
where the data was subsequently transformed for statistical analyses).

Field sampling
Lake Coogee, Lake Mears, Little White Lake and Arthur River Flats were visited every
4–6 weeks from July 2003 to March 2004. Water depth and salinity were measured in
situ at three sites around the wetland (using a depth stick, a TPS WP-81
pH/salinity/conductivity meter and a Vista A366ATC portable refractometer). Benthic
microbial samples were taken for ash-free dry weight, benthic chlorophyll a,
phaeophytin and bacteriochlorophylls a and c using a sediment corer (if the benthic
microbial community was flocculent, volume after settling was recorded). Analyses for
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benthic pigments and percent organic carbon were undertaken as previously described.

Results
Persistence experiment
Development of benthic microbial communities – photosynthetic algae
No significant differences were found between the concentrations of sediment
chlorophyll a within or between any treatments for Lake Mears (Table 5.1), although
they were higher in pre- than post-flooding treatments, and also higher in more saline
treatments (Figure 5.1a). Similar patterns were found for mean phaeophytin on Lake
Mears sediments, in this case with significant differences between the flooding salinity
treatments (Figure 5.1b, Table 5.1).
Levels of sediment chlorophyll a for Little White Lake were significantly different
between salinity treatments, with concentrations increasing after flooding (of both wet
and dry sediment), and generally increasing with increased salinity (Figure 5.1a, Table
5.1). In contrast, phaeophytin concentrations were significantly higher on pre-wet than
dry Little White Lake sediment, and there were no differences between levels of the
flooding salinity treatment (Figure 5.1b, Table 5.1).
In general, benthic algae from both lakes developed equally well after flooding
regardless of whether the sediment had previously been wet or dry (some stimulation by
pre-wetting was evident for Little White Lake), but a greater biomass developed at
higher flooding salinities.
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P
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F
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3

1

3
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3

1

3
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1.70

0.63

0.86

5.22

F

0.10

0.01

0.20

0.61

0.37

0.01

P

(square root-transformed)

Sediment phaeophytin

20

3

1

3

21

3

1

3

266.82

1.25

11.74

5.25

0.37

2.17

8.06

F

0.32

<0.01

0.01

0.78

0.16

0.00

P

20

3

1

3

21

3

1

3

df

322.85

1.90

4.66

5.52

0.22

0.64

4.89

F

0.16

0.04

0.01

0.88

0.43

0.01

P

(square root-transformed)

(square root-transformed)
df

Sediment
bacteriochlorophyll c

Sediment
bacteriochlorophyll a

17

3

1

3

22

3

1

3

df

2.26

16.99

47.65

45.45

9.06

68.31

25.01

F

<0.01

<0.01

<0.01

<0.01

<0.01

<0.01

P

(not transformed)

Percent organic carbon

Table 5.1: Two-way ANOVAs comparing benthic microbial community biomass between the ‘flooding salinity’ and ‘wetting’ treatments.
Values in bold are significant at P = 0.05
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Figure 5.1: Benthic microbial community biomass in Lake Mears (MEA) and
Little White Lake (LWL) sediment kept saturated (wet) or dry and then flooded at
15, 45 or 70 ppt. Estimated using: (a) sediment chlorophyll a (square roottransformed); (b) sediment phaeophytin (square root-transformed); (c) sediment
bacteriochlorophyll a (square root-transformed); (d) sediment bacteriochlorophyll
c (square root-transformed); and (e) % organic carbon. Data are means ± s.e. NB:
statistical analyses in Table 5.1 for Lake Mears benthic chlorophyll a were
performed on fourth root-transformed data, but the data presented here are
square root-transformed to allow comparison with phaeophytin data.
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Development of benthic microbial communities – phototrophic bacteria
Pre-wetting versus drying of Lake Mears sediments did not have a significant effect on
the biomass of benthic phototrophic bacteria, but biomass significantly increased with
increased flooding salinity (Figure 5.1c and d), similarly to benthic algal biomass
(Figure 5.1, Table 5.1). Sediment kept wet developed a higher phototrophic bacterial
biomass prior to flooding than dry sediment, but levels of both bacteriochlorophylls a
and c dropped after flooding with saline water (Figure 5.1c and d).
There were significant effects of both pre-wetting and flooding salinity on the
concentrations of bacteriochlorophylls a and c on Little White Lake sediment (Table
5.1). The lowest salinity treatment (15 ppt) for both pre-dry and wet sediment was
associated with low levels of both bacteriochlorophylls, and concentrations were
generally greater in higher salinity treatments; especially on pre-wet sediment (Figure
5.1c and d).
These results indicated that the biomass of benthic algae and benthic phototrophic
bacteria were affected mainly by flooding salinity for Lake Mears sediment (a drop in
biomass post-flooding, then a positive association with increasing salinity level), but by
both flooding salinity and wetting treatment on Little White Lake sediment (both prewetting and salinity level increased biomass, except for pre-wet 70 ppt).
Development of benthic microbial communities – total benthic microbial community
biomass
The proportion of organic carbon in the benthic microbial community layer significantly
differed between flooding salinities and wetting treatments, and there was a significant
interaction between flooding salinity and wetting for sediment from both lakes (Table
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5.1). The percentage of benthic microbial community organic carbon was higher on prewet sediment from both lakes, but after flooding it showed a negative relationship with
increasing salinity; the opposite trend to algal and phototrophic bacterial biomass
(Figure 5.1e). Once again, there appeared to be greater stimulation of (total) microbial
biomass in the pre-wet treatments from Little White Lake.
Development of benthic microbial communities –variability of the microbial
response
The response of microcosms (the ‘mini-ecosystems’ within each beaker) to flooding
within each wetting treatment or salinity level was variable (Table 5.2). For example,
some microcosms were dominated by benthic growth (benthic microbial community or
macrophytes) and had a clear water column, and others were dominated strongly by
planktonic growth, usually a milky bacterial bloom (presence of bacteria confirmed
using light microscopy), while still others showed partial colonisation by each of these
communities. In particular, replicates of Little White Lake pre-wet 15 ppt were very
variable; some with bacterial blooms filling the water column, others with bacterial
blooms hanging over parts of the sediment, and some with pink bacterial patches on the
sediment (Table 5.2, Figure 5.2). Aquaria which supported dense blooms throughout the
experiment did not tend to develop distinct benthic microbial communities; the
sediment remained dispersive (non-cohesive) and they could not be sampled for benthic
microbial community biomass. The degree to which the benthic or planktonic
communities dominated varied between treatments, however most of the bacterial
blooms occurred above Little White Lake sediment which had been pre-wet before
flooding (Table 5.2).
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Anoxic
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××××

××××

××××

9×××

××9×

××××

Treatment
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45 ppt dry

70 ppt dry
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45 ppt wet
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××××

××××

9×××

××××

××××

××××

Plankton visible
in water column
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9999

9999

9999

9999
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Benthic microbial
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××××
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9999

××××

×××9

9999
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emerged

70 ppt wet

45 ppt wet

15 ppt wet

70 ppt dry

45 ppt dry

15 ppt dry

Treatment

999×

×999

××9×

9999

××9×

9999

Anoxic
sediment

9999

9999
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9×9×

××9×

9999

Plankton visible in
water column

Little White Lake
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××9×

9999
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××××

×9××

9999

××××
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9999
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× = not present, 9 = present. Each of the four ticks and crosses represent the four replicates, i.e. ×××9 means the variable was not present in replicates 1–3 but was present in replicate 4

Table 5.2: Visual evidence for benthic microbial community, macrophyte or plankton communities under different experimental treatments
(each treatment had four replicates)
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(a)

(b)

Figure 5.2: Two replicates of Little White Lake (LWL) 15 ppt pre-wet: (a)
planktonic bloom filling the water column (starting to clear), with submerged
macrophytes growing through it; (b), clear water column with some macrophytes
and pink bacterial blooms suspended above the sediment.

Persistence of benthic microbial communities – macrophyte germination
The germination success of submerged macrophytes differed across the flooding and
salinity treatments. No germinating plants of either species emerged during the preflooding phase, or from the 70 ppt treatment once flooded (Figure 5.3a and b).
At 15 ppt, Ruppia sp. germinating plants first emerged after (a mean of) 53–56 days,
regardless of the wetting treatment or the lake from which sediment was taken (Figure
5.3c). The pre-wetting versus dry treatments did not have a statistically significant
effect on the total number of Ruppia sp. seedlings emerging at 15 ppt for either lake
(Figure 5.3e). However, pre-wetting of Little White Lake sediment appears to have
caused a decrease in the number of trays from which Ruppia germinated, and the mean
numbers of plants emerging (Figure 5.3e). t 45 ppt, Ruppia sp. germinated in only one
tray (Little White Lake ‘dry’ sediment, Figure 5.3a).
Lamprothamnium sp. germinating plants all emerged after a mean of 50–54 days at 15
ppt and after 68 days at 45 ppt regardless of lake or wetting treatment (Figure 5.3d).
Germinating plants appeared in all trays (pre-wet or dry) at 15 ppt. Pre-wetting resulted
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in a lower biomass of Lamprothamnium sp. on Lake Mears sediment at 15 ppt
(F1,6=7.17, P=0.037, Figure 5.3f), but there was no significant difference between
treatments for Little White Lake. The lower mean Lamprothamnium sp. biomass in
Lake Mears pre-wet trays and both pre-wet and dry Little White Lake trays (Figure
5.3f) may have been due in part to the increased microbial biomass in these treatments
(Figure 5.1) but was also clearly related to the higher incidence of anoxic areas (black
sediments) in these three treatments (Table 5.2), as macrophytes did not tend to
germinate in these areas. At 45 ppt, pre-wetting of sediment from both lakes appeared to
stimulate Lamprothamnium sp. emergence (Figure 5.3b). However, despite this
widespread germination, Lamprothamnium sp. biomass was reduced at 45 ppt on
sediment from both lakes (Figure 5.3f).
The emergence of macrophytes at 15 and 45 ppt was delayed, but it not prevented
altogether. In fact, when macrophyte germinating plants emerged, they physically broke
up cohesive benthic microbial communities if these were present (Table 5.2, Figure
5.4). During the period of emergence, the mats and macrophytes coexisted until
macrophyte numbers/biomass were great enough to gain dominance. Only fragments of
the mat remained when germinating plants were numerous.
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Figure 5.3: Macrophyte data for the persistence experiment (Lake Mears, MEA
and Little White Lake, LWL sediment): (a) number of trays from which Ruppia
sp. emerged; (b) number of trays from which Lamprothamnium sp. emerged; (c)
number of days to emergence of germinating plants of Ruppia sp.; (d) number of
days to emergence of germinating plants of Lamprothamnium sp.; (e) number of
Ruppia sp. germinating plants per tray (square root-transformed); and (f) dry
weight (mg) of Lamprothamnium sp. germinating plants per tray (log10transformed). Data are means ± s.e.
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(a)

(b)

(c)

Figure 5.4: Emergence of macrophytes from Lake Mears sediment in different
salinity treatments: (a) macrophytes emerging through benthic microbial
community at 15 ppt; (b) limited macrophyte emergence at 45 ppt (germlings too
small to be seen in photograph); and (c) no macrophyte emergence at 70 ppt.

Flooding experiment
The effect of pre-wetting and flooding speed on water column nutrient
concentrations
Neither the wetting (pre-wet versus dry) of sediments or the speed of flooding (fast
versus slow) had a significant effect on the concentration of water column NOX– (nitrate
NO3– and nitrite NO2–) (Figure 5.5, Table 5.3 between subjects), however
concentrations across all treatments decreased significantly from the beginning to the
end of the experiment (Figure 5.5, Table 5.4).
The wetting treatments had significantly different effects on the release of ammonium
(NH4+) into the water column, which changed over time (Figure 5.5, Table 5.3 between
subjects). At the start of the experiment, concentrations of NH4+ were higher above prewet sediment, but by the end, the pre-dry treatments had much higher concentrations
(Figure 5.5).
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Figure 5.5: Concentration of water column nutrients when first flooded (start) and
two weeks later (finish) for Lake Mears sediment in four treatments: W fast, fastflooded pre-saturated sediments; W slow, slow-flooded pre-saturated sediments; D
fast, fast-flooded dry sediments; and D slow, slow-flooded dry sediments. Nutrients
are: (a) nitrate and nitrite; (b) ammonium; (c) total nitrogen; (d) ortho-phosphate;
and (e) total phosphorus. Data are means ± s.e. Lines on each graph show the
default trigger values for southwestern Australian wetlands from the Australian
and New Zealand guidelines for fresh and drinking water quality (ANZECC and
ARMCANZ 2000).

181

1

1

8

Speed (fast or slow)
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1
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1
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9.41
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P
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1

1

1

1
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1

1
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F
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0.01
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P
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Ammonium

8

1

1

1

1

8

1

1

1
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F
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0.05

P
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Table 5.3: Univariate repeated measures ANOVAs comparing water column nutrient concentrations between the wetting and speed
treatments and over time (start and end of experiment) for Lake Mears sediment. Values in bold are significant at P = 0.05
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9××
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× = not present, 9 = present. Each of the four ticks and crosses represent the three replicates, i.e. ××9 means the variable was not present in replicates 1–2 but was present in replicate 3

Table 5.4: Visual evidence for benthic microbial community and plankton communities under different experimental treatments (n = 3)
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The concentration of total nitrogen (TN, square root-transformed) in the water column
was significantly affected by both the wetting (pre-wet or dry) and speed (fast or slow)
treatments (Figure 5.5, Table 5.3 between subjects). At the start of the experiment, TN
was higher in fast flooded beakers (regardless of whether they had been kept wet or
dry); the magnitude of concentrations indicating that significant amounts of organic
nitrogen were present in addition to the NH4+, NO2–, and NO3–. By the end of the
experiment, however, the pre-dry treatments had much higher TN concentrations than
pre-wet, resulting from the increases in NH4+ over time (Figure 5.5, Table 5.4).
Orthophosphate (PO43–) concentrations in the water column were significantly affected
by wetting treatment, and also by flooding speed (Table 5.3 between subjects).
Orthophosphate was higher above fast flooded sediments at both the start and end of the
experiment (Figure 5.5). At the start, however, there was little difference in
concentration between the pre-wet and pre-dry sediments, but by the end of the
experiment, concentrations of PO43– above the pre-dry sediments were higher (Figure
5.5). Corresponding with the higher PO43– concentrations in the pre-dry beakers at the
end of the experiment, all of the dry slow beakers were noticeably cloudier than the wet
slow beakers, suggesting the occurrence of phytoplankton blooms (Table 5.4).
Total phosphorus (TP) concentrations were significantly affected by flooding speed but
not by whether the sediment had been pre-wet (Figure 5.5, Table 5.3 between subjects).
Similarly to PO43–, concentrations of TP were higher in the fast than slow treatments at
both the start and end of the experiment, with little initial difference between wetting
treatments (Figure 5.5). However, by the end of the experiment, TP concentrations were
higher in the pre-dry than the pre-wet treatments (Figure 5.5). The main difference
between TP and PO43– was in the dry fast treatment, where PO43– increased over time
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and TP decreased, probably due to anaerobic release of PO43– from the sediments. A
significant interaction was also found between TP concentration over time (start or end
of the experiment) and speed (Figure 5.5, Table 5.3 within subjects).
Microbial biomass
Water column algal biomass and sediment algal and bacterial biomass were only
measured at the end of the experiment. No significant effect of wetting or speed was
found on the concentrations of either water column chlorophyll a or phaeophytin, due to
the high variability in concentrations within each of the dry treatments (especially dry
fast) (Figure 5.6, Table 5.4). This variability may have obscured possible significant
effects of the treatments. Despite this, mean chlorophyll a concentrations were lower in
pre-wet treatments (Figure 5.6), which was confirmed by visual assessments of water
clarity (Table 5.4, Figure 5.8).
Neither the wetting nor the speed treatments had a significant effect on sediment
chlorophyll a concentrations, although mean sediment chlorophyll a was lower for dry
fast than any of the other treatments, corresponding with high water column phosphorus
concentrations, anaerobic sediments and high water column algal biomass (Figure 5.5,
Figure 5.6, Figure 5.7). Similarly, neither treatment had a significant effect on
concentrations of sediment phaeophytin, but there was a significant interaction between
wetting and speed (F1,8=24.37, P=0.001, Figure 5.7).
Pre-wetting and flooding speed did not significantly alter the concentrations of sediment
bacteriochlorophylls a or c (Figure 5.7), although similarly to sediment chlorophyll a,
mean bacteriochlorophyll c was lower for dry fast than for any of the other treatments
(Figure 5.7).
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Figure 5.6: Concentrations of water column chlorophyll a and phaeophytin at the
end of the flooding experiment for Lake Mears sediment across four treatments:
W fast, fast-flooded pre-saturated sediments; W slow, slow-flooded pre-saturated
sediments; D fast, fast-flooded dry sediments; and D slow, slow-flooded dry
sediments. Data are means ± s.e.

Figure 5.7: Sediment concentrations of (a) chlorophyll a and phaeophytin; (b)
bacteriochlorophyll a and bacteriochlorophyll c at the end of the flooding
experiment for Lake Mears sediment, across four treatments: W fast, fast-flooded
pre-saturated sediments; W slow, slow-flooded pre-saturated sediments; D fast,
fast-flooded dry sediments; and D slow, slow-flooded dry sediments. Data are
means ± s.e.
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(a)

(b)

Figure 5.8: Contrasting water clarity in different treatments of the flooding
experiment: (a) pre-dried sediment; (b) pre-wet sediment.

These results indicate that pre-wetting of sediment reduced the potential for planktonic
(algal) growth but that flooding speed had less of an effect. The high concentrations of
water column chlorophyll a corresponded with treatments in which PO43– and NH4+
were also high. However, high planktonic biomass was usually not associated with low
benthic microbial community biomass as measured by either photosynthetic algal or
phototrophic bacterial biomass.

Persistence of benthic microbial communities at field sites
Benthic chlorophyll a and bacteriochlorophylls a and c remained relatively constant
over time at Lake Coogee, the only site that remained permanently wet (Figure 5.9).
Salinities at Lake Coogee also remained relatively constant over time. Observed
fluctuations in percent organic carbon did not appear to be directly related to either
salinity or water level (Figure 5.9). The depth of the benthic microbial community was
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always greater than 40 mm (mean ± s.e. 118 ± 23.08 mm) and remained flocculent
throughout the sampling period.

Figure 5.9: Time series data from July 2003 to March 2004 for Lake Coogee, Lake
Mears, Little White Lake and Arthur River Flats: (a) water depth (m) and salinity
level (ppt); (b) water column chlorophyll a; (c) benthic microbial community
(BMC) chlorophyll a; (d) benthic microbial community (BMC)
bacteriochlorophyll a and c; and (e) percent organic carbon in benthic microbial
community (BMC). Data are means ± s.e.

Concentrations of water column chlorophyll a, benthic microbial community
chlorophyll a and benthic microbial community bacteriochlorophylls a and c declined
rapidly from August to September 2003 at Lake Mears, following the germination of
macrophytes (Figure 5.9). Prior to this, the benthic microbial community was
moderately thin (mean ± s.e. 5.0 ± 3.75 mm) and varied from cohesive to semiflocculent. After the macrophytes appeared, the benthic microbial community lost its
cohesiveness and became a thin (<1 mm) dispersive layer (L. Sim, pers. obs.).
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A similar pattern was observed at Little White Lake, which also became macrophytedominated in late 2003, and where a rise in water level and germination of macrophytes
(in August–September) was accompanied by a drop in the levels of water column
chlorophyll a, benthic microbial community chlorophyll a and benthic microbial
community bacteriochlorophylls a and c (Figure 5.9). Emergence of macrophytes
physically broke up the cohesive benthic microbial community (mean depth ± s.e. 1.97
± 0.42), causing pieces of the ‘mat’ to lift off the sediment (L. Sim, pers. obs.). Benthic
chlorophyll a, bacteriochlorophylls a and c and percent organic carbon all increased
when the wetland dried (and macrophytes died) while the sediment remained saturated
(Figure 5.9).
Arthur River Flats was the shallowest and driest site, and its sediments did not remain
saturated when there was no free water present. The level of benthic chlorophyll a at
this site declined strongly over time as the sediments dried, and there also appeared to
be a decline in bacteriochlorophylls a and c (Figure 5.9). Percent organic carbon did not
change markedly over time (Figure 5.9). The benthic microbial community at this site
was very thin (1.13 ± 0.09 mm) and varied from semi-cohesive to cohesive.

Discussion
The effect of salinity level and sediment pre-wetting on benthic microbial community
dominance
Salinity level
Our experiments did not determine a lower salinity limit for benthic microbial
community development, therefore if a threshold for benthic microbial community
189

dominance exists, it is likely to be <15 ppt. Benthic microbial communities developed
at all experimental salinity levels, however, in general, the greatest algal and
phototrophic bacterial biomasses were found in the higher salinity treatments (Figure
5.1a–d). It is possible that at lower salinities, a greater proportion of non-photosynthetic
organisms (e.g. sulfate-reducing chemotrophs or heterotrophic bacteria) may have
formed part of the benthic microbial community, which would help to explain the
higher proportion of benthic microbial community organic carbon in these treatments
(Figure 5.1e). Many of the non-photosynthetic species may not have been able to
tolerate the more stressful metabolic conditions as salinity increased. Even among the
phototrophs, species composition may have changed with salinity level, altering the
ratio of cell volume (and total carbon) to chlorophyll (or bacteriochlorophyll)
concentration (Scheffer 1998). The microbial species composition and relative
proportions of different physiological groups are known to change in salt lakes as
salinity increases (Sørensen et al. 2004).
Pre-wetting of sediments
Although microbial biomass was not always stimulated by sediment pre-wetting, in
general this promoted benthic microbial community development, particularly on Little
White Lake sediments (Figure 5.1). Pre-wetting may have allowed benthic microbial
communities to become established (or not die back) prior to flooding, giving them a
‘head start’ in accumulating biomass once flooded. All microbial communities require
some water to survive (Kushner 1993), and the drying of aquatic sediments results in a
decrease in bacterial biomass (Baldwin and Mitchell 2000 and references within).
Differences in site hydrology are also likely to favour microbes with different
adaptations, for example, under conditions of repeated wetting and drying, facultative
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anaerobes are much more likely than obligate aerobes to persist (Baldwin and Mitchell
2000). Most important in seasonally-drying systems, however, is the ability to produce
resting stages that can tolerate the dry period. Hydrologic differences may partly explain
the difference in response between the microbial communities of Lake Mears and Little
White Lake sediments. Conditions at Little White Lake are relatively dry with a short
hydrologic cycle (Figure 5.9), explaining its tendency towards the development of
anoxic sediments on flooding (Table 5.2).

Do conditions favourable for benthic microbial communities inhibit macrophyte
germination?
Since none of the salinity levels we tested strongly promoted benthic microbial
community development, competition with macrophytes was likely to be facilitated by
the salinity tolerances of the macrophytes themselves, and other factors that might
advantage benthic microbial communities, such as pre-wetting. The persistence
experiment confirmed the findings of Chapter Four; that submerged macrophyte
germination was reduced (or absent) at salinities of 45 ppt or higher (Figure 5.3),
therefore reducing or removing competition with benthic microbial communities for
dominance. However, at lower salinities, even pre-establishment of benthic microbial
communities through pre-wetting did not prevent macrophytes from becoming
dominant.
Macrophyte germination was extensive at 15 ppt, and largely displaced the preestablished benthic microbial communities, despite the fact that pre-wetting reduced
numbers and biomass of both macrophyte species (Figure 5.3). At 45 ppt, macrophyte
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emergence was lower and took longer in all cases, and there was a clearer effect of the
wetting treatment. Both species, but especially Lamprothamnium, appeared to be
stimulated and inhibited in different ways by pre-wetting; developing lower biomass in
pre-wet trays, but germinating in a greater number of pre-wet than dry trays before
flooding. This apparent contradiction cannot be explained by the stimulatory effect of
pre-wetting on benthic microbial community biomass alone. Instead, pre-wetting may
have helped to break seed dormancy by allowing the seeds to imbibe water and initiate
embryo growth earlier (Brock 1982a) accounting for the higher number of treatments
and replicates with plants. However, the presence of widespread anoxic sediments (that
did not support cohesive benthic microbial communities) in the Little White Lake prewet treatment probably prevented these areas of the sediment from being colonised,
lowering overall numbers and biomass. Ruppia maritima has been recorded actively
growing away from areas of anoxic sediment in solar salt ponds (Davis 1978).
Ultimately, the effect of benthic microbial communities on macrophyte germination
success was slight, since germinating plants were able to grow up through the preestablished microbial layer (Table 5.2). However, the presence of anoxic sediments may
reduce the ability of macrophytes to become the dominant primary producer community
(particularly by area). It is unclear whether these anoxic patches would be likely to
persist in the field where there would be additional water mixing and vegetative
colonisation by macrophytes.

Interaction of macrophytes with planktonic blooms
Germination was lower but still usually occurred at both 15 and 45 ppt in trays that
experienced either algal or heterotrophic bacterial (planktonic) blooms (Table 5.2,
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Figure 5.2, Figure 5.3). It appears that macrophytes could coexist with these blooms,
which were often localised and suspended over restricted areas of anoxic sediment
(Figure 5.2b). Even when the bloom filled the entire water column, plants grew up
through the bloom. Even when the bloom filled the entire water column, plants grew up
through the bloom (Table 5.2, Figure 5.2a) and appeared to clear the water. Similar
‘milky’ blooms have been observed in restricted areas between macrophyte beds at
Rushy Swamp, a macrophyte-dominated wetland in southwestern Australia (Figure
2.41).
Opportunistic annuals like Ruppia and Lamprothamnium are able to tolerate relatively
stressful physico-chemical conditions (Brock 1986; García and Chivas 2004, Chapter
Four). Therefore, if a viable seed bank exists, very strong suppression mechanisms are
probably required to prevent macrophytes from becoming dominant. The ability of
macrophyte germinating plants to emerge through and physically displace benthic
microbial communities and dense bacterial blooms clearly demonstrates their ability to
become dominant in conditions in which another community is already established.

The effect of sediment pre-wetting and flooding speed on nutrient release and benthic
microbial community versus phytoplankton dominance
Flooding of both the pre-wet and pre-dry sediments mobilised large amounts of NH4+,
NOx–, PO43– and organic N and P, allowing heterotrophic bacterial and photosynthetic
algal planktonic production to begin immediately. Fast flooding increased the amount of
mobilisation in some treatments (notably of PO43– and TP), but even in the slow flooded
treatments nutrient concentrations were high (Figure 5.5). Nutrient concentrations
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across all treatments were elevated relative to the default trigger values for wetlands in
southwestern Australia from the Australian and New Zealand guidelines for fresh and
drinking water quality (Figure 6.5, ANZECC and ARMCANZ 2000). Since water
volume directly affects nutrient concentrations, the fact that nutrient concentrations
were elevated in the experiments does not mean that this would also have been the case
in the field.
The microbial biota already present in the pre-wet sediments, including denitrifying
bacteria, would have allowed the relatively rapid conversion of nitrate to N2 when water
was added (Qiu & McComb 1996; Baldwin & Mitchell 2000). In contrast, flooding cut
dry sediments off from oxygen, leading to anaerobic conditions (Baldwin & Mitchell
2000). In addition, the bacterial biota in the dry sediments would have been depleted,
slowing the system’s ability to quickly respond to flooding. Sediment anoxia appeared
to occur after both fast and slow flooding, which would have promoted both PO43–
release from the sediments, and the breakdown of organic matter (largely dead
microbes) causing the release of NH4+ into the water column; resulting in very high
concentrations of both PO43– and NH4+ in the dry treatments (Figure 6.5, Baldwin and
Mitchell 2000).
The high concentrations of bioavailable nutrients in the water columns of both the dry
fast and dry slow treatments allowed the development of very high phytoplankton
biomass, which did not occur in the less enriched water column of the pre-wet
treatments (Figure 5.6, Figure 5.8). The presence of these phytoplankton blooms
probably contributed to ongoing anoxia in the dry treatments (Boulton and Brock 1999),
creating a feedback loop in which nutrient release was promoted, and the algae were

194

able to maintain rapid growth.
Due to their effects on phytoplankton growth, we had expected that high levels of water
column nutrients would restrict benthic microbial community development, however,
there was no consistent difference between benthic microbial community biomass in the
pre-wet versus dry treatments (Figure 5.7). As a result of their relative position in the
water column, benthic microbial communities require high light conditions (Lassen et
al. 1997), and in particular, a lack of suspended material in the water (Bauld 1981a,
1986; Burke and Knott 1989), therefore, they are often recorded in oligotrophic waters
(Bauld 1986). In the flooding experiment, mean concentrations of benthic microbial
community chlorophyll a, bacteriochlorophylls a and c were all lowest in the dry fast
treatment, corresponding with the highest mean concentration of water column
chlorophyll a, and next lowest in dry slow (the treatment with the second highest
phytoplankton biomass) (Figure 5.6, Figure 5.7). However, differences in benthic
microbial community biomass between dry slow and both wet treatments were small
relative to the differences in phytoplankton biomass (Figure 5.6, Figure 5.7). This may
partly be an artefact of the small size of experimental units (1 L beakers), since light
penetration to the sediments was not greatly restricted.

Relationship between the persistence and flooding experiments
A central premise of the flooding experiment is that flooding of dry sediment leads to a
sudden release of nutrients, derived from microbial biomass ‘killed’ on drying (Qiu &
McComb 1995; 1996; Baldwin & Mitchell 2000), but that nutrients will not become as
available where sediment has been pre-wet. The results of the flooding experiment
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demonstrate that in fact, fast flooding causes mobilisation of nutrients from both prewet and pre-dry sediments (Figure 5.5). It appears that the development of anoxia in dry
treatments once they were re-wet led to high concentrations of water column PO43– and
NH4+ and fed the subsequent phytoplankton blooms. In the persistence experiment,
planktonic blooms did not occur more often in pre-dry than pre-wet treatments, and
where blooms did occur, they tended to be bacterial (milky) rather than algal (Figure
5.2a), suggesting that the main driver may have been carbon, rather than nitrogen or
phosphorus (Wetzel 1983). There are a number of possible explanations for these
differences in response to flooding:
•

In the persistence experiment, the sediment comprised about 15% of the total water

volume, compared with 33% in the flooding experiment, so nutrient concentrations in
the persistence experiment would have been much lower, making the stimulation of
phytoplankton growth less likely.
•

Microbial biomass is known to decrease as sediments dry, making more nutrients

(from ‘killed’ microbes) available on re-wetting (Qiu & McComb 1995; 1996;
Baldwin & Mitchell 2000). Sediment in the flooding experiment had been dry for five
months, while sediment in the persistence experiment was only dried for four weeks
after collection from field sites.
Almost all of the blooms in the persistence experiment occurred using Little White
Lake sediment (not used in the flooding experiment), which had a layer of dead
macrophytes under the salt crust. This organic matter would have provided ample
carbon to fuel microbial growth and promote anoxia (Wetzel 1983), explaining why
anoxia and bacterial blooms were common in both pre-wet and pre-dry treatments for
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this lake. Although only small differences in percent organic carbon were found
between the lakes (Little White Lake about 2% higher, Figure 5.1e), this was due to
the much higher initial biomass of benthic algae on Lake Mears sediment, which was
not depleted through drying, and therefore would not have been as bioavailable as the
dead plant matter (Figure 5.1a).

Presence of benthic microbial communities at field sites
Field data were recorded at four sites, ranging from permanent Lake Coogee to the
highly ephemeral and dry Arthur River Flats (Figure 5.9). Neither the wettest nor the
driest site were macrophyte-dominated throughout the study, although a few
germinating plants were found at both sites, indicating that the prevailing physicochemical conditions did not prevent germination. Similarly to the experimental data, the
field data suggested that the development of a benthic microbial community is not
limited by low or intermediate salinities, since benthic microbial communities were
present at all sites at <50 ppt, but by other factors such as the water regime at each site,
which affected the ability of other biological communities to compete with the benthic
microbial community. At Arthur River Flats, microbial biomass declined when water
was absent for several months. Sediment desiccation is known to cause a decrease in
microbial biomass (Baldwin & Mitchell 2000); lack of water is believed to be the most
limiting condition for microbial growth, even for microbes tolerant of ‘extreme’
conditions (Kushner 1993). However, the benthic microbial community was able to
recover when water returned, while conditions remained too variable for macrophytes.
Subsequent seed bank germination trials for Arthur River Flats have shown that
macrophyte seeds are sparse and uncommon in the sediments (L. Sim, unpublished
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data). At Lake Coogee, physico-chemical conditions remained relatively stable
throughout the study period and no other community was able to displace the benthic
microbial community. Water permanence allowed the deep, flocculent benthic
microbial community to remain saturated throughout the year; keeping its component
organisms alive and maintaining its physical structure. Lake Coogee remained benthic
microbial community-dominated at salinities well within the range of macrophyte
tolerance. Hydrology rather than salinity appears to have facilitated benthic microbial
community dominance at this site.
Lake Mears and Little White Lake both filled with water in early–mid 2003 and were
dominated by submerged macrophytes after water had been present for several months.
Germination coincided with substantial decreases in both sediment chlorophyll a and
sediment bacteriochlorophyll, facilitated by the physical break-up of the benthic
microbial communities by the emerging germinating plants. As demonstrated in the
persistence experiment, if water is present for long enough and at a suitable salinity,
macrophytes are able to become dominant, even if a benthic microbial community or
phytoplankton bloom is already present.

Implications for the formation and dominance of ecological regimes
The way in which water enters a wetland (or whether it is there permanently) directly
affects the ability of the biota to survive, reproduce and compete for resources. In saline
wetlands, the inverse relationship between salt concentration and water volume further
extends this structuring role of hydrology. Both high salinities and the saturation of
sediments prior to flooding promote benthic microbial community establishment in
seasonally-drying wetlands, however drying prevents the development of homeostatic
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mechanisms that help benthic microbial communities to remain dominant (Burke &
Knott 1997).
Regular complete drying prevents benthic microbial communities from becoming too
thick and cohesive (De Deckker 1983; Kühl et al. 2003), limiting their effectiveness as
a physical barrier in seasonally-drying wetlands. Although desiccation leads to sediment
consolidation and therefore decreased turbidity (Bjornsson et al. 2003), drying also
favours the germination of both charophytes and Ruppia species (Brock 1982a; de
Winton et al. 2004). Sudden large influxes of water onto dry or unconsolidated
sediment are likely to lead to high inorganic turbidity and mobilisation of sediment
nutrients as demonstrated in the flooding experiment (also Qiu & McComb 1995;
1996). Depending on the nutrient load of the system, and mechanisms for sediment
resuspension, episodic inflows can allow either macrophytes or phytoplankton to
dominate (Figure 5.10). Charophyte germination has been shown to occur readily under
turbid conditions (de Winton et al. 2004), contrasting with the high light required for
the establishment of benthic microbial communities (Bauld 1986; Lassen et al. 1997;
Levit & Krumbein 2003). High nutrient conditions often lead to high biogenic
turbidities (phytoplankton dominance) (e.g. Casanova et al. 1997). This suggests that at
intermediate salinities, wetlands subject to episodic rainfall with moderate to high
nutrient levels, may be prone to phytoplankton blooms (Figure 5.10). When water enters
a wetland gradually, through seasonal inflows, pre-saturation of sediments is likely to
stimulate macrophyte germination. Importantly, the ecological dynamics in seasonallydrying wetlands are regularly ‘re-set’ by drying, so the conditions occurring during first
flooding in the next hydrologic cycle always have a strong influence on the upcoming
cycle of dominance
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Figure 5.10: Conceptual model of the effects of hydrology, salinity and nutrient level on the initiation of ecological regimes in seasonallydrying saline wetlands. Depicted ecological regimes are: (a) macrophyte-dominated; (b) benthic microbial community-dominated); (c)
macrophyte-dominated; and (d) phytoplankton-dominated. Symbols for diagrams courtesy of the Integration and Application Network
(http://ian.umces.edu/symbols), University of Maryland Center for Environmental Science.

200

(Figure 5.10). We have not included co-existence of macrophytes and planktonic
blooms in our model, because field observations suggested that co-existence was not a
persistent regime in the field and that once plants were able to establish, they tended to
take over and become dominant. ‘Dominance’ does not imply that no individuals of the
‘alternative’ biota are presence, merely that the biomass of the dominant biota is far
greater, and is the biota exerting an appreciable influence on wetland physico-chemical
conditions.
The thin benthic microbial communities characteristic of seasonally-drying wetlands
(De Deckker 1983) were usually outcompeted at intermediate salinities in our
experiments, however, our field data demonstrates that under permanent conditions
benthic microbial communities can become dominant within this salinity range. At Lake
Coogee, a thick flocculent benthic microbial community was present at 11–34 ppt. The
nature of this benthic microbial community and its ability to outcompete alternative
benthic communities such as submerged macrophytes appears to be facilitated by water
permanence and the resultant depth and flocculence of the benthic microbial
community. The dynamics of ecological regime change in permanent systems may be
different to seasonally-drying wetlands, with permanency more likely to support stable
communities maintained by positive feedback mechanisms (Figure 5.11). The existence
of positive feedbacks for macrophyte and phytoplankton dominance in permanent
waters have been well-documented (e.g. Scheffer 1990; Beklioglu & Moss 1996), and a
role for benthic microbial communities as the homeostatic regulators of permanent
wetlands has also been proposed (Burke & Knott 1997). The role of water permanence
in ecosystem dynamics requires further investigation.
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Figure 5.11: Conceptual model of the effects of hydrology, salinity and nutrient level on the initiation of ecological regimes in permanent saline
wetlands. Depicted ecological regimes are: (a) macrophyte-dominated; (b) benthic microbial community-dominated); and (c) phytoplanktondominated. Symbols for diagrams courtesy of the Integration and Application Network (http://ian.umces.edu/symbols), University of
Maryland Center for Environmental Science.
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In the context of the secondary salinisation of wetlands in southwestern Australia,
understanding the roles of water regime and nutrient enrichment and their interactions
with salinity is vitally important for management and restoration. The location of these
wetlands within an agricultural landscape exposes them to inputs of nutrients
(fertilisers) and also makes them susceptible to drainage water disposal, which may lead
to increases in water permanency and nutrient enrichment (Davis 2004). The region is
also experiencing a broad climatic drying trend, with less winter-spring rainfall
expected over the next decades and a possible increase in summer-autumn episodic
flows (Australian Greenhouse Office 2003). Changes to wetland hydrology can have
significant impacts on ecosystem processes such as nutrient cycling (Baldwin &
Mitchell 2000) and as indicated by our experimental work, they can also play a major
role in shifts between ecological regimes. Hydrological changes caused by salinisation
and climate change could disadvantage annual macrophyte populations in wetlands that
historically dried seasonally. However, eutrophication means that even with increased
permanency, benthic microbial communities are less likely than a phytoplanktondominated ecological regime to displace the submerged aquatic plant community of
salinising wetlands.
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Summary
1. Land clearing in Australia’s southwest has led to widespread salinisation of aquatic
ecosystems. Four different ecological regimes (clear, submerged macrophytedominated; clear, benthic microbial community-dominated; turbid, phytoplanktondominated; and turbid, sediment-dominated) have previously been identified in the
salinising wetlands of this region.
2. Monitoring data from seven saline wetlands over an 18-month period were used to
evaluate whether a continuum, simple threshold or alternative regimes conceptual
model (sensu Moss 1990; Scheffer 1990) most appropriately represented transitions
between these ecological regimes. We also aimed to identify whether factors other than
salinity played a major role in defining ecological regimes or causing shifts between
them.
3. Ordination of biological variables revealed a separation of benthic microbial
community-dominated from submerged macrophyte-dominated sites and times. The
mean salinities of these two groups were very similar, suggesting that a salinity
threshold was not responsible for benthic microbial versus macrophyte-dominance. No
other environmental variable was found to have a strong, direct influence on the
groupings.
4. The dynamics of regime change in saline wetlands appear not to be driven by any
single variable, but by the combined effects of salinity and water regime on species life
histories and competitive abilities. Macrophytes were powerful competitors, able to
germinate and establish under a range of salinities, turbidities and water depths, and
were favoured by seasonal drying.
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5. Data from the seven wetlands indicated that the continuum, simple threshold and
alternative regimes conceptual models did not appropriately represent transitions
between ecological regimes in seasonally-drying wetlands. Macrophyte and benthic
microbial regimes occurred at overlapping salinity levels, excluding both the continuum
and threshold models, and the regular occurrence of drying appeared to preclude the
alternative regimes model. Drying prevented the development of strong positive
feedback mechanisms, which might otherwise have maintained the benthic microbial
community-dominated regime. We hypothesise that an alternative regimes model might
still be valid for salinising ecosystems holding permanent water.
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Introduction
Land clearing in the agricultural zone of Australia’s southwest has led to widespread
salinisation of flowing and standing waters (Davis et al. 2003; Halse, Ruprecht &
Pinder 2003). Recently, attempts have been made to characterise the salinity-driven
ecological changes occurring in wetlands using the paradigm of multiple stable
equilibria (Davis et al. 2003). Four different equilibria, viewed as alternative ecological
regimes, have been identified in the seasonally-drying salinised wetlands of Australia’s
southwest: (i) clear water dominated by submerged aquatic macrophytes; (ii) clear water
dominated by benthic microbial communities; (iii) turbid water dominated by
phytoplankton; and (iv) turbid water dominated by sediment (Davis et al. 2003;
Strehlow et al. 2005). The criteria used to define each regime are given in Table 6.1.
Davis et al. (2003) predicted shifts from (i) to (ii) driven by increased salinity, and from
(i) to (iii) and (ii) to (iii) driven by increased nutrient loading. Regime (i) is the desirable
regime or management goal for the salinised seasonally-drying wetlands of Australia’s
southwest as it is most similar to the historic condition of these wetlands, and performs
a more diverse range of ecological functions than regimes (ii)–(iv) (Chapter Four,
Chapter Five).
Table 6.1: Criteria defining the four ecological regimes of salinised wetlands (after
Strehlow et al. 2005)
Ecological regime

Turbidity (NTU)

Chlorophyll a (µg/L)

Cover of submerged
macrophytes (%)

(i) Clear water,
macrophytedominated

<10

<30

>50

(ii) Clear water,
benthic microbial
communitydominated

<10

<30

(iii) Turbid water,
phytoplanktondominated

>10

>30

Cover of benthic
microbial
communities (%)

>50

<50

<50
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(iv) Turbid water
sediment-dominated

>10

<30

<50

<50
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The salinising wetlands of southwestern Australia differ from European brackish coastal
lakes (as described in Bales et al. 1993; Jeppesen et al. 1994; Moss 1994; Jeppesen et
al. 1998a) in their freshwater origins, inland location and importantly, their ability to
support high abundances of large-bodied planktivorous grazers including cladocerans
(Strehlow et al. 2005). The occurrence of large numbers of halotolerant grazing
zooplankton appears to allow the development of the clear water (macrophyte or
benthic microbial-dominated) regimes described above (Strehlow et al. 2005), even
under conditions of nutrient enrichment. In European brackish wetlands, the
suppression of these large grazers (particularly cladocerans) by salinity keeps nutrientenriched saline waters highly turbid, even when macrophytes are abundant (Jeppesen et
al. 1994; Moss 1994). This contrasts with the widely documented association between
macrophytes and clear water that has been observed in freshwater shallow lakes (e.g.
Beklioglu & Moss 1996; Blindow, Hargeby & Andersson 2002). The existence of
saline, clear water regimes in Australian salinising wetlands suggests that aspects of the
ecological dynamics of these systems may parallel freshwater lakes more closely than
those of their brackish European counterparts.
It is not yet clear whether the alternative regimes model or a different model is the most
appropriate representation of salinity-driven ecological dynamics in salinised Australian
wetlands. We have used monitoring data from seven saline wetlands to evaluate three
different conceptual models that may represent salinity-driven regime shifts (from (i) to
(ii) and vice versa) in salinised wetlands. These are the ‘continuum’, ‘simple threshold’
and alternative regimes models (Figure 6.1, Chapter Three). Predictions of ecosystem
behaviour under each model are presented in Table 6.2. To assess the relevance of each
model, we need to understand whether the thresholds arising from experimental work
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on salinity tolerances (Chapter Four, Chapter Five) accurately represent changes in the
field, whether regime shifts appear to occur equally in both directions, whether
transitional regimes exist and whether there appear to be positive feedback mechanisms
operating. We also aim to identify whether salinity plays the major role in defining
ecological regimes or causing shifts between them, or alternatively, whether other
physico-chemical or biotic factors can be identified as drivers.
Macrophyte-dominated

Macrophyte-dominated

BMC-dominated

BMC-dominated

Ecosystem condition

Ecosystem condition

Macrophyte-dominated

BMC-dominated
Salinity

Salinity

Salinity

Figure 6.1: Three possible pathways along which the shift from a macrophytedominated to a benthic microbial-dominated regime might occur in a secondarily
salinised wetland system (adapted from Scheffer et al. 2001; Scheffer and
Carpenter 2003)
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Importance of ecological resilience to
regime shifts

Persistence of transitional regimes

Change in community dominance directly
proportional to salinity change.

Relationship between salinity change
and regime shifts

Changes in ecological resilience are not necessary
for a shift to occur.
Weakening of ecosystem resilience may change
threshold salinity, but not shape of model.
Biotic changes driven largely by salinity increases
or decreases (salinity tolerance).
Macrophyte and benthic microbial community
dominance respond primarily to threshold salinity
level (50 ppt).

Weakening of ecosystem resilience may
change slope of model but not its shape.

Biotic changes driven largely by salinity
increases or decreases (salinity tolerance).

Macrophyte and benthic microbial community
dominance respond primarily to salinity level.

Macrophytes and benthic microbial communities
rarely co-dominant and only for very short
periods.

Macrophytes and benthic microbial
communities can be co-dominant over a range
of salinities and over several months.

Changes in ecological resilience are not
necessary for a shift to occur.

Transitional regimes highly transient.

Macrophyte-dominated below threshold salinity
and benthic microbial community-dominated
above. Sudden switch between dominance at
salinity threshold (~50 ppt).

No hysteresis effects evident (shift back can occur
at same salinity).

Regime shift at threshold salinity.

Simple threshold model

Transitional regimes able to persist.

Macrophyte loss and benthic microbial
community increase are gradual as salinity
increases (and vice versa).

No threshold salinity concentration needs to be
crossed for regime to change.

Continuum model

Factor

Macrophyte or benthic microbial community
dominance can be maintained over a range of
intermediate salinity levels (<15 to ~50 ppt).

Changes in resilience may undermine a
particular ‘equilibrium’.

Shifts at intermediate salinities cannot occur
without external perturbation.

Weakening of ecological resilience important
for regime shifts.

Macrophytes and benthic microbial
communities rarely co-dominant and only for
very short periods.

Transitional regimes highly transient.

Sudden switch between macrophyte and
benthic microbial community-dominance
when salinity reaches an extreme (high or
low salinity) or the system is perturbed at
intermediate salinities (<15 to ~50 ppt).

Hysteresis effects evident.

Regime shifts at salinity extremes or at
intermediate salinities with additional
perturbation.

Alternative regimes model

for reverse switch) from Chapters Four and Five. Italicised text indicates details specific to regime shifts in saline wetlands.

Proposed threshold salinities (>50 ppt threshold for shift from submerged macrophyte to benthic microbial community dominated, <15 ppt threshold

Table 6.2: Predictions for saline wetland ecosystem responses to salinity change under each of three conceptual models (Figure 6.1).
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Viability of recolonisation

Existence of self-stabilising
mechanisms
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Once threshold is reached (50 ppt), most/all living
organisms from previous regime are no longer
able to persist or reproduce.

Speed of recolonisation dependent on availability
of viable propagules from the seedbank or nearby
wetland.

Recolonisation relatively rapid.

Both types of organisms are able to persist and
reproduce at intermediate salinities (<15 to
~50 ppt).

No persistence of organisms from alternative
dominant community once threshold is crossed.

Change in macrophyte or benthic microbial
community dominance may be minimal until
threshold (50 ppt) is reached.

Some weak feedback mechanisms at salinity
extremes but likely to break down when threshold
salinity reached.

Persistence of some organisms from each
dominant community at intermediate salinities.

Once salinity starts to increase, a change in
macrophyte and benthic microbial community
dominance occurs.

No strong feedback or self-sustaining
mechanisms.

Once regime shift occurs, most/all living
organisms from previous regime are no
longer able to persist or reproduce.

Speed of recolonisation dependent on
availability of viable propagules from the
seedbank or nearby wetland.

No persistence of organisms from alternative
dominant community once regime shift
occurs.

Very little change in macrophyte or benthic
microbial community dominance over a wide
range of intermediate salinities (<15 to ~50
ppt) (without perturbation).

Strong feedback or self-stabilising
mechanisms.

Methods
Study sites
Regular field sampling was conducted at seven sites; two naturally saline coastal
wetlands near Perth (Lake Coogee and Lake Mount Brown), four secondarily
(anthropogenically) salinised wetlands (Lake Mears, Little White Lake, Rushy Swamp
and Meeking Lake) and one secondarily salinised palaeochannel (Arthur River Flats) in
the Western Australian ‘wheatbelt’. These sites encompassed a range of wetland types
and levels of salinisation, and as they were typical of systems in the region, most of the
secondarily saline sites were affected by more than one degrading factor, such as
clearing, nutrient enrichment or grazing. A summary of the location, type, size and
tenure of each of the sites is given in Table 6.3.
This dataset was recorded over a comparatively short monitoring period (18 months
from September 2002 to March 2004), over two drier than average years, which would
have influenced the hydrology and salinity characteristics recorded. Watertables would
have been relatively low, with less wetland permanency than usual and possibly also
higher salinities. Under different conditions these systems may have stayed wet longer,
allowing a greater possibility for change between regimes than was evident in this
study.

Field sampling
Three permanent sampling sites were sampled every 4–6 weeks at each wetland. Sites
were sampled for water quality, macrophyte biomass and benthic microbial biomass
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Location

Near Coogee, southwest of Perth

Near Brookton

Near Narrogin

Near Highbury

Near Henderson southwest of Perth

North of Darkan

Near Woodanilling

Wetland name

Lake Coogee

Lake Mears

Little White Lake

Arthur River Flats

Lake Mount Brown

Meeking Lake

Rushy Swamp

Table 6.3: Study site locations and details
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33°32.420′S, 117°16.142′E

33°14.732′S, 116°47.058′E

33°10.368′S, 115°47.446′E

33°04.651′S, 117°16.614′E

33°00.640′S, 117°26.456′E

32°13.842′S, 117°21.566′E

32°08.401′S, 115°46.738′E

Latitude, Longitude

Medium-sized, seasonal wetland.

Medium-sized, seasonal wetland.

Small, seasonal wetland.

Seasonally inundated shallow palaeochannel.

Medium-sized, seasonal wetland.

Large, open, periodically-inundated.
Maximum depth 2.4 m.

Medium-sized, permanent wetland (possibly
groundwater fed) with seasonal fluctuations
in water level.

Type

12.5

25

5.3

—

64
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60.4

Size
(ha)

Private

Private

Department of Conservation and Land
Management

Department of Conservation and Land
Management

Department of Conservation and Land
Management

Private and Department of Conservation and
Land Management

City of Cockburn

Tenure

when wet, but only for benthic microbial biomass when dry.
Water quality
When water was present in the wetland, a suite of physico-chemical parameters were
recorded including: pH, salinity (using a TPS WP-81 pH/salinity/conductivity meter
and a Vista A366ATC portable refractometer); turbidity (using a Hach portable
turbidimeter); gilvin (water filtered through 0.2 µm filters and kept in the dark until
absorbance was measured at 440 nm), chlorophyll a, b, c (known volume of water
filtered using Whatman GF/C filters in the field, then kept on ice for transport to the
laboratory) and water depth. Raw absorbances were converted to absorbance
coefficients for gilvin by multiplying by 2.303 × 100 (Kirk 1994). Chlorophyll samples
were processed by the Marine and Freshwater Research Laboratory at Murdoch
University (NATA accredited). Chlorophylls were extracted by grinding in 90%
aqueous ethanol (Clesceri, Greenberg & Eaton 1999). Absorbances of photosynthetic
pigments were determined spectrophotometrically at 750, 630, 664 and 647 nm.
Concentrations were calculated using the equations of Clesceri et al. (1999).
Chlorophyll concentrations that fell below the detection limit (0.1 µg/L) were assumed
to be zero for the purposes of data analyses.
Water depth was taken at three permanent sampling sites around each wetland. These
records do not provide the absolute maximum depth of the wetland but were
comparable between sampling occasions.
Macrophyte biomass
When aquatic macrophytes were present, and large enough to be harvested (>10 cm
tall), above-ground biomass was sampled using grass shears to remove plants at ground
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level. Relative density was assessed visually and three representative subsamples
harvested at each site, to a total area of approximately 0.07 m2 (representing three
shearing arcs). This process was repeated at each of the three permanent sampling sites
at each wetland. If macrophytes were too small to be harvested, their presence only was
recorded.
Macrophyte samples were refrigerated after collection, and debris, sediment and
invertebrates removed from them by washing and hand-picking before drying for 24
hours at 105°C. Dry samples were weighed to the nearest 0.01 g. Macrophyte beds
usually comprised two or three species (Table 6.4), but species were not separated
before drying.
Biomass (g dry weight/m2) was expressed in categories on a scale of natural logarithms
(Table 6.5). Due to the large spread of values in the data, a linear scale was
inappropriate (too many categories would have been required). The use of categories
allowed an estimate of biomass to be made for occasions when plants were too small for
harvesting and when there were missing data (December 2003). When plants were too
small for harvesting they always fell into the first category.
Macrophyte biomass was standardised across sites by adjusting all values to a
percentage of the maximum biomass at each site within each wetting and drying cycle.
This accounted for between-site variation in biomass and for the effects of year-to-year
differences in rainfall.
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Sparse

—

Dominant

Dominant

Present

Little White Lake

Arthur River Flats

Lake Mt Brown

Meeking Lake

Rushy Swamp

—

Lake Mears

—

—

—

—

—

Present in clumps

—

R. Mason

R. Mason

Few plants only,
probably R.
polycarpa

Ruppia megacarpa

Ruppia polycarpa

Lake Coogee

Wetland

Present

Present

Present

Not flowering
(not positive ID)

Few plants only

Co-dominant

—

—

(Lehm.) F.Muell.

Lepilaena preissii

Dominant

Co-dominant

—

—

—

—

—

—

—

—

Co-dominant

Dominant

—

(A. Braun in
Ascherson) Wood

(A. Braun) Ophel
—

Lamprothamnium
cf. succinctum

Lamprothamnium
macropogon

Table 6.4: Species of macrophytes found at field sites and relative abundances
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—

—

Co-dominant

—

—

—

—

Lamprothamnium sp.
(undescribed)

Table 6.5: Above-ground submerged macrophyte biomass categories (scale is
natural logarithms)
Biomass category

Range of biomass values included
(g DW/m2)

0

0

2.72

0–2.72

7.39

2.73–7.39

20.09

7.40–20.09

54.60

20.10–54.60

148.41

54.61–148.41

403.43

148.42–403.43

1096.63

403.44–1096.63

2980.96

1096.64–2980.96

Macrophyte % cover
Percentage cover of submerged macrophytes (whole lake) was determined using aerial
photographs where available (usually every two months), together with ground-truthing
at each 4–6 weekly sampling event. Ground-truthing consisted of visual surveys of the
lake bed during each sampling trip to confirm the presence of macrophyte stands or bare
sediment. Data were expressed as categories: 0 = 0%; 20 = 1–20%; 40 = 21–40%; 60 =
41–60%; 80 = 61–80%; and 100 = 81-100%. Similarly to macrophyte biomass, the use
of categories allowed an estimate of percentage cover to be made for occasions on
which aerial photographs were not available. These estimates were made using the
preceding and subsequent aerial photographs for the site.

Benthic microbial biomass
If a benthic microbial community was deemed to be present (visual assessment of
colour and cohesiveness), the estimated depth of the benthic layer and levels of benthic
219

chlorophyll and phaeophytin were measured using sediment cores (40 mm diameter). If
the benthic layer was cohesive, the top part of the core (benthic microbial community
above the sediment) was cut off and placed in a vial (depth of layer recorded); if
flocculent, the top part of the layer was poured into a vial and the volume recorded. The
nature of the benthic microbial community varied, but was usually composed of
diatoms, non-filamentous green algae or non-filamentous cyanobacteria.
Similarly to water column photosynthetic pigments, sediment pigments were extracted
using the acetone method by the Marine and Freshwater Research Laboratory at
Murdoch University (Clesceri et al. 1999). Pigment concentrations that fell below the
detection limit (0.1 mg/m3) were assumed to be zero for the purposes of data analyses.
Similarly to macrophyte biomass, benthic microbial biomass (mg/m3 of benthic
chlorophyll a) was standardised across sites by adjusting all values to a percentage of
the maximum biomass at each site within one wetting and drying cycle.
Benthic microbial community % cover
Percentage cover of benthic microbial community (whole lake) was determined using
visual estimates at each 4–6 weekly sampling event. Data were expressed as categories:
0 = 0%; 33.3 = 1–33.3%; 66.7 = 33.4–66.7%; and 100 = 66.8–100%. Benthic microbial
communities were not reliably detectable using aerial photographs. The patchiness of
benthic microbial communities meant that cover could only be assessed with reasonable
accuracy in broad categories.
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Statistical analyses
Classification and ordination
Multivariate analyses performed in PRIMER (Clarke & Gorley 2001) were used to
classify the data into groups, based either on biological abundance and biomass
(standardised macrophyte biomass; macrophyte % cover; benthic microbial community
% cover; depth of benthic microbial community; standardised benthic microbial
community chlorophyll a; and water column chlorophyll a, b and c) or on
environmental parameters (pH; salinity; turbidity; depth and gilvin).
A subset of the collected data were used, representing 60 date/site combinations when
sites held water. Each data point was the mean of the values from the three sampling
sites within each wetland. Some measures (e.g. benthic chlorophyll) were also recorded
at times when the wetlands were dry, but these data could not be used, as multivariate
analyses require a complete set of data for each date/site combination.
Biological data (mean values for each date/site combination) were used to generate a
Bray-Curtis similarity matrix. Hierarchical classification and ordination by non-metric
multi-dimensional scaling (NMDS) were performed on the data to examine groupings
based on biomass. Values of individual biological and environmental variables were
overlaid onto the NMDS of biological data using bubble plots (where larger bubbles
represent larger values of each variable) to allow a visual assessment of the relationship
between the multivariate biological data and univariate biological or environmental
measures (Clarke & Warwick 2001).
Correlation-based principal components analysis (PCA) is considered to be the most
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appropriate method of ordinating environmental data that is measured at different scales
(Clarke & Warwick 2001). However, in order to undertake a formal analysis of
correlations between biological and environmental data (BIO-ENV), NMDS must be
used for both datasets. Therefore, environmental data were log10(x+1) transformed and a
similarity matrix based on Euclidean distances was generated. Clarke and Warwick
(2001) suggest that there is little practical difference between an NMDS and a PCA plot
if they are both run on a small number of variables and both use Euclidean distance as
their dissimilarity measure.

Results
Hierarchical clustering of the biological dataset generated six main cluster groups
sharing at least 75 percent similarity (Figure 6.2a) and these groups were superimposed
onto an ordination of the same data (Figure 6.2b). The biological cluster groups
comprised: A - Arthur River Flats on four occasions (Autumn–Winter 2003) and Rushy
Swamp on one occasion (Autumn 2003); B - Lake Coogee, Lake Mears, Little White
Lake and Arthur River Flats on most sampling occasions; C - Lake Mount Brown,
Meeking Lake and Rushy Swamp on most occasions (all seasons), and the remaining
occasions for Lake Mears and Little White Lake (Spring 2003); D - Lake Mount Brown
on one occasion when it was filling (Autumn 2003); E - Meeking Lake on one occasion
when it was drying (Summer 2003); and F - Rushy Swamp and Lake Mount Brown
each on one occasion when they were drying (Summer 2003, 2004) (Figure 6.2c).
Bubble plots of the biological variables (Figure 6.3) showed a strong association of
benthic microbial community biomass and cover with biological cluster group B
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A
(b)

B

C

DE F
A
B
C
D
E
F

(c)

1 Lake Coogee
2 Lake Mount Brown
3 Lake Mears
4 Little White Lake
5 Arthur River Flats
6 Rushy Swamp
7 Meeking Lake

Figure 6.2: 2D NMDS ordination plots and hierarchical cluster diagram based on
the biological dataset: (a) hierarchical cluster diagram (single linkage); (b) NMDS
showing cluster groupings based on hierarchical clustering (≥75% similarity); and
(c) NMDS showing sites. Cluster groups are circled.
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1 Lake Coogee, 2 Lake Mount Brown, 3 Lake Mears, 4 Little White Lake, 5 Arthur River
Flats, 6 Rushy Swamp and 7 Meeking Lake.

Figure 6.3: Bubble plots showing the association of biological variables with the
biological dataset (by site). Larger bubbles indicate higher values of each variable.
Plots depict: (a) water column chlorophyll a; (b) water column chlorophyll b; (c)
water column chlorophyll c; (d) depth of benthic microbial community; (e) %
cover of benthic microbial community; (f); % of maximum benthic microbial
community biomass (calculated for each wetland and wetting–drying cycle); (g) %
cover of submerged macrophytes; and (h) % of maximum submerged macrophyte
biomass (calculated for each wetland and wetting–drying cycle). Biological cluster
groups are circled. Numbers on each plot are means ± s.e.
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(Figure 6.3e and f), and of macrophyte biomass and cover with biological cluster group
C (Figure 6.3g and h). Biological cluster group B appears to represent the ‘benthic
microbial community-dominated’ regime, and biological cluster group C the
‘macrophyte-dominated’ regime, with groups A, D, E, and F representing abiotic
(sediment-dominated) or transitional stages (usually filling or drying). Several of the
wetlands moved between regimes over the 18-month sampling period and most
exhibited transitional stages. A few of the site/times that fell in biological cluster group
B when benthic microbial community biomass was low (but cover was often high) were
dominated by phytoplankton (Figure 6.3a–c, e and f).
Figure 6.4 shows the association of environmental variables with the biological
ordination, and highlights where the separation of biological cluster groups may be due
to differences in these variables. The mean salinities of biological cluster groups B and
C were very similar (Figure 6.4c), suggesting that a salinity threshold is not responsible
for separating benthic microbial community and macrophyte-dominance within these
site/times. This overlap in salinities at which each community was dominant also
suggests that ecological regime change does not occur along a continuum. Salinities
were higher in the abiotic and transitional biological cluster groups (A, D, E, F), which
were also associated with low water levels (Figure 6.4c and d). The macrophytedominated biological cluster group C had the highest mean pH, the lowest turbidity and
the highest mean water depth (Figure 6.4a, e and d). Figure 6.5 confirms the overlap in
salinity levels between biological cluster groups B and C and shows that a threshold
between the macrophyte and benthic microbial community-dominated regimes does not
exist at 30, 40 or 50 ppt.
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1 Lake Coogee, 2 Lake Mount Brown, 3 Lake Mears, 4 Little White Lake, 5 Arthur River
Flats, 6 Rushy Swamp and 7 Meeking Lake.

Figure 6.4: Bubble plots showing the association of environmental variables with
the biological dataset (by site). Larger bubbles indicate higher values of each
variable. Plots depict: (a) pH; (b) anti-log pH; (c) salinity; (d) water depth; (e)
turbidity; and (f) gilvin. Biological cluster groups are circled. Numbers on each
plot are means ± s.e.
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Figure 6.5: Biological NMDS plot showing sites grouped by salinity level: (a)
greater or less than 30 ppt; (b) greater or less than 40 ppt; and (c) greater or less
than 50 ppt. The submerged macrophyte community is likely to have a restricted
ability to establish and persist at >50 ppt (Chapter Four). Biological cluster groups
are circled.
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Ranked correlations between the biological similarity matrix and the environmental
dataset (using the BIO-ENV procedure, Clarke & Warwick 2001) revealed that no
environmental variable (or combination thereof) strongly influenced the groupings of
the biological site/times (Table 6.6). These low correlations were reflected by the scatter
of high and low environmental values across the bubble plots (Figure 6.4). The variable
with the strongest correlation with the biological similarity matrix was pH (ρw = 0.361,
Table 6.6). The relationship of pH with biological cluster groups was not evident in
Figure 6.4a due to its expression on a logarithmic scale. However, when pH was plotted
as anti-logs, the highest values can be seen tightly clustered within biological cluster
group C, where macrophyte biomass’ were also high (Figure 6.4b, Figure 6.3g).
Ordination of the environmental dataset (Figure 6.6) revealed no distinct clustering into
environmental cluster groups, but a clear divide between one side of the plot (most of
biological cluster groups B and C), and the other side (abiotic and transitional
site/times). Strong environmental gradients were evident (Figure 6.7), with the
ordination apparently driven most strongly by salinity, depth and to a lesser degree pH
(Figure 6.7c, d and b).
All of the abiotic or transitional site/times, including the outliers from biological cluster
group B were characterised by low water levels, and in many cases, also by high
salinities. The biological cluster group B outliers were all from Arthur River Flats, the
driest site sampled. Both of the strongly biotic biological cluster groups (B and C)
ranged over a wide range of environmental variables, especially salinity. Interestingly,
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Table 6.6: Results of the BioEnv correlation analysis (Spearman ranked
correlation of biological similarity matrix with the environmental dataset)
Selections

Correlation ρw

pH

0.361

pH, water depth, gilvin

0.285

water depth, gilvin

0.28

pH, turbidity, water depth, gilvin

0.26

turbidity, water depth, gilvin

0.258

pH, salinity, water depth, gilvin

0.258

salinity, water depth, gilvin

0.255

All

0.236

salinity, turbidity, water depth, gilvin

0.234

pH, water depth

0.224

pH, turbidity, water depth

0.22

turbidity, water depth

0.216

water depth

0.208

pH, salinity, water depth

0.205

salinity, water depth

0.202

pH, salinity, turbidity, water depth

0.197

salinity, turbidity, water depth

0.194

pH, turbidity, gilvin

0.193

turbidity, gilvin

0.188

pH, gilvin

0.162
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Figure 6.6: 2D NMDS ordination plots based on the environmental dataset: (a)
showing sites; and (b) showing biological cluster groupings (≥75% similarity).
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1 Lake Coogee, 2 Lake Mount Brown, 3 Lake Mears, 4 Little White Lake, 5 Arthur River
Flats, 6 Rushy Swamp and 7 Meeking Lake.

Figure 6.7: Bubble plots showing the association of environmental variables with
the environmental dataset. Plots depict: (a) pH; (b) anti-log pH; (c) salinity; (d)
water depth; (e) turbidity; and (f) gilvin. Larger bubbles indicate higher values of
each variable. Arrows indicate approximate gradient of increase for selected
variables.
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biological cluster group C (macrophytes) covered a wider range of salinities (both
higher and lower) than biological cluster group B (benthic microbial communities)
(Figure 6.7c).
The temporal changes in salinity and depth were caused by seasonal fluctuations in
water level at each of the wetlands, making season an important driver of shifts between
biological cluster groups (Figure 6.8) and therefore also between ecological regimes.
These effects of season were felt most strongly at those wetlands that dried seasonally
and which experienced large temporal fluctuations in water levels. Permanent Lake
Coogee remained benthic microbial community-dominated over time, only moving a
little within biological cluster group B as water level and salinity changed across the
seasons (Figure 6.8a). When first sampled in September 2002, Lake Mears was highly
saline (308 ppt) and benthic microbial community-dominated (biological cluster group
B) (Figure 6.8b). When it re-flooded in March 2003, when salinities dropped (40 ppt),
turbidity rose (23 NTU) and phytoplankton became dominant. Salinity dropped further
in August 2003 (31 ppt) and the lake shifted to macrophyte-domination (biological
cluster group C) in September–October 2003 (Figure 6.8b). All subsequent site/times
for Lake Mears occurred within biological cluster group C. Little White Lake showed a
very similar pattern of movement to Lake Mears, moving rapidly from benthic
microbial community-dominated in April–May 2003 (130–192 ppt) to macrophytedominated by September when salinity had remained at 27–28 ppt for over a month
(Figure 6.8c). Arthur River Flats started in biological cluster group A when water levels
were low (depth <0.01 m, salinity 79 ppt) and moved into biological cluster group B as
the water rose slightly (depth <0.02 m, salinity 65.5 ppt) (Figure 6.8d).
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Figure 6.8: ‘Movement’ of each wetland across the biological NMDS plot over the
2002–2003 (dashed line) and 2003–2004 (solid line) seasons and corresponding time
series data for salinity, depth, pH, gilvin, turbidity and water column chlorophyll a
(µg/L). Biological cluster groups are circled. Arrows and letters on time series plots
indicate times when the wetland fell into each biological cluster group (a)–(f).
Figure continues over next three pages.
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Figure 6.8 continued.
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Figure 6.8 continued.
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Figure 6.8 continued.
There were two occasions on which both macrophytes and a benthic microbial
community covered >50% of a wetland; once at Lake Mears and once at Little White
Lake, both in September 2003, at a salinity of 27 ppt. By October, the cover of
macrophytes at both lakes had increased further and the benthic microbial community
had declined, although salinities had increased slightly (Figure 6.8b and c). At Lake
Mears, phytoplankton were co-dominant with benthic microbial communities from
March to late June 2003 and were co-dominant with macrophytes in August 2003.
Lake Mount Brown dried soon after it was first sampled in 2002 (Figure 6.8e). When
re-wetting occurred in April 2003, salinity was higher (22 ppt), depth lower and
turbidity higher than just prior to drying and it formed part of an outlying (transitional)
biological cluster group D. It moved back to biological cluster group C (macrophyte-
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dominated) on the next sampling occasion as the water level rose, salinity dropped (12
ppt), and macrophytes first became large enough for biomass samples (Figure 6.8e).
Drying at the end of the season caused it to become transitional once more (Figure
6.8e). Meeking Lake and Rushy Swamp showed similar patterns to each other, with
rapid movement away from other members of biological cluster group C (clear,
macrophyte-dominated) to outlying biological cluster groups E and F, respectively,
when drying (Figure 6.8f and g). These shifts were associated with drops in water level,
increases in salinity level (to 69 and 125 ppt, respectively), increases in turbidity and
chlorophyll a concentrations and the death of submerged macrophytes at both sites
(Figure 6.8f and g). When macrophytes were present, these sites showed a high degree
of similarity (Figure 6.3g and h). The most divergent site/time was Rushy Swamp when
it first filled in May 2003 (salinity 73 ppt, turbidity 60 ppt) and formed part of
biological cluster group A (Figure 6.8g), a group dominated by Arthur River Flats
site/times.

Discussion
Either submerged macrophytes or benthic microbes dominated all seven wetlands on
most occasions when water was present during the 18-month sampling period from
September 2002 to March 2004. Dominance of one group usually precluded dominance
of the other, despite the fact that the salinities characterising these two ecological
regimes clearly overlapped (Figure 6.3). When salinity increased or decreased
gradually, there was no corresponding (proportional) change in either benthic microbial
community or macrophyte biomass as predicted by the continuum model, and
conversely, biomass often continued to change when salinity remained relatively stable
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(Figure 6.3, Figure 6.4). Furthermore, there was no clear threshold salinity at which
macrophyte and benthic microbial community-dominance switched, even when a
possible time lag after reaching this salinity was taken into account (Figure 6.8). These
results indicated that neither the continuum nor the simple threshold model (Figure 6.1)
accurately represented ecological regime shifts in these wetlands.
If the continuum model were supported, we would expect to find macrophytes dominant
at lower salinities (<50 ppt, Chapter Four), and benthic microbial communities
dominant at higher salinities (>50 ppt), with a range of transitional regimes between
these (Chapter Three). According to this model, benthic microbial communities should
not have become dominant at lower salinities than macrophytes (Figure 6.8), and there
should have been a range of intermediate salinities at which the two regimes were codominant.
If the simple threshold model were supported, we would again have expected
macrophytes (only) to be dominant at low salinities and benthic microbial communities
(only) at high salinities, but this time with an unstable transitional regime around the
threshold salinity (Chapter Four). However, the data indicates that both benthic
microbial communities and macrophytes were able to persist and reproduce within the
same salinity range (Figure 6.3), contradicting the threshold model. Even if the salinity
threshold for loss of the macrophyte community was higher than 50 ppt (explaining why
macrophyte communities persisted at <90 ppt), in order to validate the threshold model,
the switch in both directions would have to occur at the same salinity. Instead, benthic
microbial communities were able to remain dominant at relatively low salinities (≥12
ppt in the field) suggesting that their dominance over intermediate salinities is not

238

restricted by a minimum salinity.
Importantly, however, exclusion of the continuum and threshold models does not
automatically mean that the alternative regimes model explained our dataset. The
paradigm of alternative (‘stable’) regimes has begun to be commonly applied in the
restoration literature, with widespread acceptance that these types of system behaviours
are more common than previously believed (Peterson, Allen & Holling 1998; Suding,
Gross & Houseman 2004). However, recently, authors have also cautioned against overready acceptance of the alternative equilibria concept when limited empirical evidence
is available (Scheffer & Carpenter 2003; Schröder, Persson & De Roos 2005).
The occurrence of the two ecological regimes at overlapping salinities is not enough to
demonstrate that they comprise alternative equilibria. Likewise, the transience of
transitional regimes (when benthic microbial community and macrophytes were codominant) is far from conclusive evidence for a switch from one ‘basin of attraction’ to
another (Figure 1.3, Scheffer and Carpenter 2003). Furthermore, the alternative regimes
model predicts that an ecosystem will require external perturbation to cause a regime
shift (away from either equilibrium state) at intermediate level of the driving variable
(salinity) (Table 6.2), which does not appear to have occurred at either Lake Mears or
Little White Lake when moving from benthic microbial community to macrophytedominance. Instead, the shift away from the benthic microbial community-dominated
regime appears simply to have occurred when water was present for long enough, and at
low enough salinities, for germination to occur (Figure 6.8). The benthic microbial
communities then declined due to physical break-up by emerging macrophytes (L. Sim,
pers. obs., Chapter Five), and presumably also the eventual shading of the substrate.
This evidence suggests that the benthic microbial community-dominated regime is not a
239

very stable equilibrium.
There were no recorded transitions from macrophyte to benthic microbial community
dominance except where drying first ended the macrophyte regime (Figure 6.8). It
appears that once macrophytes have established in seasonally-drying wetlands, a
salinity-driven shift away from their dominance will not occur within one wetting–
drying cycle, even if salinities reach up to 90 ppt. Furthermore, since high salinities
usually occur just before drying (Figure 6.8) there may be insufficient time for a (high)
salinity-driven regime shift to occur in these systems. It is possible that drying is also
necessary for conditions to again become suitable for the establishment of benthic
microbial communities, since when macrophytes senesce in these wetlands, the dead
and dying plants cover the benthos, forming a relatively thick layer of decaying organic
matter (L. Sim pers. obs.), making it more difficult for a benthic microbial community
to establish even if water is present and salinities remain high.
In order for the benthic microbial community and macrophyte-dominated regimes to
truly constitute alternative equilibria, both of them would require self-stabilising
mechanisms and resilience against perturbations that might cause them to lose their
dominance. Ecological resilience is a measure of the amount of change/force required to
shift a system from one ‘stability domain’ or persistent ecological regime to another
(Peterson et al. 1998). A measure of ecological resilience takes into account the
existence of factors that help to stabilise an ecosystem; such as the presence of multiple
species that share similar functional roles (Peterson et al. 1998). If one of these species
is lost, the system is still able to maintain the same ecological function, due to
functional redundancy. There is an acceptance that lower biodiversity leads to lower
resilience for this reason; there is a smaller suite of species to compensate if one group
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is lost through a disturbance (Peterson et al. 1998).
In the shift from freshwater to salt-tolerant species dominance, wetland ecosystems
show considerable resilience; the individual species change, but most of their functional
roles in habitat provision, primary production and nutrient cycling are retained.
However, the resultant salt-tolerant macrophyte community tends to be species-poor,
therefore reducing the ability of the system to compensate for further species losses.
The remaining species offset this problem by having very wide tolerance ranges for
salinity, light and other physico-chemical variables (Brock 1982b; García and Chivas
2004; Chapter Four) and through their ability to rapidly exploit favourable (if brief)
hydrologic conditions (Brock & Lane 1983; Brock et al. 2003), meaning that they are
not easily lost from a system.
The resilience of the benthic microbial community-dominated regime appears to be
much lower, not because species diversity is too low, or because the functions of the
microbes do not overlap sufficiently, but because the benthic microbial community has
a low resistance to physical disturbance and is easily outcompeted by a superior
competitor (submerged macrophytes) (Chapter Five). As a community, the benthic
microbial community has wide tolerance limits, but weak competitive power. It
therefore requires other conditions to be favourable (e.g. hydrologic regime at Lake
Coogee) to allow it to maintain dominance.
In this way, the existence of self-stabilising or positive feedback mechanisms directly
impact on the resilience of a particular ecological regime. There are well-documented
self-stabilising mechanisms that promote submerged macrophyte persistence and
dominance, including their roles in providing refuges for phytoplankton grazers,
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reducing sediment resuspension and removing nutrients from the water column
(Beklioglu & Moss 1996) and these appear to act over a wide range of salinity levels in
Australian salinising wetlands. Abiotic positive feedbacks also promote the
macrophyte-dominated regime, including seasonal drying, which both stimulates
germination and prevents benthic microbial communities from becoming wellestablished. In permanent systems, the benthic microbial community growth form has
the potential for strong self-stabilising mechanisms which could prevent macrophyte
establishment; for example it can persist in the form of an unstable (e.g. flocculent)
layer, which undermines the physical stability of submerged plants (e.g. at Lake
Coogee), or can form a thick, laminated physical barrier between the sediment and
water column (Burke & Knott 1997). In the latter case, sealing-off the sediment can
effectively cause a lake to become ‘perched’, promoting evapoconcentration and
making the salinities too high for macrophytes to tolerate (Burke & Knott 1997).
However, in seasonally-drying systems, benthic microbial communities are unable to
persist for long enough (at intermediate salinities) to facilitate either of these types of
mechanisms. Drying consolidates the sediments (Bjornsson, Ostendorf & Recknagel
2003) and kills the microbial biomass that has been building while sediments were wet
(Qiu & McComb 1996; Baldwin & Mitchell 2000).
The comparative ecological resilience of these two regimes means that resilience of the
macrophyte-dominant regime must be reduced (perturbation is required) to facilitate a
shift towards benthic microbial communities, but that the benthic microbial communitydominant regime already has low resilience, allowing shifts away to occur more easily.
If benthic microbial communities and macrophytes could be called alternative regimes,
it appears that that they are not equally ‘stable’.
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All three of the conceptual models we have considered here assume that salinity is the
primary driver of ecological regime shifts in salinising wetlands. However, in the
highly-disturbed southwestern Australian agricultural zone, salinity is unlikely to be the
only environmental variable with importance for the initiation and persistence of
regimes. Once a wetland has become salinised, the sensitive freshwater biota are lost
(Halse et al. 2003) leaving a relatively tolerant biota, which are able to persist at a range
of salinities (Kay et al. 2001, Chapter Four, Chapter Five). This means that other factors
are likely to be influential within the ‘intermediate’ ranges of salinity that all of these
organisms can tolerate. However, we did not find strong relationships between any of
the additional physico-chemical variables we measured (pH, water depth, turbidity and
gilvin, Table 6.6) and the formation or persistence of ecological regimes (Table 6.6,
Figure 6.8). One important condition that we did not measure was trophic status,
however we believe that nutrients were unlikely to be highly influential in determining
the dominance of submerged macrophytes versus benthic microbial communities. Both
of these two regimes optimally require clear water conditions and are likely to be
outcompeted by a phytoplankton-dominated regime under high nutrient loadings. It is,
however, clear from our data that several aspects of hydrology other than water depth,
particularly water persistence and the timing of drying, strongly interacted with salinity
to influence ecological dynamics. This suggests that any model incorporating only a
single driver is unlikely to be appropriate when considering seasonally-drying saline
wetlands.

Conclusions
The dynamics of regime change in Australian seasonally-drying salinising wetlands
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appear to be driven by the combined effects of salinity and water regime on species life
histories and on the ability of different groups to compete effectively with each other.
Salinity sets the boundaries within which a macrophyte community can establish and
persist (Chapter Four), enabling microbes to hold dominance at the very high salinities
beyond this range (Bauld 1981a; Kushner 1993). Within the salinity limits of
macrophyte tolerance, this group were powerful competitors, able to germinate and
establish under a range of salinities, turbidities and water depths. In addition, regular
drying facilitated their ongoing dominance. At all sites where water was present for at
least 4–5 months and which dried annually or biennially, macrophytes became
dominant, regardless of the previous dominant regime.
A conceptual model representing regime changes in salinising wetlands must
incorporate the roles of both salinity and water regime in ecosystem dynamics. As such,
the alternative regimes model does not appear to be an appropriate model for
seasonally-drying wetlands, since the regular occurrence of drying appears to prevent
the development of strong positive feedback mechanisms which might maintain the
benthic microbial community-dominated regime. It is possible that an alternative
regimes model might be valid for permanent saline ecosystems; in this case positive
feedback mechanisms for benthic microbial community-dominance are likely to be
much stronger, allowing this regime to constitute a true alternative to macrophyte
dominance.
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The unpredictability of the semi-arid climate of southwestern Australia has important
consequences for the water regime of its wetlands and their component biota (Hatton et
al. 2003). Wetland water regime; the timing, duration, frequency, extent, depth and
variability of inundation at a particular site, significantly influences the nature of the
biota and ecological processes found there (Bunn et al. 1997). Many of the wetlands in
the southwest are temporary; drying partially or completely each summer, and water
levels fluctuate from year to year with variations in annual rainfall (Lane and McComb
1988). Although changes in salinity occurring through secondary salinisation have had
dramatic impacts on wetland structure and function (Davis et al. 2003; Nielsen et al.
2003; Strehlow et al. 2005, Chapter Four, Chapter Five), hydrologic characteristics also
strongly influence ecological dynamics in Australian, seasonally-drying, salinising
wetlands and so conceptual models for regime change in these systems must incorporate
this influence of hydrology.

Summary of chapters
This thesis has explored some of the mechanisms facilitating transitions between
ecological regimes in salinising wetlands by focusing on a series of submerged
macrophyte and benthic microbial community-dominated saline wetlands in Australia’s
southwest. Potential drivers have been identified for a shift from a submerged
macrophyte-dominated to a benthic microbial-dominated regime (e.g. salinities
exceeding macrophyte thresholds for germination; water permanence, allowing benthic
microbes to attain cohesiveness) and back again (e.g. sediment drying killing microbial
biomass; low light conditions limiting benthic microbial growth), and the relevance of
the alternative regimes model to salinising wetlands has also been investigated. The
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major findings of the study have been summarised as conceptual models that document
the key drivers and mechanisms believed to be responsible for ecological regime shifts
in southwestern Australian salinising wetlands, in order to facilitate their use in the
management of these systems.
Chapter One outlined secondary salinisation as a threat to wetlands in Western
Australia, and introduced the conceptual approach adopted by this thesis to explore this
issue. A detailed look at the study sites in Chapter Two showed that over the periods
they have been monitored, all seven wetlands experienced large temporal fluctuations in
water level, salinity and other physico-chemical variables. Most sites did not hold water
permanently but experienced annual or multi-annual cycles of drying. Even Lake
Coogee, with permanent water, showed significant seasonal fluctuations in water level.
When and where submerged macrophytes were present, sites were dominated by only
two or three species, usually with high levels of cover (>50% of wetland area). Only
sites with extremes in hydrology (very dry or permanent) continually supported benthic
microbial communities (Chapter Two, Chapter Six).
In Chapter Three it was argued that the identification of the most appropriate type of
conceptual model for ecological regime shifts is critical to effective management, since
it will help to guide intervention measures. The three models presented in Chapter
Three (and explored further in Chapter Six), including the alternative regimes model,
represented the relationship between salinity and ecosystem condition without reference
to hydrology. The importance of water regime to ecological dynamics in salinising
wetlands was identified in later chapters.
Chapter Four was the first of the experimental chapters and focused on the identification
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of mechanisms driving the transition from the macrophyte-dominated to benthic
microbial community-dominated regime. This chapter identified functional upper
salinity thresholds for submerged macrophyte germination, flowering and survival,
which viewed in context of average wetting cycles of southwest wetlands, allowed an
interim upper salinity limit for macrophyte dominance to be set; macrophyte
communities are unlikely to become dominant at wetlands where the salinity is
consistently greater than 45 ppt. At salinities below 30 ppt, however, macrophytes are
likely to germinate and grow well. Water would also need to be present for four to five
months to allow all species to complete their life cycles.
Chapter Five, the second experimental chapter, tested mechanisms for the formation and
loss of benthic microbial communities, focusing on the effects of salinity level and
water regime. No lower salinity limit for benthic microbial community persistence was
found. ‘Pre-wetting’ of sediments promoted the development of microbial biomass but
did not prevent submerged macrophyte germination and emergence. Pre-wetting also
lowered sediment resuspension and subsequent nutrient release under both fast and slow
flooding, increasing the competitive abilities of benthic microbial communities relative
to phytoplankton (Chapter Five). Field data examined in this chapter suggested that
benthic microbial communities may be able to outcompete macrophytes at low or
intermediate salinities in permanent systems where persistent, thick benthic microbial
communities are able to develop. However, the ability of macrophytes to become
dominant, even when benthic microbial communities were pre-established, suggests that
in the seasonally-drying wetlands of southwestern Australia, submerged macrophytes
are excellent competitors, able to become dominant under most conditions where a
viable seedbank exists and when the minimum salinity does not exceed 45 ppt. Annual
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or biennial drying also appears to promote continued macrophyte dominance through
the stimulation of germination.
Chapter Six put the experimental findings from Chapters Four and Six into a conceptual
context and used multivariate data from field observations to examine the occurrence of
the macrophyte-dominated and benthic microbial community-dominated regimes in the
field. This chapter evaluated the suitability of the three conceptual models introduced in
Chapter Three (including the alternative regimes model) for describing transitions
between ecological regimes in salinising wetlands using field and experimental data. It
was concluded that alternative regimes was not an appropriate model for seasonallydrying systems and that water regime significantly affected ecological dynamics in
salinising wetlands.

Incorporating water regime into conceptual models for salinising wetlands
Drying regularly disturbs seasonal wetland ecosystems, and disrupts ‘successional’
processes, causing mass mortality of the growing life stages of aquatic biota. The
system is effectively ‘re-set’ each time it dries, and dominance is re-decided each time it
is flooded. Schröder et al. (2005) argued that even systems with the potential to develop
‘stable end states’ will never reach these endpoints if they are perturbed too regularly. In
contrast, the effect of freezing in many Northern Hemisphere shallow lakes is not
always as severe, as often it does not kill perennial biota, particularly macrophytes
(Scheffer 1998), and therefore successional processes at the wetland scale are not
interrupted.
The species that persist in these regularly disturbed ecosystems must be opportunistic,
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‘early successional’, species with relatively rapid generation times. Microbes can
reproduce in hours or days, and many species of submerged macrophytes in a matter of
weeks. Only annuals or facultative annuals can persist under these conditions, since
perennials may not have time to complete their life cycles before the systems dry, and
often don’t produce sufficient numbers of viable propagules to re-establish on rewetting (Brock 1982b).
A consequence of this regular re-setting of ecosystem dynamics is that it prevents the
wetland biota from developing strong positive feedback or self-promoting mechanisms.
This is not necessarily a consequence of their early successional characteristics, since
both submerged macrophytes and benthic microbial communities are known to be able
to generate self-stabilising mechanisms in permanent waters (Burke 1990; Moss 1990;
Burke and Knott 1997) and several of the submerged macrophyte species found in
temporary southwest wetlands can act as either annuals or perennials (Brock and Lane
1983; García and Chivas 2004). As a result, the same biotic community will not
necessarily remain dominant over successive years unless environmental conditions
continue to favour it.
In Chapter Five, it was demonstrated that despite the ability of benthic microbial
communities to establish quickly, the feedback mechanisms maintaining these
communities in seasonally-drying systems are weak and easily disrupted by changes in
hydrology or by competition from other primary producers such as submerged
macrophytes. Microbial generation times are short but it takes many generations and the
exclusion of disruptive processes (e.g. grazing or burrowing) to establish a thick,
cohesive and persistent benthic microbial community (Bauld 1981b). Benthic microbial
communities appear to require favourable environmental conditions such as extremely
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high salinity or water permanence to disadvantage competitors and help strengthen
positive feedback mechanisms. However, since the benthic microbial communities of
different wetlands may vary substantially in species composition and potentially in
physical structure, their responses to flooding and their interactions with submerged
macrophytes may vary between sites.
Goldsborough and Robinson (1996) propose a conceptual model representing
relationships between four different ‘quasi-stable states’ dominated by microalgae in
freshwater Northern American wetlands, and identifying the combined physicochemical factors associated with the dominance of each state. The ‘dry state’ is the only
one dominated by benthic microalgae, and occurs at very low water levels after a period
of drying. This state is easily disrupted by reflooding of the wetland, which allows
either macrophytes and epiphyton, metaphyton or phytoplankton to become dominant
(Goldsborough & Robinson 1996). Bauld (1981) mentions the ability of cohesive
‘microbial mats’ to withstand desiccation, but the benthic microbial communities he
refers to occur in areas where there is either regular inundation (e.g. tidal areas) or
incomplete drying (e.g. lake sediments remain saturated). The example presented in
Chapters Six and Seven was of Lake Coogee, where a benthic microbial community
exists at salinity levels below the threshold of macrophyte germination, and is
apparently maintained by the hydrologic characteristics of the wetland (water
permanence and groundwater inflow). The fringes of the lake, which act as temporary
systems since they experience seasonal drying, are sufficiently compacted for
submerged macrophytes to establish (Figure 2.4).
Self-maintaining benthic microbial communities have also been found in other Western
Australian saline wetlands. In the permanent primary saline lakes of the Yalgorup
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National Park, south of Perth (32°52′S, 115°41′E), cohesive benthic microbial
communities were able to develop homeostatic self-maintaining mechanisms through a
combination of climatic conditions and physical characteristics (Burke 1990). Lakes
Hayward and North Newnham are both hypersaline, permanent systems, perched above
a less saline watertable (Burke 1990). In most years the benthic microbial communities
of these lakes, together with physical conditions such as lake bathymetry, act to promote
evapoconcentration, keeping salinities high and allowing the benthic microbial
communities to remain dominant (Figure 8.1, Burke 1990). Importantly, Burke (1990)
found that other permanent lakes within the Yalgorup National Park subject to the same
climatic influences and receiving surface and groundwater of very similar quality to
Lakes Hayward and North Newnham, developed different dominant communities and
appeared to be subject to a different homeostasis. For example, Lake Pollard, which is
not dominated by a cohesive benthic microbial community, maintains a close
hydrologic connection with the underlying groundwater table, allowing saline waters to
leave as well as enter the wetland and preventing hypersaline conditions from forming
(Figure 8.2, Burke 1990). Further inhibition of benthic microbial community formation
was facilitated by the annual growth of charophytes, which attracted grazing birds
(Black Swans, Cygnus atratus) in summer. The swans bioturbated the wetland
sediments, both physically disturbing the sediment surface and causing the resuspension
of sediments to reduce the light reaching the benthos (Figure 8.2, Burke 1990).
The occurrence of self-maintaining benthic microbial communities at both Lake Coogee
and two of the Yalgorup lakes implies that strong positive feedback mechanisms may
develop in permanent systems, where physico-chemical conditions are relatively stable,
and where there is sufficient time for this to occur. However, although the Lake Coogee
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(a)

AUTUMN–SPRING

Rainfall

Hyposaline, <25°C
3 m deep
Saline
groundwater

(b)

Hypersaline, <40°C
Cohesive BMC

SUMMER–AUTUMN

Wind mixing

Evaporation
3 m deep
Hypersaline
Cohesive BMC

Figure 7.1: Schematic representation of average limnological conditions at Lake
Hayward in the Yalgorup National Park, Western Australia (1985-1989).
Conditions at the lake are shown for (a) autumn–spring; and (b) summer–autumn
of an average year. In winter (a), the water column develops a halocline. Inflows of
ground and surface waters to the lake are gradual do not disrupt the underlying
layer of brine (hypersaline water). Groundwater enters the lake at its fringes, but
the central area is ‘perched’; the sediment is sealed off from the water column by a
cohesive benthic microbial community. In summer, (b) the lake is no longer
stratified, some wind mixing occurs and the hypersaline brine is maintained
through evapoconcentration. Diagram derived from information in Burke (1990).
Symbols for diagrams courtesy of the Integration and Application Network,
University of Maryland Center for Environmental Science
(http://ian.umces.edu/symbols).
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Figure 7.2: Schematic representation of average limnological conditions at Lake
Pollard in the Yalgorup National Park, Western Australia (1985-1987). Conditions
at the lake are shown for (a) autumn–spring; and (b) summer–autumn of an
average year. In winter, (a) inflows of ground and surface waters to the lake mix
with the saline waters already present in the lake, preventing the development of
hypersaline conditions. This is further assisted by wind mixing. In late summer, (b)
regular grazing of charophytes by Black Swans prevents the development of a
cohesive benthic microbial community. Diagram derived from information in
Burke (1990). Symbols for diagrams courtesy of the Integration and Application
Network (http://ian.umces.edu/symbols), University of Maryland Center for
Environmental Science.
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benthic microbial community occurred at relatively low salinities (8–39 ppt, Chapter
Two), which overlapped those suitable for submerged macrophyte germination, the
benthic microbial community and macrophyte-dominated regimes in the Yalgorup
National Park were separated by distinct salinity ranges; benthic microbial communities
in Lake Hayward did not form at <60 ppt and salinity at macrophyte-dominated Lake
Pollard did not exceed 51 ppt (Burke 1990). According to Schroder et al.’s (2005)
criteria for the existence of alternative stable states, the occurrence of the two Yalgorup
communities within distinct salinity ranges means that they constituted ‘contrasting’
rather than true ‘alternative’ regimes. However, since the biota of a shallow lake
ecosystem can themselves alter the abiotic environment, if it can be demonstrated that
observed physico-chemical differences are of biotic origin, such as those proposed for
the Yalgorup lakes (Figure 7.1, Figure 7.2), ‘true’ alternative states can still be said to
occur (Blindow et al. 1993).
A final example of permanency and its effect on benthic microbial community
development was provided by ecological studies on the biotic communities of a series
of eight solar salt ponds at Useless Inlet, Western Australia (26°12′S, 113°19′E) that
increased in water salinity from local seawater levels (about 40 ppt) to the precipitation
point of sodium chloride (270 ppt, Segal et al. 2005, see also Chapter One). These
ponds can be seen as stable analogues of salt lakes of different salinities. Segal et al.
(2005) found a switch from planktonic (microalgal and bacterial) to benthic primary
production at >110 ppt. The benthic microbial community became cohesive at about
137 ppt. Submerged macrophytes, including Ruppia sp. (probably R. tuberosa) were
present in the ponds at up to 90 ppt and the salinities between 90 and 137 ppt were
dominated by non-cohesive benthic microbial communities on the sandy sediments
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(Segal et al. 2005). In this case, gypsum precipitation was invoked as a mechanism for
the formation of cohesive benthic microbial communities, implying that this community
type had a lower salinity threshold because it could only become cohesive once gypsum
had precipitated. There was no overlap between macrophytes and benthic microbial
communities, suggesting that the two community types had distinct physiological
requirements. However, both the results presented in this study (Chapter Four, Chapter
Five), and Burke (1990), suggest that the absence of benthic microbial communities at
lower salinities may have been due to less favourable physico-chemical conditions in
these ponds. For example, granulometric composition of the sediments is known to be a
factor influencing benthic microbial community colonisation (Guerrero et al. 1994), and
so the sandy sediments coupled with high wind turbulence at these sites (R. Segal pers.
comm.) may have prevented a cohesive benthic microbial community from forming due
to substrate instability and water column turbidity. It should also be noted that Segal et
al. (2005) only investigated the communities of the littoral fringes of the Useless Inlet
ponds, and that both this thesis and Burke (1990) found differences between the
colonisation of littoral and central areas of saline wetlands (e.g. macrophyte germination
on the edges of benthic microbial community-dominated Lake Coogee), even when
wetlands were shallow.
The feedback mechanisms maintaining the submerged macrophyte regime appeared to
be stronger and more resilient than those maintaining the benthic microbial communitydominated regime within the intermediate salinity range tested in this study, and
macrophytes also appear to be stronger competitors (Chapter Five). Chapter Five
describes the establishment and almost complete dominance of macrophytes in all
treatments <45 ppt, even if already dominated by benthic microbial communities or
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(algal or bacterial) plankton blooms. Burke (1990) found that although homeostasis was
easily disrupted at Lake Hayward by a change in climatic conditions (a dry year resulted
in hypersaline conditions, gypsum precipitation and the subsequent decline of the
benthic microbial community), the same climatic changes at Lake Pollard, which was
dominated by submerged macrophytes, did not disrupt its homeostasis.
The difference in the resilience of the two regimes may lie in the biology of their
component organisms. The life cycles of annual submerged macrophytes are such that
they are adapted to regular disruption by drying, and they produce large numbers of
propagules that are able to remain viable over long periods (Brock 1982b; Brock et al.
2003). This means that long-term colonisation (i.e. a perennial life cycle) does not
necessarily offer greater advantages to submerged macrophytes than an annual life cycle
if conditions are annually favourable for re-establishment. In fact, in perennial systems,
submerged macrophytes may experience more limiting conditions for growth and
reproduction, since shading, overcrowding and competition become more prevalent. In
the case of benthic microbial communities, perennial growth is a distinct advantage, as
it allows greater physical and chemical stability for all component organisms, and more
effective development of protective layers. This reliance on the long-term presence of
water makes benthic microbial communities more susceptible to disruption via
(complete) desiccation (c.f. Bauld 1981b) where water regimes are seasonal or episodic.
Macrophytes are only ‘superior’ competitors in terms of their physical dominance of the
benthos and their influence on water quality, since benthic microbes are never truly
eliminated from a system.
In seasonally-drying wetlands, determination of the conditions likely to initiate different
regimes is central to an understanding of ecological dynamics, since water is often not
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present long enough to allow transitions between regimes to occur. In addition, if
transitions do occur in these systems (within a single wetting and drying cycle), they do
not involve hysteresis, since often there is insufficient time for strong feedback
mechanisms to develop. As a result, a relatively simple conceptual model can depict this
determination between regimes on flooding (Figure 7.3). Figure 7.3 shows the three
biotic regimes of salinising wetlands with some overlap in the conditions under which
they occur, and threshold concentrations of salinity or nutrients determining which
regime is most likely to be initiated on flooding. Sediment pre-wetting may further
reduce the likelihood of phytoplankton dominance (Chapter Five).
Does this same simple model (Figure 7.3) hold or is an alternative regimes model more
appropriate when looking either at one wetland over many wet–dry cycles or at many
wetlands across a landscape? Both spatial and temporal scale may affect the way that
ecological dynamics are perceived, and due to the scale and extent of salinisation, the
wetlands of Australia’s southwest are more likely to be managed at a landscape level
than on an individual basis. As a consequence, it is valuable to briefly examine the
applicability of an alternative regimes model on larger temporal and spatial scales to
explore whether this change in scale alters the applicability of the model or the
existence of positive feedback mechanisms or hysteresis. To examine a longer temporal
scale, two scenarios are considered for one seasonally-drying wetland: the first where
rainfall varies, but mean salinity does not increase over time (Figure 7.4a); and the
second where an underlying trend of increased salinity over time interacts with variable
rainfall (Figure 7.4b). In both cases, these wetland systems are still regulated by regular
drying, and community dominance is determined by the minimum salinity of the
wetland, itself controlled by a combination of salt load and quantity of water.
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(i) submerged macrophytedominated
WATER
COLUMN
NUTRIENTS

SALINITY

?

45 ppt when full

(ii) phytoplankton-dominated

(iii) benthic microbialdominated

?

SALINITY

Figure 7.3: Schematic representation of the determination of ecological regimes (i),
(ii) and (iii) on re-flooding in seasonally-drying saline wetlands. The solid black
bars represent threshold levels of environmental variables, which when exceeded
when the wetland is flooded, determine which regime will become dominant.
Overlaps between regimes are not drawn to scale.
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The ‘re-setting’ of the system each cycle means that as long as there is a viable
seedbank, the macrophyte community will be able to re-establish and become dominant
at salinities <45 ppt. Hysteresis does not exist between regimes in such systems,
meaning that if the salinity level was reduced for long enough, macrophytes could reestablish. However, a form of hysteresis could occur if the seedbank became depleted
due to many years of high salinities, or numerous ‘false starts’ (where salinity increased
too rapidly, or the wetland dried too quickly for germinating plants to establish); this
would prevent macrophytes from re-establishing even if the salinity subsequently
decreased (due to more favourable climatic conditions or management intervention).
Brock and Casanova (1991) found that the longevity of propagules of Ruppia,
Lepilaena and Lamprothamnium all exceeded 5 years, but subsequent studies on the
seedbanks of Australian temporary wetlands have suggested that propagules can persist
much longer (Brock and Miller 2004). As a consequence, high salinities would probably
need to be maintained for at least a decade in these systems for seedbanks to be
depleted, although this could occur more quickly if germination events did not result in
the establishment of mature plants and the production of new seeds or spores.
The scenario in Figure 7.3 also applies when examining spatial patterns of dominance
across a landscape (Figure 7.5): if rainfall decreases or wetland salinity increases
leading to greater numbers of benthic microbial community-dominated wetlands (Figure
7.5b), no hysteresis exists to prevent these same wetlands from switching back to
macrophyte-domination if salinities are reduced (Figure 7.5a) unless the macrophyte
seedbank is depleted.
The influence of water regime on ecological dynamics is likely to interact with a range
of stressors threatening southern Australian seasonal wetlands, including eutrophication.
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Salinity (ppt)
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45

Time

Figure 7.4: Generalised salinity fluctuations in a seasonally-drying wetland: (a) no
change in mean salinity over time; and (b) increase in mean salinity over time.
Gaps in salinity readings represent dry phases. In both cases, in years when the
salinity is <45 ppt for several weeks, submerged macrophytes are able to
germinate. However, in order for the macrophytes to complete their life cycles,
salinity must remain below this threshold for four–five months (Chapter Four).
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High rainfall year and/or low wetland salt loads

SALINITY

(a)

(b)

No hysteresis unless
seedbank is depleted

Low rainfall year and/or high wetland salt loads

Figure 7.5: Representation of a salinising landscape containing many seasonallydrying wetlands, where shading indicates submerged macrophyte-dominated
wetlands and lack of shading (inside closed areas) indicates benthic microbial
community-dominated wetlands. In (a), wetlands are generally hyposaline or
saline and are mostly dominated by macrophytes; and in (b) wetlands are
generally saline or hypersaline and are mostly dominated by benthic microbial
communities. Transitions between these two landscape ‘regimes’ can occur readily
in both directions if salinity or water levels change unless the macrophyte
seedbank is depleted.
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Complete drying of sediments at the end of the hydrological cycle and pre-saturation at
the beginning of the cycle may help to improve the competitive ability of macrophytes
against phytoplankton in these circumstances (Figure 7.3), as drying improves sediment
consolidation (Bjornsson et al. 2003), and pre-saturation may reduce sediment
resuspension and subsequent nutrient release (Chapter Five).

Management recommendations
In the Western Australian wheatbelt, wetlands are threatened by increased permanency
through drainage inflows (Davis 2004), or the alteration of water regimes (from
seasonal to permanent) to allow recreational activities such as waterskiing (as proposed
in the 'Living Lakes 2030' policy, Western Australian National Party 2004). Evidence
presented here regarding the influence of water regime on potential changes in the
development of feedback mechanisms and flow-on effects for the maintenance of
desirable ecological regimes highlight the importance of maintaining seasonality in
these temporary systems and allowing them to continue to regularly dry (Bunn et al.
1997).
Therefore, in light of the combined influences of salinity and water regime on the
submerged macrophyte communities of salinising wetlands and the probable influence
of eutrophication, the following management recommendations are made for
seasonally-drying wetlands of the wheatbelt:
•

Nutrient concentrations and inputs should be reduced where possible to prevent

phytoplankton dominance (Casanova et al. 1997; Davis and Froend 1999);
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•

A minimum flooding salinity of <45 ppt, and preferably ≤30 ppt is required to

maintain macrophyte-dominated systems (Chapter Four);
•

Turbidity (fetch, drying) should be minimised to allow sufficient light to penetrate

the water column for submerged macrophyte germination and establishment (varies
depending on the requirements of different species) (Kirk 1994);
•

Seasonal drying is the natural hydrological state of these wetlands and needs to be

maintained as part of the wetland water regime to ensure functionality (Chapter Four,
Chapter Five);
•

Persistence of water at ≤30 ppt for >4 months is required to allow submerged

macrophytes to reproduce (Chapter Four); and
•

Other chemical changes such as acidity are highly detrimental to the ecology of

these wetlands and must be prevented (Davis 2004).
Salinity increases to >45 ppt are acceptable once the submerged macrophytes are
established and have reproduced. Evidence from Chapter Four suggests that Ruppia
polycarpa may be able to produce flowers at salinities >45 ppt, however no information
on seed set was collected. Australian Lamprothamnium spp. are believed to have an
upper salinity limit for fertility of 40 ppt (A. Garcia, pers. comm.). At a landscape level,
the manipulation of inflows and salinities by flushing out accumulated salt (where
possible), and diverting the first (poor quality) flows away from wetlands could provide
suitable conditions for macrophyte germination and reproduction, as long as there is
sufficient remaining water to allow the completion of their life cycles.
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Future directions
This is the first study to examine drivers for regime change in salinising wetlands, and
many aspects of the ecology and biology of these systems require further research:
•

The role of nutrients in Australian saline ecosystem dynamics requires further

investigation, as nutrient concentrations or trophic status appear to be important drivers
of regime transitions, especially to and from phytoplankton-dominance. Details of the
interplay between nutrients and salinity in these ecosystems are currently not well
understood. Interactions between these variables may affect the initiation and
persistence of all three biotic regimes.
•

The tolerances of macrophyte species not tested in the current study (e.g. R.

tuberosa, Lepilaena spp.) could change the identified salinity thresholds for wetlands
that contain these species. This may be important for the management of salinising
wetlands in particular geographic regions.
•

An improved understanding of the diversity and composition of benthic microbial

communities under different environmental conditions may give an insight into
conditions required for their maintenance, and the functions they perform in temporary
and permanent systems.
•

The effects of permanency and other environmental variables on benthic microbial

community structure may also help to predict when feedback mechanisms are likely to
be present.
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Appendix One
Landholder interviews
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N
N
There have always been aquatic plants in Todd’s memory, but they seem to be decreasing in abundance. There used to be a long
tall weed until about 8 years ago. The vegetation used to be lush and is now becoming patchy.
N

Sheoak

Reeds

Aquatic weeds (similar or different to now?)

Water lillies
N

Y There used to be lots of pelicans at the lake which ate the fish when the water was low. Todd doesn’t see these any more.
There used to be lots of white-headed coots, but he doesn’t see these any more. There are still swans, teal and mountain ducks.

Water rat

Waterbirds

There used to be an ‘itchy bite’ bug that would give you red dots when you went swimming. It has now disappeared.

N

Tea-tree

Animals – what was there/approximately how many were there?

Y

Paperbark

Vegetation – what was it/what did it look like?

In about 1982 (Todd has a photo) there were many paperbarks around the lake. There used to be trees through the middle of the
lake but these were pulled out in the 1970s.

N/A

What year did you move here?

Changes in wetland

Yes – all his life (31 now).

The property has been in the Mills family since the 1940s. Before that the Thompsons’ family owned it. Todd’s grandfather used
to live over the hill from the lake.

Summary of landholder response

Did you grow up here?

How long have you lived near this wetland?

Biography of interviewee

Interview question

Interview conducted by phone on 7 September 2005.

Lake Mears: Todd Mills
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N
N
N
N
N

Crustaceans (e.g. marron, gilgies)

Molluscs (e.g. mussels)

Leeches

Mosquitoes

Midges

Y
Y

Surrounding vegetation dying

When Todd can first remember the lake filling (around 1982) it was not very salty and was OK for stock to drink (but not
humans).

Salinity – when did you first notice it?

Water salty

The water used to be muddy for a while before it settled and now settles quicker.

The lake still seems to fill to the same level as it used to – determined by the road.

Has the area of water changed in size, shape etc.?

Is it now fuller or more empty than it used to be?

When does it dry now?

When does it fill now?

When did it used to dry?

When did it used to fill?

Yes. It seems to evaporate quicker these days. It’s not wet for 2 years at a time any more. Todd remembers a few wet years then
a few dry years. Now the periods don’t last as long.

Y There used to be a native fish in the lake which Todd’s grandmother referred to as a small ‘salmon’. In her day they would
grow to ~5 inches long and the family used to eat them. Todd remembers them being smaller during his lifetime ~2-2.5 inches
long. They are no longer in the lake. The fish in the lake now is an introduced species from South Africa.

Fish

Has this changed?

N

Frogs

During the 1990s there was more water in the lake, since then there has been less. There was also a period of less water in the
1980s. In the book ‘History of Aldesyde’ it states that Lake Mears was full for 2 years at a time.

N

Turtles

Wetting and drying – what was it like?

N

Summary of landholder response

Snakes

Interview question
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Y

Salt on ground

Waterlogging

Appearance of salt bush/samphires

General water quality

Yes, next door.
Bought the farm in 1987.

What year did you move here?

38 years

Summary of landholder response

Did you grow up here?

How long have you lived near this wetland?

Biography of interviewee

Interview question

Interview conducted by email on 29 September 2005.

Meeking Lake: Dana Steddy

Salinised land

Vegetation dying

Salinity – when did you first notice it?

Todd’s family noticed salinity in the district for the first time in the 1950s. From this time it spread up the catchment and people
started losing cropping area and pasture. At Todd’s uncle’s farm, it started with a puddle in the gateway and spread from there.
Within the period that Todd can remember, salinity had already become obvious and it hasn’t changed much since then.

See above.

Changes in aquatic weeds

Changes in region

N

Summary of landholder response

Disappearance of some types of animals

Interview question
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Yes - it was alive until about 20 years ago.
Yes - it was alive until about 20 years ago. Yes - it was alive until about 20 years ago.
Some have died over the last 12 years but we have noticed patches of new growth too.
It’s more weedy now, there never use to be the weeds like it is now.
N

Tea-tree

Sheoak

Reeds

Aquatic weeds (similar or different to now?)

Water lillies

See faxed form
One sighting of a tiger snake.
Long neck turtles, seen quite a few.
Lots of frogs including the bong (or bongo) frog.
Have seen little minnow-like fish in there. 25 years ago 2 perch were caught.
No – the turtles ate them.
N
N
Yes, in spring time.
Yes, in spring time.

Waterbirds

Snakes

Turtles

Frogs

Fish

Crustaceans (e.g. marron, gilgies)

Molluscs (e.g. mussels)

Leeches

Mosquitoes

Midges
N
Mid-winter

Has this changed?

When did it used to fill?

Wetting and drying – what was it like?

No water rats we think.

Water rat

Animals – what was there/approximately how many were there?

N

Summary of landholder response

Paperbark

Vegetation – what was it/what did it look like?

Changes in wetland

Interview question

292

Yes, flooded gums and the jam trees have mistletoe.
The water hens disappeared for about 3 years after the lake went dry but they are back now.
There is more weed now
Yes, when it dries out.
Yes because the main road built a road right in the middle of the drainage into the lake from our paddock so now it gets water
logged on the opposite side of the road and we have noticed trees dying there too.
N
As above.

Surrounding vegetation dying

Disappearance of some types of animals

Changes in aquatic weeds

Salt on ground

Waterlogging

Appearance of salt bush/samphires

General water quality
20 years ago.
10 years ago.
20 years ago.

Salinity – when did you first notice it?

Vegetation dying

Salinised land

Changes in region

Winter time it is fresher and goes salty in summer.

Water salty

About 20 years ago.

Same except for 2000 when it didn’t fill at all, there was no rainfall.

Is it now fuller or more empty than it used to be?

Salinity – when did you first notice it?

Same.

When does it dry now?
N

Same.

When does it fill now?

Has the area of water changed in size, shape etc.?

December–February.

Summary of landholder response

When did it used to dry?

Interview question
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Y
Some on the sandy soil near the lake and some on the edge of the lake. The number of Casuarina obesa have increased as the
area has become salty.
Large bulrushes were abundant until the 1970s when they dies very suddenly.
Used to be present – the lake was very fresh.
N

Tea-tree

Sheoak

Reeds

Aquatic weeds (similar or different to now?)

Water lillies
N

Still have many waterbirds; numbers vary from year to year. Definitely swans, ducks, cranes , spoonbills. Dale’s father
remembers a duck with a ‘shovel beak’. Never many black duck. There used to be Maned Geese and Mountain Ducks. In the
70s and 80s many of the waterbirds disappeared as the lake went saline. About 8-10 years ago they started coming back in
droves. A few years ago, ~2000 swans and ~40000 ducks were recorded on the lake. Dale still sees ‘cranes’ on his dams but not

Water rat

Waterbirds

Animals – what was there/approximately how many were there?

Y

Paperbark

Vegetation – what was it/what did it look like?

There used to be more fringing vegetation.

N/A

What year did you move here?

Changes in wetland

Y

Dale’s father was born in the area in 1935, lived there until the age of 10 and then moved back to the area again in 1955. Dale
was born in 1963 and has lived there all his life.

Summary of landholder response

Did you grow up here?

How long have you lived near this wetland?

Biography of interviewee

Interview question

Interview conducted by phone on 14 October 2005.

Rushy Swamp: Dale Douglas
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Lots of frogs on Dale’s farm (not on the wetland).
N
N
N
There used to be lots of leeches when the bulrushes were still around.
Y
Y

Frogs

Fish

Crustaceans (e.g. marron, gilgies)

Molluscs (e.g. mussels)

Leeches

Mosquitoes

Midges

The lake is never totally dry.

When does it dry now?

No. The road that was put in in the 1950s changed the lake level – making it slightly fuller to keep water in for ducks.
Clearing started in the late 19th century. There was lots of clearing in the 1920s, some in the 1930s and lots in the 1950s and

Has the area of water changed in size, shape etc.?

Salinity – when did you first notice it?

Is it now fuller or more empty than it used to be?

Last year the lake was only about half full, but now in 2005 it is overflowing.

Since ~2001 the lake has been quite dry. Before that it used to overflow (for about a week) every second year. However, 2002
was a wet year.

In the mid 70s it started drying out (no longer being permanent).

When does it fill now?

When did it used to dry?

When did it used to fill?

Has this changed?

Now the lake has become much more seasonal. Up to the mid 1970s the wetland was always full of water and Dale’s father
couldn’t remember the wetland going dry. Dale thought the dense fringing vegetation might have slowed evaporation. Over the
past few years, landholders have been encouraged to use all of their water up slope and have built dams and drains which has
diverted much of the runoff that used to enter wetlands. Dale is concerned that this is taking water away from the wetlands.

The last turtle Dale saw dead on the road was about 4 years ago. He hasn’t looked in the wetland.

Turtles

Wetting and drying – what was it like?

There were lots of Tiger Snakes in the old days. Now Dale still sees the odd one crossing the road.

on the lakes in the area. He hasn’t seen ibis or spoonbills for about 10 years. In the last decade, seagulls have started visiting the
lake. Numbers of waterbirds are definitely increasing now. This year swans were nesting on some of the wetlands around Rushy
Swamp (but not Rushy itself). There are lots of cygnets and young ducks around – it has been a wet year.

Summary of landholder response

Snakes

Interview question
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In the early 80s animals began to disappear. The lake went dry, the reeds were gone and there was not much rainfall (Dale
remembers it was a battle to get crops in).
See above
In the late 1980s.
There has always been waterlogging in the area.
Began to appear in the early 1980s.
They never used much fertilizer in the catchment until the mid 1980s – only starting to see signs of eutrophication now. The
quality of inflows (salinity) has been improving since the late 1990s and early 2000s. Dale did some monitoring of the inflow
quality but no longer has the data. The local Landcare office were monitoring inflows but he thinks they have stopped. Contact:
Sally Thompson 0428 231 506

Disappearance of some types of animals

Changes in aquatic weeds

Salt on ground

Waterlogging

Appearance of salt bush/samphires

General water quality

Salinised land

Vegetation dying

Salinity – when did you first notice it?
Vegetation on the flats died in the 50s and 60s, and died on the sides of hills and upslope later on. In the early 90s it slowed and
there is not much change now. Most of the clearing was east of Woodanilling, and in the area where Rushy Swamp is there is
still about 30% of land uncleared.

The surrounding vegetation began to die in the 70s and 80s and it died very slowly around the lake. Death became more rapid in
the early 90s and it has now slowed again. The reeds around the lake died quite suddenly in the mid 1970s.

Surrounding vegetation dying

Changes in region

Water quality in the lake changed in the mid 1970s and was very rapid.

Salinity was first noticed in the catchment in the 1960s.

1960s. Then only small amounts until 1984 when legislation came into prevent it.

Summary of landholder response

Water salty

Interview question
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Appendix Two
Invertebrate species lists

Lake Coogee
Total no.
recorded over
study period

Class

Order

Family

Species

Crustacea

Copepoda

Centropagidae

Boechella triarticulata

39436

Crustacea

Cladocera

Daphniidae

Daphniopsis sp. 1

1056

Crustacea

Copepoda

Cyclopoidae

Mesocyclops brooksi

970

Insecta

Diptera

Chironomidae

Paratanytarsus grimmii

494

Crustacea

Ostracoda

Cyprididae

Diacypris spinosa

463

Crustacea

Ostracoda

Cyprididae

Mytilocypris tasmanica chapmani

453

Insecta

Diptera

Chironomidae

Cladopelma curtivalva

257

Insecta

Diptera

Chironomidae

Chironomus alternans

169

Insecta

Diptera

Tanypodinae

Procladius villosimanus

63

Insecta

Diptera

Tanypodinae

Abtabesmyia notabilis

58

Crustacea

Copepoda

Cyclopoidae

Apocyclops dengizicus

38

Insecta

Diptera

Chironomidae

Paramerina levidensis

16

Insecta

Diptera

?

Pupae1

8

Insecta

Diptera

Ceratopogonidae Larvae sp.1

7

Insecta

Trichoptera

Leptoceridae

Notalina spira

7

Crustacea

Cladocera

Daphniidae

Daphnia carinata

6

Crustacea

Amphipoda

Ceinidae

Austrochiltonia subtenuis

4

Insecta

Diptera

Culicidae

Culex sp.1

4

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella striatula

2

Crustacea

Ostracoda

Cyprididae

Diacypris compacta

2

Crustacea

Copepoda

Cyclopoidae

Meridicyclops bayli

2

Insecta

Coleoptera

Dytiscidae

Sternopriscus multimaculatus

2

Insecta

Coleoptera

Hydrophilidae

Berosus sp. Larvae

1

Insecta

Diptera

Chironomidae

Chironomus occidentalis

1

Insecta

Coleoptera

Dytiscidae

Necterosoma sp. Larvae

1

Insecta

Hemiptera

Notonectidae

Paranisops juv.

1

Insecta

Trichoptera

?

sp.1

1
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Lake Mount Brown
Total no. recorded
over study period

Class

Order

Family

Species

Crustacea

Copepoda

Centropagidae

Boechella triarticulata

28916

Crustacea

Ostracoda

Cyprididae

Diacypris spinosa

19713

Crustacea

Cladocera

Daphniidae

Daphnia sp.1

13962

Crustacea

Ostracoda

Cyprididae

Mytilocypris tasmanica chapmani

10813

Crustacea

Ostracoda

Cyprididae

Diacypris dictyote

4800

Crustacea

Copepoda

Cyclopoidae

Mesocyclops brooksi

4797

Gastropoda

Neotaeniglossa

Hydrobiidae

Potamopyrus sp1

4404

Crustacea

Copepoda

Cyclopoidae

Apocyclops dengizicus

2939

Crustacea

Amphipoda

Ceinidae

Austrochiltonia subtenuis

2677

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella exposita

2149

Crustacea

Cladocera

Daphniidae

Daphnia carinata

1423

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella glabra

1369

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella sp.3

1167

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella striatula

751

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella sp.2

630

Insecta

Odonata

Lestidae

Austrolestes annulosus

613

Crustacea

Copepoda

Cyclopoidae

Meridicyclops bayli

325

Insecta

Odonata

Coenagrionidae Xanthagrion erythroreurum

187

Insecta

Diptera

Chironomidae

Dicrotendipes conjunctus

172

Insecta

Odonata

Lestidae

Austrolestes io

140

Insecta

Diptera

Tanypodinae

Procladius villosimanus

89

Insecta

Lepidoptera

Nymphulinae

Nymphulinae larvae 3

77

Insecta

Hemiptera

Notonectidae

Paranisops endymion

63

Crustacea

Cladocera

Daphniidae

Daphnia sp.2

46

Insecta

Lepidoptera

Nymphulinae

Nymphulinae larvae

42

Insecta

Odonata

Lestidae

Austrolestes psyche

35

Insecta

Lepidoptera

Nymphulinae

Nymphulinae larvae 4

34

Insecta

Hemiptera

Notonectidae

Anisops juv.

33

Insecta

Diptera

Chironomidae

Paramerina levidensis

32

Insecta

Diptera

Chironomidae

Paratanytarsus grimmii

29

Arachnida

Acariformes

Limnocharidae

Limnochares australica

22

Insecta

Trichoptera

Leptoceridae

Notalina spira

20

Insecta

Coleoptera

Dytiscidae

Megaporus sp. larvae

18

Insecta

Coleoptera

Hydrophilidae

Berosus discolor

17
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Total no. recorded
over study period

Class

Order

Family

Species

Crustacea

Cladocera

Daphniidae

Daphniopsis sp. 1

15

Insecta

Hemiptera

Notonectidae

Paranisops juv.

15

Insecta

Diptera

Chironomidae

Cladopelma curtivalva

13

Insecta

Lepidoptera

Nymphulinae

Nymphulinae larvae 5

13

Insecta

Coleoptera

Hydrophilidae

Berosus sp. Larvae

12

Insecta

Lepidoptera

Nymphulinae

Nymphulinae larvae 2

12

Insecta

Diptera

Culicidae

Culex sp.1

6

Insecta

Coleoptera

Chrisomelidae

sp.1 larvae

6

Insecta

Diptera

Sciomyzid

larvae

5

Insecta

Coleoptera

Haliplidae

Halipus fuscatus

4

Insecta

Hemiptera

Notonectidae

juv. 1

3

Insecta

Diptera

Tipulidae

pupae

3

Insecta

Diptera

?

Pupae1

3

Crustacea

Cladocera

Ceriodaphnia

Ceriodaphnia laticaudata

2

Insecta

Coleoptera

Dytiscidae

Chostonectes larvae 1

2

Insecta

Hemiptera

Notonectidae

Anisops thiemannii (?)

1

Insecta

Coleoptera

Hydrophilidae

Berosus sp. Larvae 2

1

Insecta

Coleoptera

Hydrophilidae

Larvae sp.1

1

Insecta

Coleoptera

Dytiscidae

Necterosoma darwini

1

Insecta

Coleoptera

Dytiscidae

Necterosoma regularis

1

Insecta

Diptera

Stratiomidae

sp.2

1

Insecta

Coleoptera

Dytiscidae

Uvarus pictipes

1
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Lake Mears
Total no. recorded
over study period

Class

Order

Family

Species

Crustacea

Copepoda

Cyclopoidae

Apocyclops dengizicus

170037

Crustacea

Ostracoda

Cyprididae

Diacypris compacta

141204

Crustacea

Cladocera

Daphniidae

Daphniopsis sp. 1

140794

Crustacea

Cladocera

Daphniidae

Daphniopsis sp. 1a

70358

Crustacea

Copepoda

Centropagidae

Boechella triarticulata

40766

Crustacea

Ostracoda

Cyprididae

Australocypris insularis

18603

Crustacea

Ostracoda

Cyprididae

Diacypris spinosa

9996

Crustacea

Copepoda

Cyclopoidae

Meridicyclops bayli

6613

Crustacea

Copepoda

Cyclopoidae

Mesocyclops brooksi

1938

Insecta

Diptera

Chironomidae

Cladopelma curtivalva

1017

Crustacea

Ostracoda

Cyprididae

juvenile

508

Insecta

Diptera

Chironomidae

Paratanytarsus grimmii

409

Crustacea

Ostracoda

Cyprididae

Cyprinotus edwardii

166

Crustacea

Ostracoda

Cyprididae

Mytilocypris ambiguosa

126

Insecta

Diptera

Chironomidae

Cryptochironomus griseidorsum

51

Insecta

Diptera

Tanypodinae

Procladius villosimanus

48

Insecta

Diptera

?

Pupae1

38

Crustacea

Ostracoda

Cyprididae

Mytilocypris tasmanica chapmani

34

Insecta

Diptera

Chironomidae

Chironomus occidentalis

24

Crustacea

Amphipoda

Ceinidae

Austrochiltonia subtenuis

15

Insecta

Diptera

Sciomyzid

larvae

7

Insecta

Trichoptera

Leptoceridae

Notalina spira

7

Crustacea

Ostracoda

Cyprididae

Australocypris sp

5

Insecta

Diptera

Tanypodinae

Abtabesmyia notabilis

4

Insecta

Diptera

Chironomidae

Chironomus alternans

4

Insecta

Coleoptera

Dytiscidae

Necterosoma sp. Larvae

4

Insecta

Diptera

Culicidae

Aedes sp.1

1

Insecta

Coleoptera

Hydrophilidae

Berosus sp. Larvae

1

Insecta

Diptera

Athericidae

Larvae sp.1

1

Insecta

Coleoptera

Dytiscidae

Necterosoma sp. Larvae 2

1
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Little White Lake
Total no. recorded
over study period

Class

Order

Family

Species

Crustacea

Copepoda

Cyclopoidae

Meridicyclops bayli

94501

Crustacea

Copepoda

Cyclopoidae

Apocyclops dengizicus

12913

Crustacea

Copepoda

Centropagidae

Boechella triarticulata

7888

Crustacea

Cladocera

Daphniidae

Daphniopsis sp. 1

5520

Crustacea

Ostracoda

Cyprididae

Australocypris insularis

382

Insecta

Diptera

Tanypodinae

Procladius villosimanus

35

Crustacea

Ostracoda

Cyprididae

Diacypris compacta

21

Crustacea

Ostracoda

Cyprididae

Diacypris spinosa

18

Crustacea

Ostracoda

Cyprididae

Mytilocypris tasmanica chapmani

10

Insecta

Diptera

Chironomidae

Paratanytarsus grimmii

4

Crustacea

Ostracoda

Cyprididae

juvenile

3

Insecta

Diptera

?

Pupae1

3

Insecta

Diptera

Culicidae

Culex sp.1

1

Insecta

Diptera

Athericidae

Larvae sp.1

1
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Meeking Lake
Total no.recorded
over study period

Class

Order

Family

Species

Crustacea

Copepoda

Centropagidae

Boechella triarticulata

215360

Crustacea

Cladocera

Daphniidae

Daphniopsis sp. 1

133689

Crustacea

Ostracoda

Cyprididae

Diacypris spinosa

114051

Crustacea

Ostracoda

Cyprididae

Mytilocypris tasmanica chapmani

6820

Crustacea

Amphipoda

Ceinidae

Austrochiltonia subtenuis

6286

Crustacea

Cladocera

Daphniidae

Daphnia sp.1

5844

Crustacea

Cladocera

Daphniidae

Daphnia carinata

5336

Crustacea

Copepoda

Cyclopoidae

Apocyclops dengizicus

812

Crustacea

Ostracoda

Cyprididae

Cyprinotus edwardii

320

Crustacea

Cladocera

Ceriodaphnia

Ceriodaphnia cornuta

253

Insecta

Odonata

Coenagrionidae Xanthagrion erythroreurum

133

Insecta

Odonata

Lestidae

Austrolestes annulosus

98

Crustacea

Copepoda

Cyclopoidae

Mesocyclops brooksi

55

Crustacea

Cladocera

Daphniidae

Daphnia sp.2

52

Insecta

Coleoptera

Dytiscidae

Necterosoma sp. Larvae

41

Insecta

Diptera

Chironomidae

Dicrotendipes conjunctus

32

Insecta

Odonata

Lestidae

Austrolestes annalis

30

Insecta

Hemiptera

Notonectidae

Anisops juv.

29

Insecta

Diptera

Chironomidae

Paratanytarsus grimmii

22

Insecta

Coleoptera

Dytiscidae

Megaporus sp. larvae

20

Insecta

Lepidoptera

Nymphulinae

Nymphulinae larvae

20

Insecta

Diptera

Chironomidae

Chironomus alternans

19

Insecta

Diptera

Ceratopogonidae Larvae sp.1

19

Insecta

Trichoptera

Leptoceridae

Notalina spira

18

Insecta

Hemiptera

Notonectidae

Paranisops juv.

18

Insecta

Odonata

Lestidae

Austrolestes io

15

Crustacea

Ostracoda

Cyprididae

Heterocypris sp.

14

Insecta

Hemiptera

Notonectidae

Paranisops endymion

13

Insecta

Diptera

Stratiomidae

sp.1

11

Crustacea

Ostracoda

Cyprididae

Platycypris baueri

8

Insecta

Diptera

?

Pupae1

6

Insecta

Odonata

Lestidae

Austrolestes psyche

4

Insecta

Hemiptera

Notonectidae

juv. 1

4

Insecta

Diptera

Tanypodinae

Procladius villosimanus

3
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Total no.recorded
over study period

Class

Order

Family

Species

Insecta

Diptera

Chironomidae

Chironomus occidentalis

2

Insecta

Diptera

Chironomidae

Cladopelma curtivalva

1

Insecta

Diptera

Chironomidae

Cryptochironomus griseidorsum

1

Crustacea

Ostracoda

Cyprididae

Diacypris dictyote

1

Crustacea

Ostracoda

Cyprididae

Diacypris compacta

1

Insecta

Coleoptera

Dytiscidae

Necterosoma regularis

1

Insecta

Diptera

Tipulidae

pupae

1

Insecta

Coleoptera

Chrisomelidae

sp.1 larvae

1

Rushy Swamp
Total no. recorded
over study period

Class

Order

Family

Species

Crustacea

Cladocera

Daphniidae

Daphniopsis sp. 1

190623

Crustacea

Copepoda

Centropagidae

Boechella triarticulata

178109

Crustacea

Ostracoda

Cyprididae

Diacypris spinosa

40930

Crustacea

Copepoda

Cyclopoidae

Apocyclops dengizicus

25071

Crustacea

Ostracoda

Cyprididae

Mytilocypris tasmanica chapmani

15768

Crustacea

Ostracoda

Cyprididae

Diacypris dictyote

6915

Crustacea

Ostracoda

Cyprididae

Diacypris compacta

3894

Crustacea

Amphipoda

Ceinidae

Austrochiltonia subtenuis

870

Insecta

Diptera

Chironomidae

Chironomus occidentalis
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Crustacea

Ostracoda

Cyprididae

Platycypris baueri
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Insecta

Diptera

Tanypodinae

Procladius villosimanus

191

Crustacea

Copepoda

Cyclopoidae

Mesocyclops brooksi

175

Insecta

Coleoptera

Dytiscidae

Necterosoma sp. Larvae

118

Insecta

Diptera

Chironomidae

Paratanytarsus grimmii

80

Crustacea

Copepoda

Cyclopoidae

Meridicyclops bayli

25

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella exposita

23

Insecta

Diptera

Chironomidae

Dicrotendipes conjunctus

21

Insecta

Odonata

Coenagrionidae Xanthagrion erythroreurum

14

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella glabra

12

Crustacea

Ostracoda

Cyprididae

Australocypris insularis

11

Insecta

Diptera

?

Pupae1

11

Insecta

Coleoptera

Hydrophilidae

Berosus sp. Larvae

8

Insecta

Diptera

Chironomidae

Chironomus alternans

6

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella sp.2

4
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Total no. recorded
over study period

Class

Order

Family

Species

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella striatula

4

Insecta

Diptera

Tanypodinae

Coelopynia pruinosa

3

Insecta

Diptera

Dolichopodidae Larvae sp.1

3

Insecta

Coleoptera

Hydrophilidae

Berosus discolor

2

Insecta

Diptera

Chironomidae

Cryptochironomus griseidorsum

2

Insecta

Diptera

Culicidae

Culex sp.1

2

Insecta

Diptera

Tanypodinae

Abtabesmyia notabilis

1

Insecta

Diptera

Culicidae

Aedes sp.1

1

Insecta

Hemiptera

Notonectidae

Anisops juv.

1

Insecta

Diptera

Chironomidae

Cladopelma curtivalva

1

Gastropoda

Neotaeniglossa

Pomatiopsidae

Coxiella sp.3

1

Crustacea

Ostracoda

Cyprididae

juvenile

1

Insecta

Coleoptera

Dytiscidae

Megaporus sp. larvae

1

Insecta

Coleoptera

Dytiscidae

Necterosoma darwini

1

Insecta

Coleoptera

Dytiscidae

Necterosoma sp. Larvae 2

1
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Appendix Three
Bird species lists
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Lake Coogee
Common name

Species name

Water use?

Australian Pelican

Pelecanus conspicillatus

Y

Black-winged Stilt

Himantopus himantopus

Y

Eurasian Coot

Fulica atra

Y

Great Crested Grebe

Podiceps cristatus

Y

Australian Grey Teal

Anas gracilis

Y

Hoary-headed Grebe

Poliocephalus poliocephalus

Y

Little Black Cormorant

Phalacrocorax sulcirostris

Y

Little Egret

Ardea gazetta

Y

Little Pied Cormorant

Phalacrocorax melanoleucos

Y

Musk Duck

Biziura lobata

Y

Pacific Black Duck

Anas superciliosa

Y

Silver Gull

Larus novaehollandiae

Y

Yellow-billed Spoonbill

Platalea regia

Y

Australian Magpie

Gymnorhina tibicen

Australian Raven

Corvus coronoides

Black-faced Cuckoo-shrike Coracina novaehollandiae
Black-shouldered Kite

Elanus notatus

Brown Honeyeater

Lichmera indistincta

Carnaby's Black Cockatoo Calyptorhynchus latirostris
Galah

Cacatua roseicapilla

Grey Butcherbird

Craticus torquatus

Laughing Turtle-Dove

Streptopelia senegalensis

Little Eagle

Hieraaetus morphnoides

Magpie-lark

Grallina cyanoleuca

Red Wattlebird

Anthochaera paradoxa

Welcome Swallow

Hirundo neoxena

Little Corella

Cacatua pastinator

Western Rosella

Platycercus icterotis

Whistling Kite

Milvus sphenurus

Willy Wagtail

Rhipidura leucophrys
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Lake Mount Brown
Common name

Species name

Water use?

Silver Gull

Larus novaehollandiae

Y

Musk Duck

Biziura lobata

Y

Australian Grey Teal

Anas gracilis

Y

Eurasian Coot

Fulica atra

Y

Little Black Cormorant

Phalacrocorax sulcirostris

Y

Australian Ibis

Threskiornis aethiopica

Y

Australian Pelican

Pelecanus conspicillatus

Y

Straw-necked Ibis

Threskiornis spinicollis

Y

Magpie-lark

Grallina cyanoleuca

Willy Wagtail

Rhipidura leucophrys

Welcome Swallow

Hirundo neoxena

Little Eagle

Hieraaetus morphnoides

Brown Honeyeater

Lichmera indistincta

Western Rosella

Platycercus icterotis

Galah

Cacatua roseicapilla

Australian Raven

Corvus coronoides

Whistling Kite

Milvus sphenurus

Western Warbler

Gerygone fusca

Swamp Harrier

Circus approximans

Splendid Wren

Malurus splendens

Laughing Kookaburra

Dacelo novaeguinea

Wedge-tailed Eagle

Aquila audax

Yellow-rumped Thornbill Acanthiza chrysorrhoa
Black-fronted Dotterel

Charadrius melanops
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Lake Mears
Common name

Species name

Water use?

Australian Shelduck

Tadorna tadornoides

Y

Black Swan

Cygnus atratus

Y

Black-fronted Dotterel

Charadrius melanops

Y

Black-winged Stilt

Himantopus himantopus

Y

Australian Grey Teal

Anas gracilis

Y

Hoary-headed Grebe

Poliocephalus poliocephalus

Y

Silver Gull

Larus novaehollandiae

Y

Straw-necked Ibis

Threskiornis spinicollis

Y

Australian Magpie

Gymnorhina tibicen

Australian Raven

Corvus coronoides

Wood (Maned) Duck

Chenonetta jubata

Black-faced Cuckoo-shrike Coracina novaehollandiae
Black-faced Woodswallow

Artamus cinereus

Crested Pigeon

Ocyphaps lophotes

Galah

Cacatua roseicapilla

Inland Thornbill

Acanthiza pusilla

Magpie-lark

Grallina cyanoleuca

Red Wattlebird

Anthochaera paradoxa

Twenty-eight

Platycercus zonarius semitorquatus

Welcome Swallow

Hirundo neoxena

Little Corella

Cacatua pastinator

Western Rosella

Platycercus icterotis

White-fronted Chat

Ephthianura albifrons

Willy Wagtail

Rhipidura leucophrys

Yellow-rumped Thornbill

Acanthiza chrysorrhoa

Yellow-throated Miner

Manorina flavigula
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Little White Lake
Common name

Species name

Water use?

Australian Grey Teal

Anas gracilis

Y

Australian Shelduck

Tadorna tadornoides

Y

Australian Magpie

Gymnorhina tibicen

Australian Raven

Corvus coronoides

Black-faced Woodswallow Artamus cinereus
Galah

Cacatua roseicapilla

Red-capped Robin

Petroica goodenovii

Richard's Pipit

Anthus novaeseelandiae

Singing Honeyeater

Lichenostomus virescens

Striated Pardalote

Pardalotus striatus

Twenty-eight

Platycercus zonarius semitorquatus

Welcome Swallow

Hirundo neoxena

White-browed Scrubwren Sericornis frontalis

Arthur River Flats
Common name

Species name

Australian Magpie

Gymnorhina tibicen

Australian Raven

Corvus coronoides

Australian Shelduck

Tadorna tadornoides

Crested Pigeon

Ocyphaps lophotes

Elegant Parrot

Neophema elegans

Red Wattlebird

Anthochaera paradoxa

Singing Honeyeater

Lichenostomus virescens

Twenty-eight

Platycercus zonarius semitorquatus

Welcome Swallow

Hirundo neoxena

White-winged Triller

Lalage tricolor

Water use?
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Meeking Lake
Common name

Species name

Water use?

Australian Shelduck

Tadorna tadornoides

Y

Black Swan

Cygnus atratus

Y

Eurasian Coot

Fulica atra

Y

Australian Grey Teal

Anas gracilis

Y

Australian Kestrel

Falco cenchroides

Australian Magpie

Gymnorhina tibicen

Australian Raven

Corvus coronoides

Black-faced Woodswallow Artamus cinereus
Crested Pigeon

Ocyphaps lophotes

Laughing Kookaburra

Dacelo novaeguinea

Silvereye

Zosterops lateralis

Twenty-eight

Platycercus zonarius semitorquatus

Welcome Swallow

Hirundo neoxena

White-cheeked Honeyeater Phylidonyris nigra
White-winged Triller

Lalage tricolor

Willy Wagtail

Rhipidura leucophrys
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Rushy Swamp
Common name

Species name

Water use?

Australian Shelduck

Tadorna tadornoides

Y

Black Swan

Cygnus atratus

Y

Eurasian Coot

Fulica atra

Y

Australian Grey Teal

Anas gracilis

Y

Hoary-headed Grebe

Poliocephalus poliocephalus

Y

Australian Kestrel

Falco cenchroides

Australian Magpie

Gymnorhina tibicen

Australian Raven

Corvus coronoides

Black-faced Cuckoo-shrike Coracina novaehollandiae
Brown Honeyeater

Lichmera indistincta

Crested Pigeon

Ocyphaps lophotes

Elegant Parrot

Neophema elegans

Galah

Cacatua roseicapilla

Red Wattlebird

Anthochaera paradoxa

Silver Gull

Larus novaehollandiae

Twenty-eight

Platycercus zonarius semitorquatus

Western Thornbill

Acanthiza inornata

White-faced Heron

Ardea novaehollandiae

Willy Wagtail

Rhipidura leucophrys
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Appendix Four
Methodological note: choice of methods to estimate
microbial biomass
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A range of existing methodologies for the measurement of microbial biomass in
wetland benthic microbial communities was investigated in order to select an
appropriate technique for use in this study. The primary rationale for measuring benthic
microbial community biomass was to use it as a measure of benthic microbial
community dominance within (wetland) sites over time, in order to follow changes in
dominance between benthic microbial communities and macrophytes. Understanding
more detailed changes in benthic microbial community species composition was not
within the scope of the current study.
When this study was first commenced, little was known about how widespread benthic
microbial communities were in salinising wetlands, or whether their form or structure
was likely to be consistent or variable. Bauld (1981a; 1986) states that depending on
environmental conditions such as the water salinity, sedimentation rates and the
composition of the microbial flora, benthic microbial communities may range from
dispersive (non-cohesive), silty layers, easily disturbed by water movement, to thick,
laminated ‘mats’ composed of living microbes (often filamentous cyanobacteria)
embedded in a sediment and polysaccharide matrix. Most studies of ‘microbial mats’
have focused on thick, laminated benthic microbial communities , probably because
they are so conspicuous, however the benthic microbial communities in the seasonallydrying wetlands of Western Australia’s southwest are usually thin, and vary in their
cohesiveness (De Deckker 1983).
A technique was required that allowed a relatively rapid assessment of microbial
biomass, which was repeatable over time and not prohibitively expensive, and did not
require the resolution of species composition, since the study focused on the ecological
role of the benthic microbial community, rather than the function of each of its
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components. It was also important to be able to generalise across a range of situations.
As a result, many months were spent researching and trialing techniques for benthic
microbial community sampling, storage and measurement of biomass, most of which
were found to be inappropriate for the current study. Advice from researchers both
within and outside the university was continually sought in order to try and find an
appropriate technique and location to undertake the analyses. Table 0.1 contains a
summary of the methodologies that were investigated, and the reasons used to accept or
reject each technique. In particular, epifluorescence counts and phospholipid analyses
were each investigated for several months, and samples were collected to trial both of
these techniques. In the end, both of these widely used techniques were rejected due to
the difficulties inherent in storage of samples and the complexity or time-consuming
nature of the laboratory analyses.
It was concluded that estimates of biomass using bacteriochlorophyll, chlorophyll and
percent organic carbon would be adequate for a preliminary investigation into changes
in primary producer dominance in salinising wetlands. A logical next step would be to
use genetic analyses to characterise benthic microbial communities and gain further
understanding of the ways in which hydrology and salinity affect ecological function.
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For use in epifluorescence counts.

Preserve in glutaraldehyde.

Storage

Sample mat using core and cut off top layer
(benthic microbial community).

For use in all biomass estimation techniques.

Cut (blocks) or peel pieces of cohesive ‘mat’ off
sediment.

For use in epifluorescence microscopy.

Brush or scour surface of substrate.

For use in epifluorescence microscopy.

Filter sample onto filter paper to concentrate
microbes.

Sampling

Methodology

(Wetzel & Likens 2000)

(Burke & Knott 1997)

(D'Amelio et al. 1989)

(Burns & Ryder 2001)

(Jones 1979)

Source

Allows storage before analysis without freezing
(in the field).

Remove thick or thin benthic microbial
community with minimal distrurbance.
Quantifiable.

Remove only benthic microbial communities,
allows examination of intact layers.
Quantifiable.

Removes only biofilm, quantifiable.

Straightforward, quantifiable.

Justification by source

Highly toxic, carcinogenic.

REJECTED

Separation of benthic microbial community
from underlying soil microbes difficult.

ACCEPTED

benthic microbial communities too thin and not
cohesive enough.

REJECTED

benthic microbial communities extremely
fragile; could not be moved or washed without
disrupting their structure.

Only appropriate for hard surfaces such as
rocks and logs (not sediment).

REJECTED

Abiotic matter (sediment and debris) makes it
too difficult to see microbes.

Microbes often embedded in a sediment matrix;
separating the biotic and abiotic components is
difficult.

REJECTED

Reason for acceptance or rejection

Table 0.1: Techniques for the sampling, storage and determination of microbial biomass evaluated as part of the current study
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(Jones 1979)

For use in phospholipid analysis and ash-free dry
weight.

Epifluorescence microscopy (counts).

(Jones 1979)

D. Clarke, pers. comm.., Murdoch University.

Desiccate (in drying oven).

Measurement of biomass

(Christie 1982; 1993).

K. Robertson pers. comm., Royal Perth
Hospital.

For use in phospholipid analysis and
photosynthetic pigment analyses.

Freeze at –80°C.

Extensively used for bacterial counts and in
some cases for the examination of algae, but
the samples are generally either planktonic or
homogenized periphyton biofilms.
Quantifiable, accurate. May be subjective
(Boon 2000).

No microbial activity without water.

No microbial activity; degradation of samples
extremely slow.

Slows microbial activity; slows degradation of
samples.

Freezers easily accessible, cheap.

Standard practice for the preservation of water
and sediment chlorophyll a samples.

Freeze at –20°C.

For use in photosynthetic pigment analyses.

Justification by source

Source

Methodology
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Extremely time consuming and degree of
accuracy unnecessary. Very difficult to separate
benthic microbial community from underlying
sediment and detrital organic matter which
would also fluoresce.

REJECTED

ACCEPTED for % organic carbon
determination.

REJECTED for phospholipid analysis - heat
destroys structure of compounds.

ACCEPTED for photosynthetic pigment and %
organic carbon determination.

Freezing leads to the rupture of cell
membranes, releasing enzymes that degrade
phospholipids, even while sample is frozen
(Christie 1982; 1993). Extraction must
therefore be performed using specialist
equipment while sample is still frozen (Christie
1993).

REJECTED for phospholipid analysis.

REJECTED for phospholipid analysis as –20°C
still allows degradation of phopholipids
(Christie 1993).

ACCEPTED for pigment analyses (chlorophyll
a and bacteriochlorophyll a and c), but usually
used –80°C (see below).

Reason for acceptance or rejection

(White et al. 1979; Scholz & Boon 1993)

(Jones 1979)

(Jones 1979; Burns & Ryder 2001)

(Jones 1979)

Phospholipid analysis.

ATP analysis.

Photosynthetic pigments including chlorophyll a.

Bacteriochlorophylls.
(Takahashi & Ichimura 1970; Overmann &
Tilzer 1989)

Source

Methodology
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Commonly used, rapid assessment of
phototrophic bacterial biomass.

Commonly used, rapid assessment of algal and
cyanobacterial biomass.

Gives an estimate of living biomass only.

Phospholipid bioassays for microbial biomass
are simpler than other lab assays and have been
widely used (White et al. 1979; Scholz & Boon
1993). Phospholipids are readily degraded in
aquatic systems so only living cells are
enumerated (Scholz & Boon 1993).
Phospholipid fatty acid (PLFA) arrays can also
be used to compare bacterial diversity between
sites or times (Scholz & Boon 1993). (Sheldon
& Walker 1997) used a ratio of chlorophyll a
and phospholipids to characterize the
autotrophic versus heterotrophic character of
river biofilms. Objective and quantifiable
(Boon 2000).

Justification by source

Gives reasonable estimates and is useful for
comparative work. May vary relative to light
intensity similarly to chlorophyll a.

ACCEPTED

Gives reasonable estimates and is useful for
comparative work (Burns & Ryder 2001). May
not be consistent under varying light conditions
as cellular concentrations are adjusted relative
to light intensity (Burns & Ryder 2001).

ACCEPTED

Unnecessarily complex laboratory procedure to
estimate biomass. Samples must also be
extracted in the field and immediately frozen
(Jones 1979).

REJECTED

Expensive, and necessary resources unavailable
at Murdoch University. I trialed the techniques
myself and did not have much success. I also
called a number of commercial laboratories
around Australia (including CSIRO Hobart and
Floreat), and found that the practice of
measuring phospoholipids (at least
commercially) has been largely discontinued.

REJECTED

Reason for acceptance or rejection

Source
(Jones 1979)

Methodology

% organic carbon (ash-free dry weight).

319

Gives an estimate of the biomass of the total
benthos (living and dead).

Justification by source

Overestimates benthic microbial community
biomass as it includes dead as well as live
matter, and may include non-microbial carbon.

ACCEPTED

Reason for acceptance or rejection

Appendix Five
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